
 

 

 

 
 

ABSTRACT 

Evolution to Pollution in Gulf killifish (Fundulus grandis)  
from Galveston Bay, Texas, USA 

 
Elias Oziolor, Ph.D. 

Mentor: Cole Matson, Ph.D. 

  
 Anthropogenic contamination associated with industrial activity is a widespread 

and active threat to the stability of organisms. The Houston Ship Channel (HSC) is one 

example of a heavily impacted environment, where industrial activity has contributed to 

extreme levels of pollution with various classes of contaminants, such as polychlorinated 

dibenzo-p-dioxins and furans (PCDD/Fs), polycyclic aromatic hydrocarbons (PAHs) and 

polychlorinated biphenyls (PCBs). This dissertation studies the impacts of chronic multi-

generational exposure to industrial contamination on the population structure, resistance 

and demography in a keystone coastal species – Gulf killifish (Fundulus grandis). We 

have characterized their sensitivity to contaminants in populations from 12 locations 

across Galveston Bay, as well as the contamination levels at those sites. We found a 

gradient of resistance that was positively correlated with contaminant concentrations. 

This resistance was also correlated to a suppression of the aryl hydrocarbon receptor 

pathway (AHR), as estimated via the activity of a down-stream regulated enzyme – 

cytochrome P450 1A (CYP1A). To better understand the impacts of this adaptation, we 



evaluated the cross-resistance and fitness cost of populations to mechanistically and 

environmentally relevant stressors, but we were unable to confirm any fitness costs. We 

showed that the heritability of this resistance is biparental and multi-generational, which 

suggest that this is a genetic trait. Finally, we performed a full genome resequencing of 

seven populations along this gradient of resistance and discovered that genomic regions 

under selection in adapted populations included the AHR pathway. To determine if 

regulatory benchmarks on the compounds driving this adaptation would protect from 

such events, we performed a meta-analysis of all evolutionary events to contamination 

with PCBs and PAHs and found several locations, in which populations have adapted at 

values below regulation. Here we show that Gulf killifish populations have undergone a 

rapid evolutionary adaptation to a gradient of anthropogenic contaminants in Galveston 

Bay. In addition, we suggest that evolutionary toxicology studies, such as described here, 

can be informative for regulatory purposes for compounds that may drive population-

wide change. 
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CHAPTER ONE 
 

Introduction: 

Evolutionary toxicology: Population adaptation in response to anthropogenic pollution 

This chapter was published as: Oziolor, E., Matson, C., 2015. Evolutionary Toxicology: 
Population Adaptation in Response to Anthropogenic Pollution, in: Riesch, R., Tobler, 
M., Plath, M. (Eds.), Extremophile Fishes. Springer International Publishing, pp. 247-

277. 
 
 

Abstract 
 

Anthropogenic activity has affected nearly every environment on the planet. The 

changes that have occurred as a consequence of human activities have altered aquatic 

habitats by exacerbating already existing extreme environments and by introducing novel 

stressors. In some cases, particularly adjacent to heavily industrialized areas, these 

changes have introduced sufficient novel selective pressures to drive resident populations 

to genetically adapt in order to survive in the altered habitats, while species that were 

unable to adapt have been extirpated from these extreme environments. In this chapter, 

we aim to explore the effects of natural and novel stressors, resulting from anthropogenic 

activity, on fish populations. We will provide an overview of the possible multi-

generational outcomes of anthropogenic contamination, as well as explore documented 

examples of population-wide changes that have occurred. We present case studies, 

including population responses to UV light, radionuclides and metal contamination, as 

well as adaptational responses to persistent organic pollutants. Through this examination, 

we aim not only to give an overview of the existing evolutionary changes in fish 

populations in response to anthropogenic contamination, but to also identify future areas 
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of research on the impacts, long-term persistence, and ecological significance of these 

effects. 

 
1.1 Anthropogenic changes to aquatic environments 

 
There is great natural variability in aquatic environments, which has provided the 

grounds for the phenomenal diversification and adaptation of fish species to fill available 

ecological niches. In addition to adaptation along natural environmental gradients, some 

fish possess unique phenotypes, which allow them to survive under the most extreme 

environmental conditions. Modern extreme environments include many aquatic habitats 

that have been so thoroughly contaminated by human activities that many aquatic species 

are unable to survive or reproduce in them. These are generally located in heavily 

industrialized areas or in waterways downstream of industrial activity, and are 

characterized by dramatic reductions in species diversity. Anthropogenic changes to the 

climate and environment are increasingly altering freshwater and marine habitats, and 

will require adaptive responses from resident fish populations to allow for their 

persistence (Anderegg et al., 2010; Moe et al., 2013; Rosenzweig and Neofotis, 2013). As 

adaptation involves allele frequency changes over many generations, species with shorter 

generation times are likely to adapt more rapidly to ongoing anthropogenic 

environmental alterations. Thus, human-induced evolutionary change has been observed 

more often in simple unicellular or invertebrate species (Medina et al., 2007; Palumbi, 

2001).  

Human-induced environmental changes can act to exacerbate pre-existing 

extreme environments by increasing natural stressors, which include, but are not limited 

to, salinity/conductivity, temperature, metals, UV radiation, and pH balance (Core 
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Writing Team, 2007; Dijkstra et al., 2013; Kaushal et al., 2005; Poloczanska et al., 2013; 

Veron, 2008). In addition to augmenting existing extreme environments, anthropogenic 

activities have caused compounds with low natural occurrences to reach concentrations 

high enough to cause toxicity, thus creating new selective pressures shaping evolutionary 

change in natural populations. These new selective pressures will be referred to hereafter 

as novel stressors. Some of these pollutants, among them synthetic estrogenic 

compounds, pharmaceuticals, polychlorinated dibenzo dioxins/furans (PCDD/Fs), 

polychlorinated biphenyls (PCBs), and polycyclic aromatic hydrocarbons (PAHs), have 

known modes of action affecting the behavior, reproduction, and survival of fish (Clark 

et al., 2010; Incardona et al., 2004; Incardona et al., 2011; Knecht et al., 2013; Matson et 

al., 2009; Mennigen et al., 2011; Nebert et al., 2004; Wassenberg and Di Giulio, 2004a). 

Sources for these contaminants include heavy industrial activity, which leads to the 

production of many persistent organic pollutants (POPs) (Walker et al., 2005; Wenning et 

al., 1993), and urban water use, including the release of pharmaceuticals into freshwater 

and marine environments (Camacho-Munoz et al., 2014). Many of these compounds have 

been shown to adversely affect developmental processes (Wassenberg et al., 2002), 

survival (Greytak et al., 2010), and reproduction (Valenti et al., 2012) at environmentally 

relevant concentrations. As a result, environments with high concentrations of 

contamination pose a threat to resident aquatic biota (Wassenberg et al., 2002). 

Environmentally relevant concentrations of estrogenic compounds have been tested under 

realistic exposure conditions and have been shown to be detrimental to populations of 

fish (Kidd et al., 2007), whereas some persistent pollutants have already led to 

evolutionary adaptation in fish populations in the wild (Greytak et al., 2010; Wirgin et al., 
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2011). By focusing on the population-level responses of aquatic organisms to 

anthropogenic pollution, we account for the cumulative impacts of these novel extreme 

environments on organismal survival and reproduction. As discovery of human-induced 

phenotypic and genetic change has increased, attention to the developing field of 

evolutionary toxicology has also expanded and is likely to continue to grow, as new 

anthropogenic stressors are unleashed upon the environment (Bickham et al., 2000). 

The effects of environmental stressors on populations of fish depend largely on 

the magnitude, duration, and frequency of the exposure (Doull, 2010). Even short-term 

exposures, such as a transient oil spills or temporary encounters of a contaminated 

environment by a migratory species, can lead to trans- or multi-generational effects in 

organisms (Dubansky et al., 2013; Everett et al., 2012; Gao et al., 2011). Chronic 

exposure of sufficient magnitude to affect reproductive success or the integrity of genetic 

material in individuals can lead to evolutionary adaptation, making individuals more fit 

for those environments (Bickham, 2011). Evolutionary theory would predict rapid spread 

and fixation of pre-existing alleles (even when initially rare), if they conferred a selective 

advantage in responding to a new anthropogenic stressor (Bickham, 2011; Bickham et al., 

2000), while alternatively, the likelihood of a beneficial de novo mutation becoming 

common within a fish population in a century or less is less likely. Either way, we can 

only evaluate adaptive changes after many generations, which makes evolutionary studies 

difficult when we are considering anthropogenic stressors introduced into the 

environment generally less than a century ago.  
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1.2 Organismal responses to stressors 
 

When attempting to observe the effects of a stressor on populations of fish, we 

need to consider not only the characteristics of the event itself, but also the various ways 

by which organisms are able to respond. Acclimation refers to a response in which 

exposed individuals are capable of dealing with the stressor by altering gene expression, 

protein levels or activity, or other physiological processes. In this case, the organisms can 

tolerate the stressful event depending on their genetic makeup and the degree of plasticity 

of relevant traits. Such changes in expression or activity can have trans-generational 

effects, but they are not genetically heritable. Thus, in the absence of the stressor, the 

changes in gene expression or physiology are likely to disappear within two generations. 

Mounting a physiological response can have various consequences, including higher 

energy expenditure, and the long-term costs often depend on the severity and duration of 

the response.  

There exists a middle ground between acclimation and adaptation that may result 

in long-term or multi-generational effects of stressors on populations of fish. The group 

of responses that encompass non-genetic, yet heritable, changes that affect the expression 

or behavior of genes are called epigenetic alterations (Laird, 2003). Epigenetic events are 

often environmentally driven and include, but are not limited to, DNA methylation on 

cytosine nucleotides, acetylation on lysine residues of histones, and differential 

microRNA expression (Wolffe and Matzke, 1999). Events such as the methylation of 

cytosine have been observed to increase mutation rates in those specific genomic regions 

and provide one of the connections between short-term exposures and resulting DNA 

alterations (Fryxell and Moon, 2005; Gonzalgo and Jones, 1997). Thus, with epigenetics 
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in mind, even short-term environmental events can result in heritable multi-generational 

outcomes, including altered phenotypes resulting from differential gene expression 

(Guerrero-Bosagna and Skinner, 2012; Pfennig and Servedio, 2013). The field of 

epigenetics is very young, but researchers are making major strides in the understanding 

of this bridge between acclimation and adaptation. Even though we have a limited 

understanding of the impacts of these heritable non-genetic changes, they provide a 

potentially very important mechanism by which populations can respond to new stressors 

more rapidly than through more traditional evolutionary processes. Including epigenetic 

processes within the field of evolutionary toxicology or human-induced evolution 

radically expands the number of populations that could potentially be studied. 

To study adaptive responses to anthropogenic contaminants, a model organism is 

needed that has sufficient genetic variability to provide the capacity for rapid adaptation 

to varying selective pressures. Teleost fish are a unique and rich system to study novel 

gene function, partially because of the multiple gene duplications that have occurred in 

some lineages, resulting in as many as eight gene copies of some genes (Pittman et al., 

2013). The availability of multiple gene copies reduces the selective disadvantage 

normally associated with new mutations. It also increases the opportunity for differential 

gene regulation, alternative splicing, or other post-translational modifications (Pittman et 

al., 2013). In addition to gene duplications, the potential for rapid environmental changes 

in aquatic systems has also selected for species with the capacity to acclimate and adapt 

to fluctuating environmental conditions. One example of this would be the highly 

variable nature of estuarine environments favoring euryhaline fish species, which are able 

to survive dramatic swings in salinity. Such conditions seem to produce robust species 



7 
 

that have the genetic capability to respond relatively quickly to changes in environmental 

stressors (Pittman et al., 2013). Some euryhaline teleosts have previously been studied for 

their capability to tolerate high variability in temperature, salinity, and pollutants 

(Crawford and Powers, 1992; Nacci et al., 1999; Whitehead et al., 2011). In the case of 

thermal adaptation, it has been shown that both acclimation and genetic alterations 

contribute to the physiological adaptation in Atlantic killifish (Fundulus heteroclitus) 

from different sites (Crawford and Powers, 1989). Multiple similar studies suggest that 

estuarine teleosts may be valuable model organisms for identifying genetic and 

physiological responses to novel stressors. Their adaptability, ubiquitous presence, and 

short generation times allows for the investigation of the evolutionary effects of 

contaminants over relatively short time frames. 

A previous summary focused on the mechanistic details of specific examples of 

adaptation to contaminants in North American fish populations (Wirgin and Waldman, 

2004). In this chapter we aim to give an overview of anthropogenic alterations to the 

environment that are likely to or have already driven evolutionary adaptations in fish. We 

will discuss two major categories of anthropogenic environmental alterations: alteration 

of existing natural stressors and the introduction of novel stressors. In order to more 

comprehensively cover the possible genetic influences, we will discuss both short-term 

responses with multi-generational effects, as well as mutations and shifts in allele 

frequencies that have led to evolutionary adaptation in fish species. 
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1.3 Altered natural stressors 
 
 
1.3.1 UV light. 

One of many natural stressors that has been altered by anthropogenic activity is 

UV light penetration into aquatic environments. Factors such as the thickness of the 

ozone layer, amount of colored dissolved organic matter, and cloud density dictate the 

intensity and amount of UV light that reaches aquatic organisms (Hader et al., 2011). 

Among the well-studied anthropogenic contributions to the increase of both UV-A (315-

400 nm) and UV-B (280-315 nm) radiation is ozone depletion (Core Writing Team, 

2007; Hader et al., 2011). The mechanisms of UV toxicity have been well documented to 

include dimerizations of thymine DNA bases, increase of reactive oxygen species (ROS) 

production, and an increased production of, the adduct 8-hydroxyguanosine, a biomarker 

of oxidative stress (Durbeej and Eriksson, 2002; Zhang et al., 2004). In addition, UV 

light has been known to exasperate the toxicity of some PAHs in various organisms 

because of common modes of toxicity or photoactivation of these compounds (Marquis et 

al., 2009; Nikkila et al., 1999; Shemer and Linden, 2007; Wei et al., 2007). The 

synergistic increase in toxicity, however, is also accompanied by higher rates of 

degradation of PAHs due to UV light (Buth et al., 2010; Peachey, 2005; Xu and Li, 

2014). Given these possible adverse effects of UV light, aquatic organisms that are 

dependent on light, such as algae, have developed methods to minimize UV exposure via 

mycosporine-like amino acids or absorptive surface pigments (Hader et al., 2011). On the 

other hand, some fish spend sensitive portions of their development exposed to sunlight 

in shallow waters, which leaves them vulnerable to the harmful effects of UV radiation 

(Hakkinen et al., 2004). 
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 Since UV exposure can alter diverse molecular pathways, the effects of this 

stressor have been studied in various organisms. Increased mortality in aquatic 

invertebrates and fish has been observed as an effect of UV exposure, which suggests that 

it may be the driver behind evolutionary change (Jokinen et al., 2011; Nikkila et al., 

1999). An example is the intertidal fish Girella laevifrons, which has been observed to 

spend large portions of its development in waters exposed to high levels of UV radiation 

(Carrasco-Malio et al., 2014). Since Chilean waters accommodate a multitude of 

migratory and resident species, biomonitoring efforts are in place to follow the effects of 

increasing UV. However, recent investigations suggest that despite being one of the few 

resident species, G. laevifrons may be an unsuitable species for biomonitoring, due to an 

apparent resistance to UV-induced mortality (Carrasco-Malio et al., 2014). Even though 

increased enzymatic activity against ROS was uncovered (including superoxide 

dismutase, catalase, and lipid peroxidation) along with an increase in DNA damage in the 

liver, the researchers did not observe the previously reported mortality in G. laevifrons in 

response to larval UV exposure in the laboratory (Carrasco-Malio et al., 2014). 

Unfortunately, the results of this experiment are not enough to allow discrimination 

between acclimation, epigenetic mechanisms, or genetic causes of this apparent 

protection. A mechanistic explanation or a comparison with a similar species could allow 

an in-depth interpretation of the results, but the current evidence is promising in terms of 

documenting adaptation to UV stress. The hypothesized explanation for the lack of 

mortality in G. laevifrons is that increasing UV radiation in this southern hemisphere 

intertidal zone acted as a selective pressure to drive this species to adapt to the potentially 

lethal effects of high UV exposures (Carrasco-Malio et al., 2014). 
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1.3.2 Radionuclides. 

Another source of radiation pollution, which has increased dramatically through 

human activity, is radionuclide contamination. Natural sources of radioactivity exist and 

have been shown to have genotoxic effects on human populations resident in naturally 

radioactive areas (Forster et al., 2002). On the other hand, anthropogenic radionuclide 

contamination has been widely studied and often stems from nuclear power plant waste 

or in a few cases from significant disasters, like the Chernobyl and Fukushima nuclear 

disasters from 1986 and 2011, respectively (Steinhauser et al., 2014). As with radiation 

exposed human populations, radionuclides have genotoxic effects on contaminated 

aquatic biota, with the study focus mainly being DNA damage (Theodorakis et al., 1997). 

 An investigation of channel catfish (Ictalurus punctatus) populations from 

radiocesium-contaminated nuclear reactor cooling ponds at Chernobyl showed that fish 

appear to exhibit higher levels of double stranded DNA damage, but not an increase in 

micronuclei (Sugg et al., 1996). The study was unable to determine whether adaptation or 

acclimation was the cause of the lower apparent micronucleus formation, but it confirmed 

that radiation contamination could have effects on fish populations at the genetic level 

(Sugg et al., 1996). A second study focused on the decades old radionuclide 

contamination of ponds at the U.S. Department of Energy’s Savannah River Site. 

Theodorakis et al. (1998) investigated populations of mosquitofishes, Gambusia affinis 

and G. holbrooki, to determine whether long-term exposure in contaminated ponds had 

affected the genetic integrity of resident populations. These species have short generation 

times, and their populations were restricted to the study ponds. Researchers found that 

after multiple generations of exposure, populations of exposed mosquitofishes exhibit 
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higher levels of DNA strand breakage as well as reduced fertility (Theodorakis and 

Shugart, 1998). On the other hand, some individuals in the contaminated sites exhibited 

lower DNA strand breakage and their genotypes, as determined by random amplified 

polymorphic DNA (RAPD) assay, were different from the rest of the sampled fish, which 

suggested a genetic basis for the phenotypic differences (Theodorakis et al., 1999). These 

studies imply that there may be a possibility of different genotypes providing different 

protection from radionuclide contamination in mosquitofishes and that human-induced 

evolution has occurred (Theodorakis et al., 1999).  

 There are a multitude of existing selective pressures on the planet and 

anthropogenic events are intentionally or unintentionally contributing to their magnitude. 

The example studies included in this chapter suggest that the increases of some stressors 

have led to emerging selective pressures or to the amplification of existing pressures 

through human activity. Aquatic organisms faced with such challenges may or may not 

have the capacity to adapt, depending on the natural history of the organism, the 

availability of genetic resources, and/or the complexity of altered selective pressure. 

Anthropogenic activities have led to significant alterations in the selection landscape 

including the increased release of estrogenic compounds, changes in temperature, UV 

permeability, radionuclide contamination, salinity, dissolved oxygen, and pH. 

Unfortunately, it is currently not possible to accurately predict the evolutionary impacts 

of anthropogenic alterations to existing stressors. However, we are rapidly gaining insight 

into the mechanisms through which selection may act. This process is even more difficult 

when considering the potential evolutionary impacts of emerging contaminants. 
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1.4 Novel stressors 

This section considers stressors that prior to anthropogenic influences may have 

been present in the environment, but not at levels likely to have had significant 

toxicological effects on fish. These are often chemicals that are persistent in the 

environment and are highly toxic to fish, allowing those pollutants to act as selective 

pressures for extended periods of time. We will discuss most of these compounds in 

terms of putative evolutionary adaptations in fish. While there is certainly interest in the 

short-term impacts of many of these classes of contaminants, we will only focus on 

observed and potential adaptation in fish populations in response to chronic exposures.  

 
1.4.1 Metals. 

The concentrations and bioavailability of many toxic metals have increased 

dramatically in aquatic environments as a result of human activities. Various metals have 

toxic properties due to interference with biological pathways in fish (Strydom et al., 

2006). There are multiple sources of metals, both natural and more importantly 

anthropogenic, and each of them produce unique compositions of metals pollution that 

aquatic organisms experience. Mining for coal and minerals is an environmental concern 

in many parts of the world. For example, acid mine drainage often leaves environments 

heavily contaminated with metals (Griffith et al., 2012; Pumure et al., 2010). Concern for 

the integrity of the impacted environments is substantial, which often leads to wetlands 

being constructed to attempt to contain the considerable contaminant loads being 

released, and reduce impacts on downstream habitats (Guittonny-Philippe et al., 2014; 

Turker et al., 2014). The biological implications of high metals concentrations have been 

investigated for many years, and some studies have suggested that adaptational processes 
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may have led to lower retention rates of metals in fish populations chronically exposed to 

high metals concentrations for over 50 years (Jeffree et al., 2014). These studies are not 

conclusive regarding the causality or mechanisms of this adaptation, but the increasing 

contamination and frequency of acid mine drainage and mountaintop removal begets the 

study of the biological impacts of observed adaptation. 

 A large portion of evolutionary toxicology studies focus on finding adaptive 

responses in the field by comparing populations of contaminant-exposed fish to reference 

populations, assuming that reference sites represent ancestral populations prior to the 

impact of contamination (Klerks et al., 2011). Such assays carry high environmental 

relevance, but sometimes lack the ability to establish causality. Another set of 

investigations focus on establishing and quantifying the causal links between 

contamination and adaptation through artificial selection experiments in the laboratory 

(Klerks et al., 2011). One significant advantage of these studies is that a true control can 

be included (i.e., a subset of individuals is not exposed while another subset is exposed to 

the contaminant for multiple generations). This allows for the derivation of true 

quantitative knowledge about the causality and heritability of adaptive traits (Klerks et 

al., 2011). On the other hand, long generation turnover times and a simplified exposure 

scenario are challenges inherent within such experiments, particularly when using 

vertebrates (Klerks et al., 2011). An artificial selection experiment exposed a population 

of least killifish, Heterandia formosa, to LC50 values of cadmium for 6 consecutive 

generations, continuing exposures of each generation until at least 50% of the generation 

died from Cd exposures (Xie, 2003). The surviving individuals (generally 15-25%) were 

used to produce consecutive generations. The final generation (6th) produced in this long-
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term selection study exhibited a three-fold increase in Cd resistance, relative to control 

fish (Xie, 2003). The realized heritability of the resistance was relatively high (h2 = 0.5), 

allowing it to be carried to further generations quite rapidly (Xie, 2003).  

 When observing evolutionary events, one also needs to consider the costs that 

may be associated with the newly acquired phenotype. In the case of least killifish, the 

cadmium resistant populations had lower heat tolerance, smaller size, as well as lower 

lifetime fecundity, brood size and female life span (Xie, 2003; Xie and Klerks, 2004). 

These results demonstrate that the effects of adaptation can be complex and often 

unpredictable. Populations of adapted fish may be compromised unexpectedly, without 

visible mortality from the selective stressor, leading to a multitude of possible 

susceptibilities. In this case, an artificial selection experiment was able to quantify and 

characterize the ability of organisms to adapt to a single contaminant, while other 

environmental studies have to deal with complex mixtures and their possible adaptational 

effects. 

 A separate study identified populations of Atlantic killifish (F. heteroclitus), 

which were present at a site with high concentrations of dioxin and metals to have 

developed resistance to methylmercury toxicity (Weis et al., 1981a; Weis et al., 1981b). 

In addition to protection from the early teratogenic effects of methylmercury, F1-larvae 

from contaminated site fish also retained higher prey capture efficiency when dosed with 

meHg, compared to larvae from reference sites (Zhou et al., 1996). These results suggest 

that adaptive responses to metals can be observed in field-exposed populations, 

supporting the idea that metals contamination can have evolutionary impacts on aquatic 

organisms. 
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1.4.2 Polycyclic Aromatic Hydrocarbons (PAH). 

Polycyclic aromatic hydrocarbons (PAHs) are a class of widely distributed 

contaminants, formed by human activities as a byproduct of incomplete combustion. 

They can also be found naturally in oil, natural gas, and coal, and can be produced by 

forest fires and volcanoes (Walker et al., 2005). These compounds are always found as 

complex mixtures, and several PAHs are known to be carcinogenic to a wide variety of 

organisms, including fish and mammals (Hermann, 1981; Karahalil et al., 1998; 

Schneider et al., 2002). Mixtures of PAHs have also been found to have immunotoxic 

effects (Carlson et al., 2004; Reynaud and Deschaux, 2006), to cause DNA adducts (Jung 

et al., 2009) and cardiac deformities in aquatic organisms (Clark et al., 2010). Wastewater 

runoff, in addition to other anthropogenic activities, has been shown to move complex 

mixtures of PAHs, allowing them to deposit in coastal regions and estuaries (Daskalakis 

and Oconnor, 1995; Menzie et al., 2002; Walker et al., 2005) and causing them to 

concentrate in surface sediment (Viguri et al., 2002). Thus, the highly teratogenic 

properties of PAH mixtures to fish embryos can introduce new selective pressures for 

estuarine fish (Wassenberg and Di Giulio, 2004b). 

The Atlantic Wood Industries Superfund site (AWI) on the Elizabeth River in 

Virginia has been on the National Priorities List since 1990 (Figure 12.1) (Landers, 

2006). The contamination at the AWI mainly consists of PAHs (Mitra et al., 1999). PAHs 

are generally readily biotransformed by fish, but this process involves the activation of 

the aryl hydrocarbon receptor (AHR) pathway and has been linked to cardiovascular 

deformities in developing fish embryos, a shared mode of toxicity with some dioxins and 

co-planar PCBs (Ashurst et al., 1983; Heinrich et al., 1986; Wassenberg and Di Giulio, 
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2004b). The source of the PAH contamination at the AWI was a wood treatment facility 

releasing creosote, primarily made up of heavy pyrogenic PAHs, into the river and 

contaminating aquatic life from 1929 to 1992 (Mitra et al., 1999). The incomplete 

remediation efforts to reduce PAH concentrations at the AWI included a capping of the 

old wood treatment facility location in 2002 and a dredging campaign in 2007 (Landers, 

2006). Additional dredging efforts have been planned for the contaminated sediment 

including the construction of a steel wall to contain the sediment, but these efforts have 

not yet been completed.  

 The first indication that fish were being impacted by contamination in the 

Elizabeth River was the discovery that mummichog (F. heteroclitus) from the AWI had a 

higher occurrence of hepatic neoplasms (Van Veld et al., 1991; Vogelbein et al., 1990). 

The cause of those lesions was not found, but was attributed to the PAH mixtures found 

throughout the Elizabeth River, particularly the high concentrations found at the AWI. 

Following this discovery, the same investigators tested the activity of the main enzyme 

involved in the biotransformation of large PAHs, cytochrome P4501A (CYP1A). The 

expected response following PAH exposure is a significant induction of CYP1A, which 

is why CYP1A is used as a biomarker of PAH exposure (Matson et al., 2009; Nacci et al., 

1998). An example dataset with Fundulus grandis shows the induction of CYP1A 

activity, measured through a standard ethoxyresorufin-O-deethylase (EROD) assay, with 

a chosen PCB agonist (Figure 12.2). This activity is commonly seen to diminish with the 

onset of cardiac deformities in embryos, while the causes of this relationship are not fully 

understood (Figure 12.2). Despite the expectation that CYP1A should be elevated in 

AWI, F. heteroclitus from this highly contaminated site had depressed levels of CYP1A 
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(Van Veld, 1995). These results were confirmed in F1-progeny (Wills et al., 2010b). 

Additionally, protection from cardiac, tail and bladder abnormalities in embryos was 

discovered and linked to the reduced activity of CYP1A, and more specifically a 

recalcitrant AHR pathway (Clark et al., 2010; Meyer et al., 2002; Ownby et al., 2002). 

Further studies went on to confirm that altered AHR2 activity was the specific AHR gene 

alteration likely responsible for the observed resistance, and not simply reduced CYP1A 

activity (Clark et al., 2010; Matson et al., 2008). These findings were consistent with 

mechanistic studies previously done in zebrafish (Danio rerio; (Carney et al., 2004). The 

control and the mechanisms by which reduced responsiveness of the AHR pathway leads 

to protection from PAH toxicity in development remain unknown. Since the generation 

turnover time for F. heteroclitus is close to a year, there have likely been more than 50 

generations, and perhaps as many as 85, since the onset of pollution at the AWI. The 

identification of an adaptation in a vertebrate species to novel toxicants is a rare and 

interesting event.  

Results documenting PAH resistance in F1-mummichog embryos from the AWI 

were quite interesting, but failed to clarify whether they represent evolutionary adaptation 

or a trans-generational epigenetic response to heavy contamination. In order to 

distinguish between the two options, later generations reared under common garden 

conditions (i.e. no PAH exposure) needed to be tested. However, studies conducted to 

date differ somewhat in their findings regarding the heritability of protection to F2-

progeny (Clark et al., 2013a; Meyer and Di Giulio, 2002; Ownby et al., 2002). Ownby et 

al. (2002) found that the resistance was maintained completely in F2-progeny, whereas 

Meyer and Di Giulio (2002) concluded that, while there was still resistance, F2-progeny 
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were less resistant than the F1-generation. Nonetheless, high levels of mortality in AWI 

fish in the study seem to suggest that the more resistant fish might have been eliminated 

from contributing to the tested F2-progeny because of fitness costs associated with the 

resistance, and thus, the protective phenotype may have only appeared to not be heritable 

(Meyer and Di Giulio, 2002). In addition, it is possible that epigenetic effects could be 

interacting with the adaptive change. The most thorough investigation of the heritability 

of PAH resistance in AWI mummichog was performed by Clark et al. (2013a). They 

found an interesting disconnect between the recalcitrance of the molecular pathway 

believed to be responsible for observed resistance, the AHR pathway, and actual embryo 

resistance to cardiovascular defects. The F2-progeny in their study regained partial AHR 

pathway responsiveness, yet fully retained their protection from embryotoxicity. They 

concluded that multiple pathways may be involved in PAH resistance, but that none of 

them seem to be fully genetically heritable (Clark et al., 2013a).  

 In addition to the physiological differences, which were shown to be at least 

partially heritable, F. heteroclitus from the AWI were genetically distant from 

geographically proximate populations (Mulvey et al., 2002). Combined, these results 

support the hypothesis that there has been a selective sweep caused by the high 

contamination at the location, causing these non-migratory fish to become resistant to 

PAH toxicity. As with most adaptations, fitness costs are to be expected, and a few have 

been found within the AWI population. Fluoranthene, a CYP1A inhibiting PAH, which is 

also phototoxic, was found to affect AWI populations more severely in combination with 

UV light than observed for a reference population (Meyer and Di Giulio, 2003). In 

addition, AWI larvae have been documented to have a reduced resistance to short-term 
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hypoxia exposures (see also Chapter 2 on low-oxygen environments by L. Chapman), as 

well as exhibiting decreased survival under common-garden laboratory conditions (see 

above), suggesting a general reduction in fitness (Meyer and Di Giulio, 2003). While 

some fitness costs have been identified, several other attempts to identify further fitness 

costs have been unsuccessful. Glutathione expression is on average lower in polluted site 

fish, but sex and present exposure confound the significance of those results (Bacanskas 

et al., 2004). Some specific fitness costs were hypothesized as a result of the mechanistic 

basis for the PAH resistance; because of the lower CYP1A activity, F. heteroclitus from 

polluted sites were hypothesized to be more susceptible to pesticides deactivated by that 

enzyme (Clark and Di Giulio, 2012). Contrary to this expectation, polluted site 

mummichog were shown to be highly cross-resistant to the acute toxicity of two CYP1A-

detoxified pesticides, a carbamate and a pyrethroid (Clark and Di Giulio, 2012). In 

addition, even though the main contaminant load at the AWI stems from PAHs, F. 

heteroclitus from that site are also protected from the effects of PCBs (Clark et al., 

2013b). Other research suggests that field-collected fish may have an impaired 

reproductive system and increased chromosomal damage compared to reference 

populations (Frederick et al., 2007; Jung et al., 2011). The issue with these studies is that 

they often have a difficulty differentiating between the effects of PAHs on fish in the 

field, versus the fitness-costs driven by the adaptation of the fish. Thus, the potential 

adverse effects of PAHs in AWI mummichog may involve multiple physiological 

changes, some of which are caused by genetic alterations in the fish, while others could 

be caused simply by the exposure to a toxic mixture with very diverse toxicity pathways. 
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1.4.3 Polychlorinated Biphenyls (PCBs). 

There are 209 known congeners of PCBs that can be produced to create mixtures 

of various properties, dependent on their chlorine content (Safe, 1984). They were 

produced in the United States until the early 1970s with known uses in plastics, 

insulation, various dyes, carbonless paper, and transformers (ATSDR, 2000). Because of 

their stability and resilience to chemical, thermal, and photo-degradation, PCBs are 

persistent in the environment (ATSDR, 2000; Buckman et al., 2004). Nevertheless, they 

are still found in the production of certain dyes and paint (Hu and Hornbuckle, 2010). 

Resembling 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD), some co-planar PCB 

congeners can up-regulate the aryl hydrocarbon receptor (AHR) pathway constitutively 

and cause cancer, apoptosis, and cardiac deformity in aquatic organisms and mammals 

(Antkiewicz et al., 2006; Carney et al., 2004; Gao et al., 2011; Jonsson et al., 2007; 

Thackaberry et al., 2005; Zhang et al., 2012). These properties of co-planar PCBs make 

them likely selective agents in heavily PCB-contaminated environments (U.S. 

Environmental Protection Agency, 2004). 

 
1.4.3.1 Atlantic tomcod (Microgadus tomcod).  Heavy PCB contamination often 

occurs in urban estuarine regions. A well-known site with historic PCB contamination is 

the Hudson River (Figure 12.1; (Feng et al., 1998). Following 70 years of contamination, 

including the release of an estimated 1.3 million pounds of PCBs, a 200 mile stretch of 

the Hudson River was put on the National Priorities List as a Superfund site in 1984 (U.S. 

General Accounting Office, 2000). Since then, the fate and distribution of these 

compounds has been modeled and studied extensively (Connolly et al., 2000). 

Accumulation and toxicity have been seen both in fish and migratory piscivorous birds in 
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the area (Custer et al., 2012; Deshpande et al., 2013; Fernandez et al., 2004; Koenig et al., 

2013). The historic contamination with highly toxic PCBs in the Hudson River resulted in 

multi-generational exposures and the subsequent evolutionary adaptation of Atlantic 

tomcod, providing resistance to many of the toxic effects associated with PCBs (Roy and 

Wirgin, 1997). Despite the infamy of this site as a PCB contaminated site, there have also 

been levels of TCDD found in juvenile fish collected from the Hudson River that may be 

among some of the highest levels of this contaminant found in natural populations 

(Fernandez et al., 2004). Thus, the contamination at this site is complicated by multiple 

highly toxic contaminants at very high concentrations, many of which have similar 

ecotoxicological properties. 

 Resistance to PCBs by Atlantic tomcod is one of the clearest and mechanistically 

best-elucidated investigations of human-induced evolution through contaminants (Wirgin 

et al., 2011). The extraordinary concentrations of PCBs in the Hudson River were 

predicted to be highly detrimental to aquatic life, including the resident Atlantic tomcod 

(Fernandez et al., 2004). Not unexpectedly, initial investigations identified increased 

levels of hepatic tumors and decreased lifespans of populations living in the Hudson 

River (Dey et al., 1993). Since a primary molecular mechanism linked to PCB toxicity is 

activation of the AHR pathway, research quickly focused on potential alterations to this 

important pathway. Cytochrome P450 1A (CYP1A) was already discussed as a down-

stream regulated enzyme responsible for PAH degradation, but its activity is also highly 

induced in aquatic organisms exposed to co-planar PCBs and dioxins (Courtenay et al., 

1999; Nacci et al., 1998). Populations of tomcod collected from the Hudson River did not 

increase expression of CYP1A after exposure to PCBs, in contrast to fish from a 



22 
 

proximate reference site (Roy and Wirgin, 1997). Both populations had similarly 

increased levels of AHR expression, a normal response to PAHs, but their CYP1A 

expression was recalcitrant (Roy and Wirgin, 1997). The down-regulation of the pathway 

could not be attributed to the AHR repressor (AHRR), which was also found to be down-

regulated in all tissues, similar to CYP1A (Roy et al., 2006). Following these results, 

researchers sequenced AHR2, the more active form in fish, for tomcod from four 

reference populations and two populations in the polluted Hudson River. The sequence 

data elucidated the mechanistic basis of the phenotypic adaptation of these fish (Wirgin et 

al., 2011). A six base pair deletion in exon 10 was discovered in Hudson River tomcod, 

and kinetic tests confirmed that the mutated AHR2 protein had more than seven-fold 

reduced binding to a model dioxin (Wirgin et al., 2011). This mutation was close to 

fixation in polluted site populations, whereas it was extremely rare and was always 

heterozygous in reference site tomcod (Wirgin et al., 2011). Mitochondrial genome 

diversity revealed that the adaptation in polluted sites did not lead to a decrease in 

haplotype diversity, confirmed gene flow between resistant populations, and indicated 

lack of significant gene flow to reference sites (Wirgin et al., 2011). However, Wirgin et 

al. (2011) concluded that the variant AHR2 allele, which is also present in some reference 

populations at low frequencies, likely predates anthropogenic pollution.  

  The identification of a molecular mechanism and attribution of this change to 

anthropogenic pollution is the ultimate goal of evolutionary toxicology (Bickham, 2011). 

Research on Atlantic tomcod populations in the Hudson River has quickly reached that 

target. In this case, the PCB pollution, likely with help from TCDD, in the Hudson River 

was intense enough to cause mortality in the resident Atlantic tomcod populations. In 
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addition, PCBs are persistent enough to remain in the environment for enough time such 

that many generations of tomcod were exposed to the stress of pollution. Therefore it 

seems that when a beneficial mutant allele is available in the populations originally 

exposed to the contaminants, as in the Atlantic tomcod, novel selective pressures can 

allow for the rapid fixation of this trait and for the success of populations that would 

normally collapse under these extreme anthropogenic selective pressures (Wirgin et al., 

2011). 

 Estuaries polluted with elevated levels of PCBs are present throughout the world, 

and they have provided the opportunity to examine the possibility for additional 

phenotypic adaptations to anthropogenic contaminants (Lakshmanan et al., 2010; Nelson 

and Bergen, 2012). Two species of killifish in the USA, both in the genus Fundulus, have 

also been found to have repeatedly evolved an increased ability to survive in estuaries 

with high PCB contaminations (Nacci et al., 1999; Oziolor et al., 2014a). Despite being 

genetically isolated, both species include multiple, disparate populations that have 

apparently evolved phenotypes resistant to PCB toxicity independently. Unfortunately the 

exact molecular mechanism responsible for tolerance remain unknown in either species, 

but the rapid evolution that has occurred in both suggests that it results from selection on 

standing genetic variation present in ancestral populations, which - if it turns out to be 

similar in both species - could predate the Fundulus heteroclitus-F. grandis split (Oziolor 

et al., 2014a; Whitehead et al., 2010). Research on F. heteroclitus and F. grandis reveals 

a diverse side of human-induced evolution, which has the potential to contribute greatly 

to our understanding of adaptational processes in response to anthropogenic pollution. 
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1.4.3.2 New Bedford Harbor Atlantic killifish (Fundulus spp.).  Another site on 

the Atlantic Coast of the United States, New Bedford Harbor (NBH), Massachusetts, was 

identified as a highly PCB polluted estuary and placed on the National Priorities List in 

1983 (Figure 12.1; (Nelson and Bergen, 2012). Because of the high projected costs of 

remediating this site, it was placed on the EPA’s Long Term Monitoring program, which 

allowed for frequent tracking of the contamination at the site (Nelson and Bergen, 2012). 

The first dredging event removed 14,000 cubic yards of sediment with concentrations of 

over 4,000 µg/g of PCBs in 1995 (Bergen et al., 2005). Through 2009, approximately 

200,000 cubic yards of sediment had been dredged from NBH, leading to a significant 

decrease in PCB concentrations (Nelson and Bergen, 2012). 

 Following 2009, the projected 20-year remediation process led to multiple 

investigations of toxicity to aquatic organisms at NBH (Nelson and Bergen, 2012). To 

investigate potential population-level impacts, F. heteroclitus was used as a model for 

effects on fish, since it is a resident non-migratory species in NBH (Munns et al., 1997). 

Laboratory studies suggested that F. heteroclitus reproduction might be impaired by 

exposure to high PCB concentrations, signifying that the toxicants could act as a selective 

pressure in the polluted estuary (Black et al., 1998). Interest in the effects of chronic PCB 

contamination on F. heteroclitus finally led to the discovery that NBH populations had 

adapted to resist the developmental toxicity of PCBs (Nacci et al., 1999). 

 Populations of F. heteroclitus collected from NBH had lower embryonic and 

larval mortality in comparison with reference site populations (Nacci et al., 1999). This 

resistance extended to at least the F2-generation raised under common-garden conditions, 

confirming that the trait is genetic, rather than an example of physiological acclimation 
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(Greytak et al., 2010). In addition, the resistant phenotype was also correlated with a 

reduced responsiveness of CYP1A activity, much like in the case of Atlantic tomcod 

from the Hudson River (Nacci et al., 1999). CYP1A has also been shown to be a sensitive 

biomarker of dioxin exposure and toxicity in F. heteroclitus (Toomey et al., 2001). In the 

process of studying the control of CYP1A by the AHR pathway, initial tests identified 

AHR1 to be more strongly and ubiquitously expressed in tissues of NBH fish, while not 

being responsive to dioxins or PCBs (Karchner et al., 1999). Adult fish and hepatocyte 

cell cultures also revealed that NBH populations were much less sensitive in inducing 

CYP1A mRNA expression or enzyme activity when exposed to dioxins and a model 

PAH (Bello et al., 2001). The AHR pathway was capable of being activated to the same 

magnitude, but it only occurred at much higher doses of pollutants (Bello et al., 2001). 

Results in zebrafish suggest that dioxin-mediated cardiovascular defects are AHR2 

dependent, and that the heart deformities are prevented when AHR2, and thus its 

downstream genes, was knocked down (Carney et al., 2004). On the other hand, knocking 

down only CYP1A had no effect (Carney et al., 2004). These results support the 

hypothesis that the resistance of NBH populations of F. heteroclitus to PCB-mediated 

deformities is based on a recalcitrant AHR pathway and, by extension, its main inducible 

down-stream enzymes (Bello et al., 2001; Toomey et al., 2001).  

 One factor that makes this case particularly interesting is that there are very few 

identified fitness costs associated with adaptation to PCBs in F. heteroclitus. Studies have 

identified lower capacity of NBH killifish to deal with oxidative stress (Harbeitner et al., 

2013). Resistant populations were also found to have lower hepatic, but higher intestinal 

expression of P-glycoprotein, an enzyme responsible for excretion of moderately 
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hydrophobic compounds (Bard et al., 2002). This difference between populations 

diminished after they were placed in common-garden laboratory conditions for longer 

than 8 days (Bard et al., 2002). Other studies dealing with retinoid depletion by PCB 

exposures have been unable to identify a difference between reference and resistant 

populations of F. heteroclitus (Nacci et al., 2001). In addition, it was found that the PCB 

sensitivity of populations of F. heteroclitus correlated with the concentrations of PCBs at 

the sites of their collection (Nacci et al., 2002). Further studies into that trend determined 

that there were several exceptions to the correlation between contamination levels and 

resistance, which may result from the vast variability of contaminants present at the 

different locations (Greytak et al., 2010). 

 The lack of mechanistic evidence to explain the differential sensitivity to dioxins 

in NBH populations led investigators to explore genetic and epigenetic markers to better 

understand the possible shifts in genes or their control. The efforts began with the 

sequencing of the CYP1A promoter region, but after CYP1A knockdown was identified 

to not be protective of PCB-induced teratogenesis, efforts were shifted to the AHR 

(Powell et al., 2004). The methylation patterns of AHR1 and AHR2 were not observed to 

have an effect on the PCB sensitivity of F. heteroclitus, but rather to affect the gene 

expression patterns in the fish (Aluru et al., 2011). With the development of new 

technology, population resequencing studies have become more affordable, and 

investigations have begun into the genotypic differences between the AHR pathway 

genes of these fish (Reitzel et al., 2014). These studies identified a significant population 

genetic differentiation between resistant and reference populations (Reitzel et al., 2014). 

The results suggest that selection is possible for the tested genes (AHR1, AHR2, and 
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AHRR), but with the current results the study was unable to show strong significant 

differences that could identify the genetic basis of protection (Reitzel et al., 2014). 

Another exploration of the genetic variation between reference and resistant site fish 

through single-nucleotide polymorphism (SNP) analysis identified signs of positive 

selection in SNPs of AHR2 and CYP1A between these populations (Proestou et al., 

2014). Such variation may suggest that the AHR pathway still represents a potential 

mechanism  to explain part of the phenotypic differences in the responses of resistant 

killifish to contaminant-induced damage. Population genomics is a promising tool for the 

exploration of genetic effects on populations, and the F. heteroclitus populations at New 

Bedford Harbor are a promising start for this endeavor, but adaptation in killifish contains 

more complexity that still stands to be unraveled. 

 
1.4.3.3 Newark Bay Atlantic killifish (F. heteroclitus).  Shortly after the 

identification of the first adapted populations at NBH, another group was able to find a 

similar recalcitrant AHR phenotype in F. heteroclitus collected from Newark Bay (NB) 

(Figure 12.1; (Arzuaga and Elskus, 2002). The NB estuary, part of the Passaic River in 

New Jersey is a heavily contaminated area, which has been on the National Priorities List 

since 1984 as the “Diamond Alkali Superfund Site” (Crawford et al., 1995). In addition, 

the Passaic River runs parallel to the Hudson River discussed previously in terms of 

Atlantic tomcod adaptation. The PCB levels at the NB site are not as high as the ones at 

NBH, but the type of contamination is much more complex, involving high levels of 

polychlorinated dibenzo-dioxins and furans (PCDD/Fs), PCBs, and heavy metals 

(Armstrong et al., 2005; Crawford et al., 1995; Wenning et al., 1993). This has led to 

multiple fish consumption advisories for this area and to the identification of another 
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population of contaminant adapted F. heteroclitus (Arzuaga and Elskus, 2002; Pflugh et 

al., 2011). 

 The initial studies identified a similar phenotype of resistance associated with 

protection from developmental toxicity and reduced CYP1A activity in F. heteroclitus 

populations collected from NB (Arzuaga et al., 2004; Arzuaga and Elskus, 2002). In 

addition, de-methylating agents failed to revert either of those phenotypes, suggesting 

that epigenetics may not play a strong role in the observed resistance (Arzuaga et al., 

2004). Similar to other adapted populations, NB fish were resistant to cardiovascular 

teratogenesis, but also to induction of reactive oxygen species by a PCB simulating 

compound (Arzuaga and Elskus, 2010; Arzuaga et al., 2006). These findings point to a 

similar phenotype of protection and shared fitness costs with F. heteroclitus populations 

from NBH. Additional studies on NB fish confirmed that complex contaminant exposures 

impose selection on populations by reducing the reproductive fitness of chronically 

exposed individuals (Bugel et al., 2010, 2011). 

 The discovery of three, geographically distant, populations of F. heteroclitus that 

have adapted to chronic contamination in a physiologically similar manner distinguishes 

this system from Atlantic tomcod. The tomcod population fixed a rare mutation that 

allowed it to survive in conditions of high contamination. Conversely, F. heteroclitus 

seems to have been able to adapt at multiple locations, and gene flow among adapted 

populations is extremely unlikely. Additionally, the genetic basis of this adaptation or the 

full extent of the adaptation has still not been fully determined. 

 One of the most fascinating findings about F. heteroclitus is that they seem to 

have adapted to heavy PCB pollution in a very similar manner to the way they have 
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adapted to PAHs, including recalcitrance in AHR pathway enzymes and protection from 

cardiac deformities (Arzuaga and Elskus, 2002; Roy and Wirgin, 1997; Van Veld, 1995). 

The vast geographic separation has been shown to prevent gene flow among these distant 

adapted populations, as would be expected for this species (Duvernell et al., 2008). 

Additionally, it has been shown that selection at NBH and AWI have had an influence on 

the population genetic differentiation between adapted and non-adapted populations 

(Duvernell et al., 2008). Other populations of F. heteroclitus have also been shown to 

exhibit resistance, with levels of pollution similar to those previously described at NBH 

and NB (Greytak et al., 2010). The vast genetic and geographic distance between these 

locations and the similar mode of adaptation between sites with varying pollution lead to 

the hypothesis that standing genetic variation in ancestral populations is responsible for 

the rapid evolution of protection in F. heteroclitus from contaminated habitats 

(Whitehead et al., 2012). Populations from various locations were compared in terms of 

their resistance and their transcriptomic profiles, revealing that distant resistant 

populations had profiles more similar to each other than to their most geographically 

proximate reference sites (Whitehead et al., 2012). This could allow for rapid fixation of 

the trait and the possibility for multiple populations to acquire this resistance, despite low 

migration rates in F. heteroclitus. 

 
1.4.3.4 Houston Ship Channel Gulf killifish (Fundulus grandis). While the F. 

heteroclitus case is fascinating at its current complexity, there is another level of 

complexity: F. grandis. Gulf killifish are the sister species of F. heteroclitus and are 

found primarily along the US Gulf Coast (Figure 12.1; (Gonzalez et al., 2009). These two 

species have been shown to overlap and hybridize only along a short portion of the 
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northeastern Florida Atlantic coast (Gonzalez et al., 2009). Fundulus grandis is found 

ubiquitously along the Gulf of Mexico coast and has been studied as a relevant 

environmental model for hypoxia exposures, osmoregulation in euryhaline fishes, as well 

as physiological and toxicological responses to the Deepwater Horizon Oil Spill 

(Dubansky et al., 2013; Landry et al., 2003; Love and Rees, 2002; Virani and Rees, 

2000). As an ecologically important coastal fish in the Gulf of Mexico, it was of 

particular interest that populations of F. grandis were identified to be resident, and if fact 

quite common, in the Houston Ship Channel (HSC) (Figure 12.1; (Oziolor et al., 2014a). 

 The HSC is a heavily industrialized commercial waterway, heavily polluted with 

a mixture of PCBs, dioxins and PAHs (Lakshmanan et al., 2010). These compounds have 

been observed to accumulate in catfish (Ictalurus punctatus), reaching total PCB 

concentrations of 37 pg/g (Subedi and Usenko, 2012). The spatial distributions of PCBs 

and PCDD/Fs have been studied intensely and were found to diminish as the channel 

continues through Galveston Bay (Howell et al., 2011; Howell et al., 2008). Additionally, 

these levels of contamination have been observed historically over the last four decades 

allowing for chronic contamination of aquatic organisms over many generations (Yeager 

et al., 2007). 

 Recently, populations of F. grandis collected from heavily contaminated areas in 

the HSC, were shown to exhibit a similar phenotypic resistance to PCB- and PAH-

induced cardiovascular teratogenesis (Figure 12.3; (Oziolor et al., 2014a). Cardiovascular 

teratogenesis occurs in embryos, if they come in contact with a toxicant at sensitive 

developmental stages. Often these deformities are scored qualitatively from a normal, 

two-chambered heart (0) to severely deformed string-heart (2) (Figure 12.4). The 
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protection from PCBs in HSC F. grandis was of much higher magnitude than observed 

for PAHs, which correlated well with the toxicity equivalency of these classes of 

compounds in the HSC (Oziolor et al., 2014a). The protection from cardiovascular 

teratogenesis in F. grandis population also correlated highly with a recalcitrant AHR 

pathway, as measured via CYP1A activity, suggesting a similar mode of action as seen in 

adapted F. heteroclitus populations (Oziolor et al., 2014a). The different levels of 

resistance to PCBs and PAHs, even when evaluating a known AHR-mediated toxicity 

endpoint, suggests that there may be additional complexity to the observed adaptation, 

beyond a simple AHR recalcitrance. Biparental crosses of reference and resistant 

populations suggest that each parent contributes equally to the resistant phenotype, 

suggesting a genetic basis of this adaptation (Oziolor et al., 2014a). More recently, a 

gradient of this adaptation has been found, where populations from the HSC with lower 

predicted contaminant exposure, exhibit lower levels of protection and lower levels of 

AHR recalcitrance (Figure 12.5). 

 The identification of a sister species that has undergone a phenotypically similar 

genetic adaptation to human-induced pollution suggests that the hypothesis of adaptation 

through pre-existing genetic variation would now extend to their shared common 

ancestor. Thus, the alleles responsible for this adaptation may have been carried through 

populations and generations of Fundulus even before the split of the two species. Such an 

extended timeframe begets multiple questions, including the question of why these alleles 

persisted through time, the nature of the fitness costs associated with them, and the 

natural stressors that may have led to their evolution. 
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Expanding adaptation to human-induced novel selective pressures in Fundulus to 

multiple species has the potential to answer questions extending from toxicology to the 

basics of evolutionary biology. Through these adaptations, we can study the effect of 

current toxicants in the environment, but also about the nature of evolutionary processes 

that have led to the continuous selection of alleles that would provide some protection 

from xenobiotics. This should lead to a better understanding of how natural biological 

systems may respond to current anthropogenic pollutants and how they cross-react with 

historical biological selective pressures. The study of these two species is at the forefront 

of evolutionary toxicology and the discovery of the molecular mechanisms and history of 

these adaptations will significantly improve our understanding of the evolutionary effects 

of anthropogenic contamination.  

 
1.5 Conclusions and future directions 

While research has identified some long-term effects of legacy contaminants following 

chronic exposures, there are many chemicals that have not been investigated, and novel 

stressors being released every year. For most systems, we are far from having a 

comprehensive understanding of how organisms will respond to the changing selective 

landscape in their natural environments. A crucial misconception with finding resistance 

to high concentrations of contaminants is that the public may interpret this to mean that 

contamination is acceptable or less of a problem, because organisms can adapt to it. 

Unfortunately, this is a misinterpretation of such results for two primary reasons. First, 

the fact that some species are able to adapt to pollution does not imply that it will happen 

in every organism, population, or pollution scenario. Second, the resistant population 

often has been changed in terms of its phenotypic response to more than just the 
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compound it adapted to; in other words, adaptation to anthropogenic stressors almost 

certainly has fitness-costs. Whether and how fish will respond to rising salinities in 

freshwater bodies, whether they will cope with higher radiation, or temperature increases 

are questions stemming from already existing sources of human-induced alterations of 

natural selective regimes. Along with current levels of toxicity from pesticides or 

persistent pollutants that have already been introduced in the environment, a new 

direction of research will be to study the evolutionary consequences of constantly 

increasing levels of pharmaceuticals in aquatic environments. The toxicity of 

pharmaceuticals in the environment is being widely studied, but in terms of population 

adaptation, the effects of these compounds are still entirely unknown. There are multiple 

classes and types of anthropogenic effects on the environment, but our knowledge of how 

they shape fish populations is often limited to short exposure durations. Additionally, as 

most of these compounds are found in very complex mixtures, it is of interest to 

understand how they interact with existing environmental stressors to change the 

selective landscape of resident organisms at varying locations. Future extremophile fish 

may evolve in response to already existing levels of alteration in the selective landscape 

within aquatic environments, and if the populations have sufficient standing genetic 

variation to adapt to these changes. 
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Figures

 

Figure 1.1 Map of the locations where adaptations in response to anthropogenic events 

have been documented in natural populations of fish. Darker shading represents zones 

occupied mainly by F. heteroclitus, while lighter shading represents zones primarily 

occupied by F. grandis. 
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Figure 1.2 Relationship between CYP1A activity levels and developmental cardiac 

deformities in response to a common AHR agonist, PCB 126. When F1 embryos from a 

reference F. grandis population are dosed with PCB 126, the CYP1A activity (black line) 

is induced as part of the AHR pathway response to the toxicant. At higher concentrations, 

CYP1A has lower activity levels, and embryos develop cardiac deformities (gray bars). 

The inverse relationship between the two is a well-documented occurrence, while the 

mechanistic connection is yet to be elucidated. A subset of these data were presented in 

Oziolor et al. 2014. 
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Figure 1.3 Sampling sites from two Superfund sites within the industrialized portion of 

the Houston Ship Channel, Vince Bayou (VB) and Patrick Bayou (PB). A site with 

predicted intermediate contamination levels, Cedar Bayou (CB), was collected from a 

portion proximate to the HSC, while a reference population, Gangs Bayou (GB), was 

collected far from the high contamination regions. 
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Figure 1.4 Scoring scale for cardiovascular teratogenesis. Embryos were dosed at 24 

hours post fertilization (hpf) with a toxicant and screened at 144 hpf. The scores were 

recorded blind to avoid bias for population or contamination levels from researcher 

performing the screening. 
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Figure 1.5 Populations of F. grandis from chronically contaminated sites exhibit 

protection from cardiovascular deformities in a gradient dependent manner. F1 embryos 

from the reference site, GB, show a normal dose-response curve for cardiovascular 

deformities in response to PCB 126, a known AHR agonist. The population from a site 

with predicted intermediate contamination, CB, develop deformities at higher 

concentrations of contaminant, showing significant levels of protection. On the other 

hand, sites within the industrialized portion of the HSC show no significant cardiac 

defects in response to PCB 126, revealing a >1000X protection from contaminant 

induced deformities. A subset of these data were presented in Oziolor et al. 2014. 
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CHAPTER TWO 
 
Evolved resistance to PCB- and PAH-induced cardiac teratogenesis, and reduced CYP1A 

1activity in Gulf killifish (Fundulus grandis) populations from the Houston Ship 
Channel, Texas 

 
This chapter was published as: Oziolor EM, Bigorgne E, Aguilar L, Usenko S, Matson 
CW (2014) Evolved resistance to PCB- and PAH-induced cardiac teratogenesis, and 

reduced CYP1A activity in Gulf killifish (Fundulus grandis) populations from the 
Houston Ship Channel, Texas. Aquat Toxicol 150:210-219 

 
 

Abstract 

The Houston Ship Channel (HSC), connecting Houston, Texas to Galveston Bay and 

ultimately the Gulf of Mexico, is heavily industrialized and includes several areas that 

have historically been identified as containing significant levels of mercury, dioxins, 

furans, polychlorinated biphenyls (PCBs), and polycyclic aromatic hydrocarbons (PAHs). 

Gulf killifish, Fundulus grandis, inhabit this entire estuarine system, including the most 

contaminated areas. F. grandis is the sister species of the well-established estuarine 

model organism F. heteroclitus, for which heritable resistance to both PCB and PAH 

toxicity has been documented in several populations. F. grandis collected from two 

Superfund sites on the HSC and from a reference population were used to establish 

breeding colonies. F1 embryos from HSC populations were approximately 1,000 fold 

more resistant to PCB126- and 2-5 fold more resistant to coal tar-induced cardiovascular 

teratogenesis, relative to embryos from the reference population. Reciprocal crosses 

between reference and contaminated populations exhibit an intermediate level of 

resistance, confirming that observed protection is genetic and biparentally inherited. 

Ethoxyresorufin-O-deethylase (EROD) data confirm a reduction in basal and induced 
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cytochrome P4501A (CYP1A) activity in resistant populations of F. grandis. This result 

is consistent with responses previously described for resistant populations of F. 

heteroclitus, specifically a recalcitrant aryl hydrocarbon receptor (AHR) pathway. The 

decreased levels of cardiovascular teratogenesis, and decrease in CYP1A inducibility in 

response to PCB126 and a PAH mixture, suggest that HSC F. grandis populations have 

adapted to chronic contaminants exposures via a mechanism similar to that previously 

described for F. heteroclitus. To the best of our knowledge, this is the first documentation 

of evolved pollution resistance in F. grandis. Additionally, the mechanistic similarities 

between the population adaptation observed in this study and previous work in F. 

heteroclitus suggest that genetic variation predating the evolutionary divergence of these 

two species may best explain the apparent rapid parallel evolution of pollution resistance 

in genetically and geographically distinct species and populations. 

Table 2.1: Reference table for abbreviations 

 
Abbreviation Definition 

T
ox

ic
an

ts
/M

ol
ec

ul
es

 

PI propidium iodide 

7-ER 7-ethoxyresorufin 

PCB polychlorinated biphenyl 

DL-PCBs dioxin-like polychlorinated biphenyls 

PCDD/Fs polychlorinated dibenzo dioxin/furans 

PAH polycyclic aromatic hydrocarbon 

CT coal tar 

BkF benzo[k]fluoranthene 

AHR aryl hydrocarbon receptor 

CYP1A cytochrome P450 1A 

L
oc

at

io
ns

 

GB Gangs Bayou 



54 
 

PB Patrick Bayou 

VB Vince Bayou 

HSC Houston Ship Channel 

M
et

ho
ds

/R
el

at
ed

 

CV coefficient of variation 

SPLE selective pressurized liquid extraction 

EROD 7-ethoxyresorufin-O-deethylase 

NPL National Priorities List 

ASW artificial seawater 

hpf hours post fertilization 

npANOVA non parametric ANOVA 

 
 

Introduction 

Ecotoxicology is concerned with the impacts of pollutants on the environment and 

has the goal of preserving the integrity of affected systems. We can attempt to estimate 

the impacts of pollution by studying various biomarkers and extrapolating the outcomes 

for populations with varying exposure histories. While mortality and reproductive studies 

are standard toxicological end-points, evolutionary toxicology focuses on genetic 

alterations, including adaptation or “natural” selection that occurs in populations as a 

result of chronic contaminant exposures. Human activities are known to act as a primary 

driving force for changes in the environment that introduce selective pressures on 

resident populations (Palumbi, 2001). Anthropogenic compounds, including 

polychlorinated biphenyls (PCBs) and polycyclic aromatic hydrocarbons (PAHs), have 

been observed to drive adaptation in populations living in contaminated habitats (Burnett 

et al., 2007; Smith and Bernatchez, 2008).   
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Polychlorinated dioxins and furans (PCDD/Fs), dioxin-like PCBs (DL-PCBs), and 

PAHs have a common mode of action, induction of the aryl hydrocarbon receptor (AHR) 

pathway (Hahn, 2001, 2002). When activated, AHR acts as a transcription factor and 

induces the expression of various enzymes that initiate phase I biotransformation of 

xenobiotics (Andersson and Forlin, 1992; Hahn, 2001). Gene duplication events in fish 

have led to multiple versions that differ in tissue specificity and function, while mammals 

only possess a single copy of this gene (Hahn, 2002; Karchner et al., 2005; Karchner et 

al., 1999; Powell et al., 2000). In fish, AHR2 has been identified as the version of this 

gene responsible for the induction of enzymes such as cytochrome p4501A (CYP1A), 

which catalyze phase I biotransformation of PAHs (Clark et al., 2010; Karchner et al., 

1999). Despite the pathway’s major role in xenobiotic metabolism, chronic AHR 

activation has been linked to cancer and apoptosis in mammals, while its activation in 

sensitive developmental stages also causes lethal developmental cardiac deformity in fish 

and mammals (Antkiewicz et al., 2006; Carney et al., 2004; Gao et al., 2011; Jonsson et 

al., 2007; Thackaberry et al., 2005). It is likely that the historically high concentrations of 

DL-PCBs and PAHs act as a selective pressure on resident aquatic organisms through 

their toxic potential as inducers of the AHR pathway (Arzuaga and Elskus, 2010; 

Arzuaga et al., 2006; Willett et al., 2001). 

A commonly used euryhaline species for studying the evolutionary effects of 

contaminants is the Atlantic killifish (Fundulus heteroclitus). F. heteroclitus is used 

because of its high site fidelity, large population size and relatively short population 

turnover time (Burnett et al., 2007; Sweeney et al., 1998). PCB126 and PAH mixture 

exposures result in AHR-mediated cardiac deformities in F. heteroclitus during early 
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development (Clark et al., 2010). Resistant populations of this species exhibit a 

recalcitrant AHR pathway, which confers protection from contaminant induced cardiac 

deformities (Clark and Di Giulio, 2012). Geographically isolated populations of F. 

heteroclitus seem to have independently coevolved this mechanism of protection, 

suggesting that selection for preexisting alleles in populations across the species’ range is 

responsible for the apparent coevolution (Whitehead et al., 2012). 

 F. heteroclitus is localized to the Atlantic coast of North America, while the 

closely related sister species, Gulf killifish (Fundulus grandis), is resident in the Gulf of 

Mexico. The ranges of the two species only overlap along a narrow region of the Florida 

Atlantic coast with successful, but rare hybridization (Gonzalez et al., 2009). The genetic 

and physiological similarities between them suggest that F. grandis may serve as a model 

organism to study the population genetic and evolutionary effects of industrial 

contamination on aquatic environments in the Gulf of Mexico, and in this case the 

Houston Ship Channel (HSC). 

The HSC is a heavily polluted estuarine zone, which contains about 40% of the 

nation’s oil refineries (Howell et al., 2011). Increased loads of anthropogenic 

contaminants have been found throughout the HSC in sediment, water and tissue samples 

(Lakshmanan et al., 2010; Suarez et al., 2006). Several locations along the HSC are on 

the National Priorities List, including Patrick Bayou (EPA ID: TX0000605329) and 

Vince Bayou (Part of US Oil Recovery; EPA ID: TXN000607093) (Figure 1). As part of 

the Superfund program, these locations were selected for possible remedial actions 

because of their high levels of contamination with pesticides, PCBs, PCDD/Fs and PAHs. 

Previous reports have documented levels of total PCDD/Fs reaching 1 mg/kg, while 
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PCBs and PAHs averaged 10 mg/kg and 50 mg/kg respectively in sediments along the 

HSC (Anchor QEA, 2010). PCDD/Fs vary spatially, and have been reported at 

concentrations of 360–690 ng/g organic carbon (OC) and 0.69-5.3 ng/g lipid in fish 

(Howell et al., 2011). While PCDD/Fs are observed to decrease towards the mouth of the 

channel, PCB concentrations tend to increase reaching levels between 14-19 µg/g OC and 

0.42-31 µg/g lipid in fish (Howell et al., 2011). PCBs have also been found in high 

concentrations (~37 pg/g) in channel catfish (Ictalurus punctatus) tissues collected from 

the San Jacinto River Waste Pits Superfund site in the HSC (Subedi and Usenko, 2012). 

These classes of contaminants are persistent, bioaccumulative and toxic, and in addition 

have been present in the HSC for over 50 years, resulting in chronic exposure of resident 

aquatic species (Yeager et al., 2007). The HSC is also contaminated with high levels of 

PAHs, as a result of point and nonpoint source pollution, including both petrogenic and 

pyrogenic sources (Howell et al., 2011). 

Gangs Bayou (GB) was selected as a reference because it is relatively isolated 

from the HSC, but is still within Galveston Bay. Also the relatively high site fidelity of F. 

grandis minimizes migration between fish from chronically contaminated sites and our 

reference, thus minimizing potential gene flow between these populations. The exposure 

histories and genetic variability of our adapted populations should be relatively isolated 

from the reference fish, while pre-exposure genetic backgrounds should have been 

similar. 

 The chronic exposure to high concentrations of PCBs, PAHs and PCDD/Fs in 

Gulf killifish populations in the HSC provides an opportunity to investigate the possible 

effects of these compounds as selection factors. Also, identifying F. grandis adapted 
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populations will allow us to develop them as a novel model species for the study of 

contamination along the Gulf Coast, parallel to the established US Atlantic Coast model, 

F. heteroclitus. We investigated the resistance of chronically exposed and reference 

populations, using cardiac teratogenesis as a sensitive end-point of toxicity. As an 

indicator of the activation of the AHR pathway, we measured the activity of CYP1A, 

whose expression is regulated by the AHR pathway and provides a possible mechanistic 

explanation for observed differences in toxicant resistance. We also assessed 

chromosomal damage as an indicator of an additional, likely independent, PAH effect on 

populations. 

 
Materials and Methods 

Fish care.  Gulf killifish populations were collected from a reference site on 

Gangs Bayou, Galveston, TX (GB; 29°15ˊ30.31˝N; 95°54ˊ45˝W) and two contaminated 

sites on the HSC: Patrick Bayou (PB; 29°43ˊ41.64˝N; 95°6ˊ50.51˝W) and Vince Bayou 

(VB; 29°43ˊ10˝N; 95°13ˊ13˝W) in the summer of 2012. Fish were prophylactically 

treated with 2.5 mg/L praziquantel (PraziPro CD-22968, Aquarium Solutions, Spokane 

Valley, WA, USA) upon introduction to the laboratory, and allowed to depurate for 30 

days post treatment. Adult fish were kept in a recirculating system with 150-200 L tanks 

at 10-12‰ artificial seawater (ASW; Instant Ocean, Mentor, OH, USA) on a 14:10 hour 

light cycle and temperature of 22-25 °C. Killifish were fed twice daily to satiation with 

pelleted feed (Aquamax® Fingerling Starter 300, PMI Nutritional International, LLC, 

Brentwood, MO, USA), Tetramin® Tropical Fish Food (Tetra Systems, Blackburg, VA, 

USA), and newly hatched brine shrimp (Artemia franciscana, Brine Shrimp Direct, 

Ogden, UT, USA).  
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In vitro fertilization of pooled oocytes  was performed to yield embryos. For 

reciprocal crosses, unfertilized eggs from GB (reference population) were fertilized with 

milt from PB (resistant population) males . The reverse cross was also performed with 

unfertilized eggs from PB being fertilized with milt from PB males.  At 1 hour post-

fertilization (hpf), embryos were treated with 0.3% hydrogen peroxide (H2O2) to prevent 

infection and triple rinsed with ASW (Rach et al., 1997). At 24 hpf, embryos were 

screened for normal development on a Nikon SMZ1500 (Nikon Inc., Melville, NY, 

USA). 

 
Chemicals and exposure. 

Dimethyl sulfoxide (DMSO) was obtained from Sigma-Aldrich (St. Louis, MO, 

USA). 3,3',4,4',5-pentachlorobiphenyl (PCB126) and benzo-k-fluoranthene (BkF) were 

purchased from Absolute Standards (Hamden, CT, USA). A standard mixture of 

dissolved PAHs, coal tar standard reference material (CT SRM) 1597a was purchased 

from NIST (Gaithersburg, MD, USA). CT SRM was originally supplied in toluene, but 

was blown down with nitrogen gas and dissolved into DMSO, a solvent more compatible 

with fish studies. Estimated total PAH concentration of the CT SRM is 4,363.83mg/L. 

Coal tar was dosed on a v/v basis. 

At 24 hpf, embryos were exposed, in 100 mL hexane-rinsed glass jars in groups 

of 5, to 50 mL dosing solution containing DMSO, and one of the following nominal 

concentrations per group: PCB126 (0.01, 0.1, 0.5, 1, 5, 10, 50, 100 μg/L, which is 

equivalent to 0.03-306 nM), CT (0.1, 0.5, 1, 5, 10, 50, 100, 200 μL/L), BkF (0.01, 0.1, 1, 

10 μg/L, which is equivalent to 0.04-39.6 nM). Concentrations of DMSO were kept 

below 0.1% for all dosing solutions. Embryos were incubated at 28 °C and under 
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fluorescent light at a 14:10 hour light/dark cycle. They were screened at 144 hpf for in 

ovo ethoxyresorufin-O-deethylase (EROD) activity and cardiac deformity (done in a 

single blind fashion). Eggs used for chromosomal damage were dechorionated in pooled 

sets of five (taken from same dosing set) at 168 hpf, placed in 50 μL citrate buffer and 

kept at -80 °C (Vindelov and Christensen, 1994). Each container was treated as a single 

replicate within an experiment and every treatment was duplicated in an experiment. 

Dosing was repeated until three separate experiments represented every dose on the dose 

response curve. Reciprocal cross dose-response represents two experiments. 

 
In ovo EROD assay and deformity assessment. 

The in ovo EROD assay was used as a proxy for CYP1A activity in the embryos 

as originally described by Nacci et al. (1998) and modified by Wassenberg and Di Giulio 

(2004) and Wills et al. (2009). Briefly, 7-ethoxyresorufin (7-ER) was added to the dosing 

solutions (24 hpf) described above at a concentration of 21 μg/L. CYP1A acts as a 

deethylase, converting the 7-ER into the fluorescent compound resorufin, which 

accumulates in the bi-lobed urinary bladder of the dosed embryo (Wassenberg and Di 

Giulio, 2004). At 144 hpf, embryos were examined with a Nikon AZ100 epifluorescence 

microscope (60x magnification; rhodamine filter; Nikon Inc.). Intensity was measured in 

a selected representative region of interest from the bladder and expressed as percent of 

the mean fluorescence in the reference control group. The standardization to the reference 

control was done to scale fluorescence and allow the comparison of total enzymatic 

activity between populations. Statistical tests on enzyme activity induction were 

performed by within population control comparisons. Supplementary graphs represent 

data as percent of the mean fluorescence in the population-specific control group. At the 
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highest concentrations of contaminant, some individuals had severe bladder deformities 

correlating with increasing background fluorescence, outside of the bladder (data not 

shown). Cases at the highest concentrations where individuals had visibly not retained the 

resorufin in the urinary bladder were excluded from the EROD quantification.  

Heart elongation, or the failure of the heart to form two chambers, was assessed in 

144 hpf embryos qualitatively between no (0), moderate (1) and severe (2) deformity, as 

previously described by (Matson et al., 2008). Cardiac deformities have a direct 

correlation with hatch success, as moderate deformities hatch with ~50% success, while 

severely deformed embryos generally fail to hatch (Matson et al., 2008). 

 
Chromosomal damage. 

Dechorionated embryos (168 hpf) were used to determine cell-to-cell variation in 

DNA content following the methods of Vindelov and Christensen (1994). Briefly, 

samples kept in citrate buffer at -80 °C were quickly thawed on ice and randomized prior 

to processing to avoid experimental bias. Nuclear suspensions were prepared with 450 µL 

of trypsin/detergent solution for digestion and each sample was homogenized manually 

and inverted. After 10 min of incubation at room temperature, 375 µL of trypsin 

inhibitor/RNase solution was added to stop the reaction and to degrade RNA. After 10 

min, the solution was filtered through 35-µm nylon mesh and stained with 375 µL of 

propidium iodide (PI) solution. After 15 min on ice in the dark, the samples were 

analyzed using a BD FACSCalibur™ flow cytometer (BD Biosciences, San Jose, CA, 

USA) by quantification of nuclear fluorescence. Fluorescent emission was measured for 

nuclei that were illuminated with a 15 mW air-cooled 488 nm argon ion laser to excite PI. 

Nuclei were gated on side scatter (SSC), forward scatter (FSC) and the ratio of peak to 
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integrated fluorescence (FL-2 detector: 585 nm (PE/PI)). Ten thousand nuclei, which 

satisfied all gating parameters, were measured from each sample and the intercellular 

variation in DNA content reported as the coefficient of variation (CV). Samples that did 

not have 10,000 nuclei counted by the end of the 3-min run were excluded from 

subsequent statistical analyses. Fluorescence emission was measured 2 times for each 

sample between 15 and 60 minutes post PI treatment. Each experiment contained 5 

replicates at each concentration. For every series of samples, chicken red blood cells and 

a mix (4:1, chicken red blood cells: tree swallow red blood cells) were used as negative 

and positive control, respectively. 

 
Environmental Chemistry. 

All chemicals were purchased from commercial vendors at reagent grade or 

higher and stored in accordance with the manufacturer’s recommendations. The target 

analyte list included seven dioxins, ten furans, and twelve dioxin-like PCBs. Isotopically 

labeled versions of PCDD/Fs and DL-PCBs congeners were used as surrogate standards. 

13C12-PCB189 was used as internal standard for PCDD/Fs and DL-PCBs. PCDD/Fs and 

DL-PCBs standards were purchased from Wellington Laboratories (Guelph, ON, 

Canada). Basic alumina, Celite®, Carbopak™, Florisil®, and copper powder were 

purchased from Sigma-Aldrich; silica gel, sodium sulfate, toluene (TOL), 

dichloromethane (DCM), and n-hexanes (HX) were purchased from BDH Chemicals 

(West Chester, PA, USA). 

Target analytes were extracted from fish and sediments using an accelerated 

solvent extractor (ASE; ASE 350 Dionex – Thermo Fisher Scientific, Sunnyvale, CA, 

USA). PCDD/Fs and DL-PCBs were extracted from fish using a previously described 
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selective pressurized liquid extraction (SPLE) method (Subedi and Usenko, 2012). 

Briefly, an aliquot of 1 g was taken from whole-fish homogenates and further 

homogenized with anhydrous sodium sulfate, to remove moisture, until the homogenate 

had the consistency of a free flowing powder. The homogenates were placed on top of 

pre-cleaned adsorbents layered in a 100 mL ASE cell. DL-PCBs were extracted using 

DCM:HX and PCDD/Fs were subsequently extracted using TOL. PCDD/Fs and DL-

PCBs were extracted from sediment using a previously developed SPLE method 

(Aguilar, 2014, in press). Briefly, an aliquot of 1 g of sediment was homogenized with 

anhydrous sodium sulfate, to remove moisture and placed on top of pre-cleaned 

adsorbents layered in a 100 mL ASE cell. PCDD/Fs and DL-PCBs were extracted using 

TOL. Extraction conditions were 100 °C, 1500 psi, 5 min static time, and 75% flush 

volume. 

The instrumental parameters and settings used for the quantitation of PCDD/Fs 

and DL-PCBs have been previously described (Subedi and Usenko, 2012). Target 

analytes were separated and quantified using high-resolution gas chromatography 

coupled with electron capture negative ionization mass spectrometry using selective ion 

monitoring (HRGC–ECNI/MS). The GC system used was an Agilent 7890A coupled 

with 5975C MSD (Santa Clara, CA, USA). Chromatographic separation was performed 

using a capillary DB-Dioxin (60 m × 0.25 mm × 0.15 µm) column (J & W Scientific, 

USA).  

Quality assurance and control protocols were followed and have been previously 

described (Subedi and Usenko, 2012). Briefly, calibration curve verification standards 

(CCV, mid-point of calibration curve) were analyzed after every third sample to monitor 
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instrument performance. Matrix spiked samples (MS, MSD), laboratory blanks, and 

reagent blanks were also analyzed. Target analytes were identified based on their 

retention time and quantitative to qualitative ions ratios (±20%). Due to the reduced 

sensitivity of HRGC-ECNI/MS, 2,3,7,8-TCDD and OCDD were excluded from the target 

analyte list.  

Percent moisture was determined for sediment samples and percent lipid was 

determined for fish samples following standard protocols (Lauenstein, 1998). In 

summary, percent moisture content was determined by drying an aliquot of sediment to 

constant weight at 110 °C. Percent lipid was determined gravimetrically by extracting an 

aliquot of homogenized fish with DCM at 100 °C. The extracts were concentrated to 5 

mL and an aliquot of 3 mL was weighed on a dried, tared beaker.  

 
Statistical Analysis. 

Shapiro-Wilk Goodness-of-Fit test was used to check the normality of the data 

and homogeneity of variance. When Shapiro-Wilk Goodness-of-Fit test confirmed 

normal distribution and homogeneity, we used ANOVA (1-way and 2-way) with a 

Dunnett’s post hoc. Differences were considered significant at p ≤ 0.05. All collected 

data were analyzed using JMP software (ver. 10). 

Cardiac deformities within populations were rank-transformed and tested for 

significance with a non-parametric ANOVA (npANOVA) test. In between population 

comparisons, dose was logistically transformed to allow linear regression of the dose-

response. The regression for comparisons between pairs of populations was drawn from 

the last non-significant dose-response point of the more sensitive member of the pair and 

comparison was made with a Student’s t-test of the slope of the regression line. EROD 
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data from PCB dosing displayed a Weibull distribution and was subjected to box-cox 

power transformation (Haynes, 2011). EROD data from coal tar dosing displayed a 

binomial distribution and were subjected to square root transformation for normalization. 

Tukey-Kramer post hoc analysis was only used to compare basal EROD activity (Figure 

3). 

 Flow cytometry data were log transformed to fit a normal distribution and 

analyzed with ANOVA. Environmental chemistry data for whole body wet weight 

concentrations was compared with individual t-tests between populations separately for 

total PCBs and total PCDD/Fs. 

 
Results 

 
PCB responses. 

 
Cardiac teratogenesis.  When dosed with PCB126, reference site (GB) embryos 

developed cardiac deformities in a dose dependent manner (1-way npANOVA; p < 

0.0003) with significance at concentrations as low as 0.5 µg/L compared to control 

(Figure 2A). The GB deformity pattern was significantly different from both PB and VB 

(regression t-test; p < 0.0001). No significant increases in deformities, compared to 

control, were observed in embryos from contaminated populations at concentrations of 

PCB126 up to 100 µg/L (1-way npANOVA; PB p = 0.17; VB p = 0.63). 

 
In ovo EROD assay.  GB embryos had significant CYP1A activity induction at 

the lowest dosed concentration and showed a peak of induction at 0.1-0.5 µg/L PCB126 

(1-way ANOVA; Dunnett’s post hoc comparisons; p < 0.0001) (Figure 2B). In 



66 
 

comparison, embryos from PB and VB significantly induced CYP1A activity at 0.5 µg/L, 

compared to within population control, and showed maximum activity at 10 µg/L (1-way 

ANOVA; Dunnett’s post hoc comparisons; p < 0.0001), which revealed a 100-500 fold 

right shift in chronically contaminated populations. In addition, PB and VB exhibited a 

down-regulation of peak (Figure 2B; 2-way ANOVAs; p < 0.0001) and basal (Figure 3; 

1-way ANOVA; p < 0.0001; Tukey post hoc) CYP1A activity in comparison to the 

reference population. Comparison between the chronically contaminated populations 

revealed significantly lower total (Figure 2B; 2-way ANOVA; p = 0.028) and basal 

(Figure 3 1-way ANOVA; Tukey post hoc; p = 0.0003) CYP1A activity in VB.  

 
Reciprocal cross cardiac teratogenesis.  Reciprocal crosses between reference 

(GB) and a polluted population (PB) showed a significant dose-response in cardiac 

deformity upon exposure with PCB126 (Figure 4; 1-way npANOVA: GB♀/PB♂ p < 

0.0001; GB♂/PB♀ p < 0.0001). In GB embryos, deformities are first significant at 0.5 

µg/L PCB126 (Dunnett’s post hoc p < 0.0001), whereas deformities in reciprocal crosses 

are not observed below 10 µg/L (Dunnett’s post hoc: GB♀/PB♂ p = 0.01; GB♂/PB♀ p = 

0.0009). The deformity patterns observed for reciprocal crosses were significantly 

different than both GB (regression slope t-test: GB vs. GB♀/PB♂ p < 0.0001; GB vs. 

GB♂/PB♀ p < 0.0001) and PB (regression slope t-test: PB vs. GB♀ /PB♂ p = 0.0004; PB 

vs. GB♂/PB♀ p = 0.007), but not from one another (regression slope t-test: GB♀/PB♂ vs. 

GB♂/PB♀ p = 0.18). 
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PAH responses. 

 
Cardiac teratogenesis.  In contrast, when dosed with the complex PAH mixture, 

coal tar, all populations exhibited a dose-dependent onset of cardiac teratogenesis, but 

relative sensitivity differed significantly (Figure 5A). The onset of cardiac deformity 

became significant at 100 µL/L coal tar (1-way npANOVA; GB p = 0.0001; PB p < 

0.0001; VB p = 0.0003; Dunnett’s post hoc). The deformity dose-dependent response was 

significantly different between reference and contaminated sites, but not between the two 

contaminated populations (regression t-tests; GB vs. PB p = 0.0001; GB vs. VB p = 

0.0001; PB vs. VB p = 0.08). 

 
In ovo EROD assay.  When dosed with coal tar, CYP1A activity was induced in 

all three populations (Figure 5B). GB had significantly elevated levels of CYP1A activity 

in the range between 0.5-10 µL/L and returned to basal levels with the onset of 

deformities (1-way ANOVA; Dunnett’s post hoc p < 0.0001). PB had significantly 

elevated CYP1A activity between 10-100 µL/L CT (1-way ANOVA: Dunnett’s post hoc 

p = 0.021), while in VB the activity was induced at all concentrations above 10 µL/L CT 

(1-way ANOVA; Dunnett’s post hoc p = 0.0014). GB CYP1A induction pattern was 

significantly different from that of both resistant populations, while the resistant 

populations were not significantly different (2-way ANOVA; GB vs. PB p = 0.035; GB 

vs. VB p = 0.0005; VB vs. PB p = 0.67). 

BkF dosing.  GB and PB populations were also dosed with a single PAH 

compound, BkF, which induced CYP1A activity in both cases (Figure 6), but did not 

induce cardiac deformities (data not shown). Enzyme activity was significantly increased 
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from basal at concentrations at and above 0.1 µg/L BkF (1-way npANOVA GB and PB p 

< 0.0001; Dunnett’s post hoc). The dose-response pattern (initiation of response, 

concentration resulting in peak EROD, etc.) was not significantly different between the 

two populations (2-way npANOVA Dose vs. Population p = 0.46), but PB exhibited 

significantly lower total levels of CYP1A activity throughout the dose-response curve (2-

way npANOVA: Population difference p = 0.045). 

 
Chromosomal damage.  Increasing doses of CT did not cause a dose-response in 

chromosomal damage in embryos from any of the collected populations (Figure 7, 1-

way ANOVA: GB p = 0.99; PB p = 0.41; VB p = 0.99). However, a significant 

difference between the basal levels of chromosomal damage between all populations 

showed that PB exhibits lower basal chromosomal damage than the reference site and 

VB (Figure 7, 2-way ANOVA; Tukey-Kramer post hoc: GB vs. PB p < 0.006; GB vs. 

VB p = 0.8; PB vs. VB p = 0.04). 

 
Environmental chemistry.  Fish collected from all three sampling locations had 

detectable levels of the contaminants analyzed (Figure 8A). GB fish contained lower 

total PCBs (t-test: GB vs. PB, p < 0.0001; GB vs. VB, p = 0.03; PB vs. VB, p < 0.0001) 

and comparable PCDD/F concentrations (t-test: GB vs. PB, p = 0.56; GB vs. VB, p = 

0.03; PB vs. VB, p = 0.053) to the contaminated sites (Table S1). Sediment 

concentrations showed lower levels of both PCBs and PCDD/Fs in GB, with the highest 

contamination observed at PB (Figure 8B, Table S2). Male fish were also observed to 

contain higher loads of contaminants than females, adding to the variability of sample 

concentrations. 
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Discussion 

 To the best of our knowledge this is the first documented case of pollution-

adapted populations of Fundulus grandis. The populations of F. grandis collected from 

chronically contaminated sites exhibited adaptive protection to toxicant-induced cardiac 

teratogenesis from PCB126 and coal tar. These results suggest that the strong 

contamination in the HSC, and specifically at PB and VB, has acted as a driving force of 

selection in these resident non-migratory populations of F. grandis. Documenting such 

population adaptation confirms consequences of chronic high levels of contamination 

beyond mortality and reproductive impairment and adds a possible model for genetic 

investigations, parallel to the well-described cases of pollutant adapted Fundulus 

heteroclitus. 

 DL-PCBs and PCDD/Fs are not well metabolized by fish embryos. Elevated 

levels of both PCBs and PAHs have been observed in the HSC, but PCBs tend to be in 

higher concentrations in whole body fish and sediments (Anchor QEA, 2010; Howell et 

al., 2011; Howell et al., 2008; Lakshmanan et al., 2010). Higher concentrations of PCBs 

correlate with higher levels of protection from deformities induced by this class of 

toxicant in chronically contaminated populations from the channel compared to 

protection from coal tar. Similar results have been observed in previous work with F. 

heteroclitus (Roark et al., 2005). This may suggest a stronger role for DL-PCBs as a 

driving force of adaptation for resistant populations.  

We did not test PAHs in whole body fish since biotransformation processes in 

fish would affect the amounts of parent compounds remaining. PAH data from previous 

sediment sampling of the HSC revealed highly elevated concentrations averaging 50 
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mg/kg (Anchor QEA, 2010). We used PAH composition in sediment from the Texas 

Commission on Environmental Quality (TCEQ) Surface Water Quality Monitoring 

Information Systems (SWQMIS) database (download Nov. 4th, 2013) as an indicator of 

the presence of that class of compounds in the environment of our populations. We 

presented environmental data including PCBs and PCDD/Fs concentrations for whole 

body and sediment samples collected from our sampling sites. Given new information 

about the toxic equivalency factor of PCB126 in fish, we attempted to calculate the 

contributions of the PCBs and PCDD/Fs we tested to the total toxic potential (Rigaud et 

al., 2013). We did not obtain data for TCDD concentrations, which could reduce our 

estimate for toxic potential of PCDD/Fs, but previous research has found this compound 

to be in comparable levels with TCDF, with average values between 4.7-18.7 pg/g in 

tissue of channel catfish (Howell et al., 2011; Subedi and Usenko, 2012). If these 

concentrations are representative, PCBs would still be the major contributor of toxic 

potential to aquatic life, and thus is more likely the selective pressure on F. grandis in the 

HSC. 

Sediment concentrations at PB and VB were consistent with the high 

contamination reported by the TCEQ and previous literature (Howell et al., 2011; 

Lakshmanan et al., 2010; Subedi and Usenko, 2012). Concentrations of PCDD/Fs at GB 

were surprising and may have been caused by a more recent contamination of the site, 

since we found no previous reports of environmental contamination in that area. 

Represented concentrations were derived from one sampling period, which may not be 

extensive enough to describe the profile of the population and location. While we may 

have sampled at a hot spot of contamination, the rest of the bayou may be less polluted. If 
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the toxicants were more recently introduced, there will not have been enough generations 

for adaptive processes to act on F. grandis based on that contamination.  

Resistant populations, PB and VB, exhibit 2-5 fold protection from our complex 

PAH mixture coal tar, while they were more than 1000 fold more protected from PCB126 

induced cardiac teratogenesis. Conversely, studies in F. heteroclitus populations from the 

PAH contaminated Elizabeth River Superfund site suggest similar levels of protection 

from both PCB126 and PAHs (Wills et al., 2010a). Since both classes of compounds can 

interact with the AHR pathway, disparate levels of protection may suggest a complex 

adaptive response that involves multiple molecular pathways and confers different levels 

of protection in response to varying classes of toxicants. 

 Since CYP1A is both an AHR responsive gene and an enzyme prominently 

involved in phase I biotransformation of aromatic hydrocarbons, we decided to study its 

activity as a measure of AHR activation in embryos of our sampled populations (Bello et 

al., 2001; Meyer et al., 2002). In the two resistant populations we see recalcitrance in 

CYP1A activity in response to both PCBs and PAHs (Figures 2 and 5). This recalcitrance 

manifests in multiple ways, including lower basal activity (Figure 3), right-shifted 

induction, and lower peak induction levels of enzyme activity. The magnitude of this 

recalcitrance in resistant populations was greater in response to PCB126, which correlates 

well with the stronger deformity protection compared to the coal tar mixture. CYP1A 

activity responses to a single PAH compound revealed only a minimal difference in 

biochemical responsiveness between the reference and one of the resistant populations 

(Figure 6). Coal tar as a mixture contains multiple PAHs known to have varying and 

sometimes synergistic effects on the AHR pathway, which could explain the difference in 
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response to a single compound and a complex mixture in our populations (Wassenberg 

and Di Giulio, 2004). When comparing PCB126 and BkF as model AHR inducers from 

their respective classes of compounds, the difference in responses of resistant populations 

to the two is quite apparent. 

Similar results have been found in the CYP1A activity of F. heteroclitus at a site 

of strong dioxin contamination, New Bedford Harbor (Bello et al., 2001). There, a PAH 

compound was able to induce a higher CYP1A activity than PCB126 in the resistant 

population, but not as high as the reference populations (Bello et al., 2001). These results 

suggest that resistant populations with stronger PCB and dioxin stressors have different 

responses to PCB126 as a model AHR inducer than to a PAH mixture. Combined with 

the strong resistance to both classes of pollutants in Elizabeth River fish, we suggest that 

the differing CYP1A responses may hint at a disparity between the adaptations that 

killifish undergo in response to PCBs or to PAHs as a toxicological driver of selection. 

Further investigation of these populations will be necessary to elucidate the specific 

mechanistic differences between HSC adapted populations. 

Along with the idea of differing adaptive response to varying driving selective 

forces, we were also able to observe a difference between the CYP1A activity responses 

of our two resistant populations (Figure 2). VB embryos exhibited significantly lower 

basal and total induced levels of EROD compared to PB. Sediment data suggest that the 

levels of PCB126 are much higher in PB, and thus do not correlate with the more 

strongly down-regulated CYP1A levels. Correlations were previously seen in F. 

heteroclitus populations of resistant fish, showing a gradient of resistance and CYP1A 

recalcitrance, correlating with the level of contamination (Clark et al., 2013; Nacci et al., 
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2010). Whether this disparity is caused by a molecular mechanism in VB is unclear. 

Further research into differences between resistant populations in later generations will 

be necessary to investigate this process. 

 The lower total levels of CYP1A activity in resistant populations are consistent in 

responses to both PCBs and PAHs, but it is important to note that they do not seem to be 

caused by a difference in inducibility of the CYP1A activity. We have shown that basal 

levels of enzyme activity in resistant populations are significantly lower than the 

reference population (Figure 3). While total CYP1A activity may differ, adapted 

populations induce the basal enzyme activity with the same magnitude as reference fish 

(Figures S1 and S2). This provides a starting point for the investigations into the control 

of the AHR pathway that leads to the observed recalcitrance in CYP1A activity. 

 Reciprocal crosses between a reference and a resistant population display an 

intermediate level of protection from PCB126 induced cardiac teratogenesis (Figure 4). 

Hybrids are different from both parental lineages, but do not differ between each other, 

which suggests biparental inheritance of protection with comparable magnitudes of 

conferred protection from both parents. The hybrid embryos produced with PB females 

showed a trend of lower deformities, which could suggest the presence of maternal 

effects, albeit only a minor influence. While these results suggest a possible secondary 

role of maternal effects on heritability of protection from deformities, they cannot 

discriminate between genetic and epigenetic effects, so study of further generations will 

be necessary to more fully evaluate the heritability of observed resistance. Studies in F. 

heteroclitus reciprocal crosses show similar biparental inheritance, but did not reveal 

differences between hybrid crosses possibly due to limitation of dosing range (Meyer et 
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al., 2002). Further studies are also necessary to determine if maternal effects are present, 

as they may be partially masking the magnitude of adaptive protection from pollutants. 

With these data, we are unable to completely rule out maternal effects, but there is 

enough difference between hybrids to warrant further study. 

 Since PAHs and their metabolites have been known to form adducts or cause 

DNA damage through oxidative stress, we assessed chromosomal damage in embryos 

through flow cytometry for major clastogenic and aneugenic events (Jung et al., 2011; 

Wills et al., 2009, 2010b). Even though PAHs have been known to cause DNA damage 

(Jung et al., 2011), increasing doses of coal tar had no observable effect on chromosomal 

damage. This could be caused by insufficient incubation time or by PAHs causing other 

types of DNA damage, rather than chromosomal breaks. While no dose response was 

observed, PB exhibited significantly lower levels of standing chromosomal damage, 

relative to references, which could suggest increased basal DNA repair mechanisms. 

These mechanisms could be up-regulated due to either the adaptation the populations 

have undergone, or through early life exposure due to maternal depuration. PB also 

exhibited lower levels of damage than VB, pointing to further differences between the 

two adapted populations. The lack of a difference between GB as a reference and only 

one of the resistant populations suggests again that the adaptation between the two sites 

could be more complex. Further investigations of the molecular mechanisms affected will 

be necessary to evaluate the reason for the differences in observed chromosomal damage 

between populations of F. grandis. 

Deformity protection and recalcitrance of CYP1A activity correlate with the 

previous body of literature that has established population adaptation driven by pollutants 
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in Fundulus heteroclitus, the sister species of F. grandis. It has been suggested that these 

adaptations in F. heteroclitus have not arisen de novo in the exposed populations, but 

they rather have been from pre-existing genetic variation (Whitehead et al., 2012). Seeing 

similar genetic adaptation in a sister species may suggest that this genetic variation pre-

dated the split between the two species and exists in F. grandis, which provides an 

opportunity for further studies in comparative genomics. 

 
Conclusions 

 We have successfully identified the first known examples of pollution-driven 

population adaptation in Fundulus grandis. This adaptation has occurred in at least two 

populations inhabiting the Houston Ship Channel. We see substantial protection from a 

known AHR inducer, PCB126, and a significant, but lesser in magnitude, protection from 

the complex PAH mixture, coal tar. CYP1A activity responses in resistant populations 

are recalcitrant and the magnitude of their protein responses also correlate with the 

strength of protection from cardiovascular teratogenesis for the two classes of compounds 

tested. Biparental inheritance suggests that this resistant phenotype has a genetic basis, 

and differences in CYP1A activity responses and DNA damage suggest that the two 

resistant populations may vary in the magnitude of and/or number of specific 

mechanisms involved in observed population adaptation. These findings reveal a novel 

model organism for studying the effects of chronic contamination along the US Gulf 

Coast as well as a possible tool for investigating genomic evolution in teleosts. 
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Table 2.S1: Whole body wet weight toxicant concentrations in fish collected from three sampling 

locations. 

Table 2.S2: Dry weight normalized concentrations for toxicants in sediment collected from three sampling 

locations. 

      Concentration pg/g dw 

      GB PB VB 

P
ol yc hl
o

ri
n B
i

ph en yl
s PCB-81 (TA) ND ND ND 

      
Mean concentrations in 

fish pg/g ww 
Standard Error 

      GB PB VB GB PB VB 
P

ol
yc

hl
or

in
at

ed
 

B
ip

he
ny

ls
 

PCB-81 (TA) ND 310 23 ND 130 9.3 

PCB-77 (TA) ND 4,100 39 ND 1,700 16 

PCB-123 (TA) 76 6,400 850 31 2,600 350 

PCB-118 (TA) 560 37,000 5,300 230 
15,00

0 
2,200 

PCB-114 (TA) 28 1,500 620 11 600 250 

PCB-105 (TA) 260 21,000 1,600 100 8,500 660 

PCB-126 (TA) 9.0 110 25 3.6 47 10 

PCB-167 (TA) 25 680 330 10 280 140 

PCB-156 (TA) 66 2,300 1,500 27 950 620 

PCB-157 (TA) 17 390 180 7.0 160 72 

PCB-169 (TA) 6.5 18 5.7 2.6 7.4 2.3 

PCB-189 (TA) 8.0 63 50 3.2 26 20 

D
ib

en
zo

fu
ra

ns
 

2378-TCDF (TA) 62 37 38 25 15 15 

12378-PeCDF (TA) 7.4 8.5 ND 3.0 3.5 ND 

23478-PeCDF (TA) 8.4 13 ND 3.4 5.2 ND 

123478-HxCDF (TA) 7.4 7.9 ND 3.0 3.2 ND 

123678-HxCDF (TA) 7.4 7.9 ND 3.0 3.2 ND 

123789-HxCDF (TA) 7.4 9.0 ND 3.0 3.7 ND 

234678-HxCDF (TA) 8.4 10 ND 3.4 3.9 ND 

1234678-HpCDF (TA) 8.4 8.7 2.9 3.4 3.6 1.2 

1234789-HpCDF (TA) 7.4 11 ND 3.0 4.3 ND 

OCDF (TA) 22 ND ND 9.0 ND ND 

D
ib

en
zo

-p
-d

io
xi

ns
 

12378-PeCDD (TA) ND ND ND ND ND ND 

123478-HxCDD (TA) 9.5 12 ND 3.9 4.8 ND 

123678-HxCDD (TA) 20 20 ND 8.2 8.3 ND 

123789-HxCDD (TA) 26 23 ND 11 9.4 ND 

1234678-HpCDD (TA) ND ND ND ND ND ND 
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PCB-77 (TA) ND 3,300 260 

PCB-123 (TA) ND 8,800 1,190 

PCB-118 (TA) 140 56,000 5,500 

PCB-114 (TA) ND 1,200 90 

PCB-105 (TA) ND 28,000 1,900 

PCB-126 (TA) 33 360 58 

PCB-167 (TA) 18 2,300 480 

PCB-156 (TA) 37 1,500 2,600 

PCB-157 (TA) 26 1,500 260 

PCB-169 (TA) 15 10 ND 

PCB-189 (TA) 18 250 140 

D
ib

en
zo

fu
ra

ns
 

2378-TCDF (TA) 69 130 140 

12378-PeCDF (TA) 15 10 24 

23478-PeCDF (TA) 11 ND 16 

123478-HxCDF (TA) ND 18 47 

123678-HxCDF (TA) ND 23 ND 

123789-HxCDF (TA) ND ND ND 

234678-HxCDF (TA) ND ND ND 

1234678-HpCDF (TA) 29 87 55 

1234789-HpCDF (TA) ND 23 13 

D
ib

en
zo

-p
-d

io
xi

ns
 12378-PeCDD (TA) ND ND ND 

123478-HxCDD (TA) ND ND ND 

123678-HxCDD (TA) ND ND 34 

123789-HxCDD (TA) ND ND ND 

1234678-HpCDD (TA) 130 100 430 

OCDF (TA) 120 1,000 230 
 

 

 

 

 

 

 

 

 



82 
 

Figures: 

 

 
Figure 2.1: Map of the Galveston Bay with sampling locations from the Houston Ship 

Channel (PB and VB) and the reference location on Galveston island (GB). 
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Figure 2.2: Deformity assessment and CYP1A activity for PCB126 exposed F. grandis 

embryos 

Part A: Difference between developmental cardiac deformity responses to dosing with 

PCB126 of resistant and reference fish populations. Cardiac deformities in the reference 

site Gangs Bayou (GB) increase in a dose-dependent manner (1-way ANOVA p = 

0.0003), while Patrick Bayou (PB) and Vince Bayou (VB) exhibit no significant 

difference in deformities at 144 hpf (1-way ANOVA; PB p = 0.17; VB p = 0.63). Both 

chronically exposed populations exhibit significantly different cardiac deformities when 
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dosed with PCB126 compared to our reference site (regression t-test GB vs PB and VB; p 

< 0.0001), but not between each other (regression t-test PB vs VB; p = 0.3288). Symbols 

represent statistical significance compared to control for GB (*), PB (†), VB (#). 

Part B: Comparison of CYP1A activity dose response (PCB126) between resistant and 

reference populations of F. grandis. GB exhibits an induction in CYP1A activity 

significant at every dosed concentration (1-way ANOVA with Dunnett’s post hoc 

comparisons; p < 0.0001). PB and VB both show a right-shift in CYP1A induction with 

significant onset, compared to within population control, at 0.5 µg/L PCB126 (1-way 

ANOVAs with Dunnett’s post hoc comparisons; p < 0.0001). All three activity curves are 

significantly different from each other (2-way ANOVAs; GB vs. PB: p = 0.0047; GB vs. 

VB: p < 0.0001; PB vs. VB: p = 0.028). Asterisks represent statistical significance. 

Symbols represent statistical significance compared to control for GB (*), PB (†), VB (#). 

 

Figure 2.3: Basal CYP1A activity in F1 F. grandis embryos from contaminated and 

reference populations. Basal CYP1A activities of the chronically contaminated sites, PB 

and VB, are significantly lower than the reference site (1-way ANOVA; p < 0.0003; 

Tukey-Kramer post hoc). Different letters denote statistical significance. 
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Figure 2.4: PCB 126-induced cardiac deformities in F1 embryos from resistant (PB) and 

reference (GB) populations, as well as their reciprocal crosses (GB♀/PB♂, GB♂/PB♀). 

The reference population (GB) and the two reciprocal cross hybrid populations 

(GB♀/PB♂, GB♂/PB♀) exhibit a significant dose-response to exposure with PCB126 

(1-way ANOVA; p < 0.0001). The dose-response relationship of the two hybrid 

populations is significantly different from both the reference site (regression t-test: GB vs 

GB♀/PB♂ p < 0.0001; GB vs. GB♂/PB♀ p < 0.0001) and resistant population 

(regression slope t-test: PB vs GB♀/PB♂ p = 0.0004; PB vs GB♂/PB♀ p = 0.007), but 

does not differ between them (regression slope t-test: GB♀/PB♂ vs GB♂/PB♀ p = 0.18). 

Symbols represent statistical significance compared to control for GB (*), GB♀/PB♂ (†), 

GB♂/PB♀ (#). 
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Figure 2.5: Deformity assessment and CYP1A activity for coal tar exposed F. grandis 

embryos. 

Part A: Cardiac deformity scores in response to coal tar for both resistant and reference 

fish populations. Cardiac deformities increase in a dose dependent manner in all three 

bayous (1-way npANOVA: GB p < 0.0001; PB p < 0.0001; VB p = 0.0003). Deformity 

pattern was significantly different between the reference and chronically contaminated 

populations (regression t-test: GB vs. PB, p < 0.0001; GB vs. VB, p < 0.0001), with a 
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non-significant trend of lower deformities in VB (PB vs. VB, p = 0.08). Symbols 

represent statistical significance compared to control for GB (*), PB (†), VB (#). 

Part B: Comparison of CYP1A activity dose response (coal tar) between resistant and 

reference populations of F. grandis. Compared to within population control, CYP1A is 

induced in GB significantly in the range of 0.5-10 µL/L CT (1-way ANOVA; Dunnett’s 

post hoc p < 0.0001). CYP1A is also induced, compared to within population control, in 

PB in the range of 10-100 µL/L CT (1-way ANOVA; Dunnett’s post hoc p = 0.021) and 

VB between 10-200 µL/L CT (1-way ANOVA; Dunnett’s post hoc p = 0.0014). Enzyme 

induction is significantly different between GB and PB (2-way ANOVA; p = 0.035) and 

GB and VB (2-way ANOVA; p = 0.0005), while PB and VB do not differ (2-way 

ANOVA; p = 0.67). Symbols represent statistical significance compared to control for 

GB (*), PB (†), VB (#). 
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Figure 2.6: CYP1A activity responses to dosing with benzo[k]fluoranthene (BkF) in a 

resistant (PB) and a reference (GB) fish population. CYP1A activity increased in both 

GB and PB as a dose-response to exposure to BkF (npANOVA: GB p < 0.0001; PB p < 

0.0001). The dose-response relationship is not significantly different between reference 

and resistant populations, but overall, CYP1A activity is lower in PB (npANOVA; GB vs 

PB p = 0.045). Symbols represent statistical significance compared to control for GB (*) 

and PB (†). 

 

 

 

 

 

 

 

 



89 
 

 

Figure 2.7: Chromosomal damage in resistant (PB, VB) and reference (GB) fish 

populations following coal tar exposure. There was no significant increase in 

chromosomal damage in any population upon exposure with increasing doses of coal tar 

(1-way ANOVA: GB p = 0.99; PB p = 0.41; VB p = 0.99). GB and VB did not differ in 

chromosomal damage, while PB was significantly lower than both (2-way ANOVA; 

Tukey-Kramer post hoc: GB vs. PB p < 0.006; GB vs. VB p = 0.8; PB vs. VB p = 0.04). 
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Figure 2.8: PCB and PCDD/F concentrations in fish and sediment. 

Part A: Wet weight concentrations for total PCBs and PCDD/Fs in fish homogenates 

from sampled sites. Letters denote statistically different means. Total PCB concentrations 

differed substantially between locations (t-test: GB vs. PB, p < 0.0001; GB vs. VB, p = 

0.03; PB vs. VB, p < 0.0001), while total PCDD/F concentrations were of comparable 

magnitude (t-test: GB vs. PB, p = 0.56; GB vs. VB, p = 0.03; PB vs. VB, p = 0.053). 

Part B: Dry weight sediment concentrations for total PCBs and PCDD/Fs collected at 

sampling sites. GB shows lower concentrations of both classes of compounds than 

contaminated sites. 
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Figure 2.S1: Induction of CYP1A activity in response to PCB126 in PB and VB is right-

shifted, but not down regulated when compared to GB. Threshold of initiation of 

induction is at higher concentrations in the resistant populations, but inducibility of the 

enzyme activity is of comparable magnitudes. 

 

 

 

 

 

 

 

 

 

 



92 
 

 

Figure 2.S2: CYP1A activity in resistant populations is induced at greater magnitudes 

from basal than the enzyme activity in reference sites. Whether there is a right shift 

cannot be determined from this data since the smallest tested dose induced activity in 

resistant populations. 

 

 

 

 

 

 

 

 

 

 

 

 



93 
 

 
 
 

CHAPTER THREE 

Cross-resistance, but no fitness costs, identified in Gulf killifish (Fundulus grandis) 
populations resistant to dioxin-like compounds 

 
This chapter was published as: Oziolor, E.M., Dubansky, B., Burggren, W.W., Matson, 

C.W., 2016b. Cross-resistance in Gulf killifish (Fundulus grandis) populations resistant to 
dioxin-like compounds. Aquatic Toxicology 175, 222-231 

 
 

Abstract 

 The Houston Ship Channel (HSC) in Houston, Texas is an aquatic environment 

with a long history of contamination, including polychlorinated dibenzo-p-dioxins 

(PCDD), polychlorinated dibenzofurans (PCDF), polychlorinated biphenyls (PCBs), 

polycyclic aromatic hydrocarbons (PAHs), and heavy metals. Populations of Gulf 

killifish (Fundulus grandis) from the HSC have adapted to resist developmental cardiac 

deformities caused by dioxin-like compounds (DLCs). Contaminants in the HSC have 

acted as a strong selective pressure on resident Gulf killifish populations. Rapid 

adaptation can lead to fitness costs, some as a direct result of the mechanisms involved in 

the adaptive process, whereas others may be more general. To evaluate potential fitness 

costs, we utilized two Gulf killifish populations with documented resistance to DLC-

induced cardiac teratogenesis (Patrick Bayou and Vince Bayou), one previously 

characterized reference population (Gangs Bayou), and we also characterized a 

previously unstudied population from Galveston Bay as an additional reference 

population (Smith Point). We tested the sensitivity of F1 larvae from these four 

populations to two classes of pesticides (pyrethroid (permethrin), and carbamate 

(carbaryl)) and two model pro-oxidants (tert-butyl hydroquinone (tBHQ) and tert-butyl 
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hydroperoxide (tBOOH)). In addition, we explored their responses to hypoxia and 

measured resting metabolic rates (MO2). Both adapted populations were cross-resistant to 

the toxicity of carbaryl and both pro-oxidants tested. There were no population 

differences in sensitivity to permethrin. On the other hand, one reference population 

(Gangs Bayou) was less sensitive to hypoxia, and maintained a lower MO2. However, 

there were no differences in hypoxia tolerance or resting metabolic rate between the 

second reference and the two adapted populations. This investigation emphasizes the 

importance of including multiple reference populations to clearly link fitness costs or 

cross-resistance to pollution adaptation, rather than to unrelated environmental or 

ecological differences. When compared to previous literature on adapted populations of 

F. heteroclitus, we see a mixture of similarities and differences, suggesting that F. 

grandis adapted phenotypes likely involve multiple mechanisms, which may not be 

completely consistent among adapted populations. 

 
Introduction 

 Much of the United States (US) coastline has been impacted by industrial activity, 

a major source of pollutants known to negatively impact aquatic biota. Estuarine 

environments often contain complex mixtures of toxicants, including high levels of 

polychlorinated dibenzo-dioxins and furans (PCDD/Fs) (Crawford et al., 1995), 

polychlorinated biphenyls (PCBs) (Connolly et al., 2000; Feng et al., 1998), polycyclic 

aromatic hydrocarbons (PAHs) (Walker et al., 2004) and varying combinations of other 

contaminants (Howell et al., 2011). Aquatic organisms can be highly sensitive to the 

adverse effects of PCDD/Fs, PCBs and PAHs, which have a common mode of toxicity in 

fish often described as dioxin-like compound (DLC) toxicity: constitutive induction of 
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the aryl hydrocarbon receptor (AHR) pathway. During sensitive stages of fish 

development, exposure to DLCs leads to developmental defects, including cardiac 

teratogenesis, also known as blue sac disease (Incardona et al., 2004; Safe, 1984; Timme-

Laragy et al., 2007; Wassenberg et al., 2002). However, several populations of fish 

species, including Atlantic tomcod (Microgadus tomcod) (Wirgin et al., 2011), northern 

and southern subspecies of Atlantic killifish (Fundulus heteroclitus) (Arzuaga and 

Elskus, 2002; Wills et al., 2009, 2010b) and Gulf killifish (F. grandis) (Oziolor and 

Matson, 2015; Oziolor et al., 2014), have evolved a resistance to otherwise toxic levels of 

such contaminants. Given the rapid pace of the evolutionary process in each of these 

cases, these findings suggest that standing genetic variation containing adaptive alleles, 

coupled with strong selective pressure, as the most plausible explanation for the observed 

rapid acquisition of resistance to PCDD/Fs, PCBs, and PAHs (Oziolor et al., 2014; 

Whitehead et al., 2010). 

As more populations and more species are found to have adapted to 

anthropogenic contamination, the field of evolutionary toxicology expands (Oziolor and 

Matson, 2015; Wirgin and Waldman, 2004). Adaptation has been observed as increased 

survival of target invertebrates following multiple generations of intentional pesticide 

use, as well as physiological changes in populations unintentionally exposed to toxic and 

persistent byproducts of heavy industrial activity (Martinez and Levinton, 1996; Oziolor 

et al., 2014). Such “evolutionary rescue” often allows resident populations to survive an 

abrupt and often strong selective pressure, e.g. anthropogenic contamination, but can lead 

to future fitness costs for the adapted populations (Bugel et al., 2014; Harbeitner et al., 

2013). To understand the biological significance of population wide adaptive responses, 
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one must consider possible changes in the capability of resident populations to tolerate or 

respond to other environmental pressures (Bickham, 2011). New traits often arise 

alongside trade-offs in physiological function. Although a new trait may be beneficial, it 

can also be incompatible with other mechanisms of physiological function (Ricklefs and 

Wikelski, 2002). The persistence of adaptive alleles, as has been concluded to explain the 

rapid evolution of M. tomcod in response to PCDDs (Wirgin et al., 2011), and the 

concern for population health in the absence of the selective pressure, suggest that an in-

depth understanding of the fitness costs associated with adaptation to contaminated 

environments is necessary to understand the full impacts of adaptation. 

Down-regulation of the AHR pathway rescues the cardiac deformities caused by 

AHR-activating contaminants (Carney et al., 2004; Clark et al., 2010; Matson et al., 

2008). In adapted populations of M. tomcod, this reduced responsiveness results from a 

six base pair deletion in exon 10 of AHR2 (Wirgin et al., 2011). There is some evidence 

for regions of selection in F. heteroclitus (Reitzel et al., 2014), but the mechanism(s) or 

genes responsible for resistance to contaminants have not yet been identified in Fundulus. 

Mechanistically, down-regulating a complex pathway, such as the AHR, can affect 

related pathways and alter their efficiency (Harbeitner et al., 2013). In addition, since 

these contaminants have only been introduced in the past century, strong selective sweeps 

would be necessary for such rapid adaptation to occur (Oziolor and Matson, 2015). Such 

selective sweeps cause shifts in the selective landscape that could alter the susceptibility 

of adapted populations to other natural and anthropogenic stressors found in these 

environments, leading to a physiological or fitness trade-off. Both the mechanistic 
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interactions and shifts in the selection landscape provide cause for concern regarding 

possible fitness costs in adapted populations. 

There is evidence that populations that have adapted by down-regulating the AHR 

response may have compromised population health or higher susceptibility to 

environmental stressors (Dey et al., 1993; Harbeitner et al., 2013). In previous 

investigations, populations of M. tomcod resistant to PCB contamination in the Hudson 

River were suggested to have shorter life spans than reference populations (Dey et al., 

1993). Northern populations of F. heteroclitus, also resistant to PCBs, had higher 

susceptibility to oxidative stress (Harbeitner et al., 2013), as well as a down-regulated 

response to estrogenic agonists (Bugel et al., 2014; Greytak et al., 2010). Southern 

populations of F. heteroclitus from the Elizabeth River (chronically contaminated with 

PAHs) had higher occurrences of liver neoplasia (Van Veld et al., 1991; Van Veld et al., 

1992; Vogelbein et al., 1990; Vogelbein and Unger, 2006), which was originally 

considered a possible fitness-cost. Later it was discovered that when reference and 

adapted populations were exposed to benzo[a]pyrene, adapted fish developed lower 

numbers of abnormal liver lesions (Wills et al., 2010a), suggesting partial cross-

resistance rather than a fitness cost. Other investigations include possible susceptibility to 

fluoranthene phototoxicity and hypoxia in the same adapted population of F. heteroclitus 

from the Elizabeth River (Meyer and Di Giulio, 2003). On the other hand, that population 

was also less susceptible to some oxidative stress associated with PAHs (Meyer et al., 

2003), and to pesticide toxicity (Clark and Di Giulio, 2012). Understanding the trade-offs 

that arise in these populations alongside adaptive traits may provide information about 



98 
 

mechanisms of resistance by highlighting overlapping pathways that may compete for 

energy or resources (Ricklefs and Wikelski, 2002). 

 Recent research shows that F. grandis populations from the Houston Ship 

Channel, TX (HSC)  are resistant to PCB and PAH-induced cardiac teratogenesis 

(Oziolor et al., 2014). The HSC, a part of the greater Galveston Bay, is a heavily 

industrialized environment with a variety of contaminants present, which historically 

have been found at toxic concentrations in this area (Lakshmanan et al., 2010; Yeager et 

al., 2007). Among these contaminants, PCDD/Fs, PCBs and PAHs are prevalent in biota 

and sediment (Aguilar et al., 2013; Aguilar et al., 2014; Subedi and Usenko, 2012), but 

heavy metals and pesticides are found in large concentrations as well (Anchor QEA, 

2010). Besides these anthropogenic sources of environmental stress, the greater 

Galveston Bay area has also been impacted by an array of stressors, often causing large 

fish kill events (Thronson and Quigg, 2008). The heavy urbanization of the HSC and 

nearby areas has contributed to an increase in hypoxic events that pose a danger to 

resident fish populations (McInnes and Quigg, 2010). Shipping activities in the HSC, 

through release of ballast waters, has resulted in the introduction of a variety of algal 

species (Steichen et al., 2012), which in combination with the heavy eutrophication of the 

area, has increased the occurrence of harmful algal blooms in Galveston Bay (Steichen et 

al., 2012). Resident resistant Gulf killifish populations represent an environmentally 

relevant model for studying evolutionary responses to anthropogenic contaminants, 

including potential fitness costs.  

The Gulf killifish (Fundulus grandis) is a ubiquitous euryhaline teleost along the 

Gulf coast (Gonzalez et al., 2009). Populations of F. grandis have short generation 
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turnover times and high site fidelity, which suggests similar exposure histories over 

numerous generations (Nelson et al., 2014; Williams et al., 2008). As a widely 

distributed, and locally common teleost on the Gulf coast, with broad scientific literature 

coverage of the closely related F. heteroclitus (Burnett et al., 2007), and increasing 

representation in the literature itself, F. grandis is an ideal model for population genetic 

and adaptation studies in the Gulf of Mexico. In addition, it is an environmentally 

relevant model whose health may be indicative of the health of the larger ecosystem. 

Anthropogenic contamination of the HSC with DLCs has led to the adaptation of 

F. grandis populations, resulting in increased resistance to the characteristic 

cardiovascular deformities associated with these legacy pollutants (Oziolor et al., 2014). 

The altered selective landscape that is necessary for rapid population adaptation can 

cause strong over-representation of specific genotypes associated physically with the 

adaptive alleles (i.e. genetic hitchhiking), loss of genetic diversity (Bickham et al., 2000) 

and alterations in population-wide phenotypes because of altered molecular pathways 

(Bickham, 2011), in this case the AHR pathway. These effects can result in populations 

under strong selective pressure to also present with fitness costs, defined as a lower 

capacity to deal with stressors of a different type (Ricklefs and Wikelski, 2002; Xie and 

Klerks, 2004). These fitness costs represent a physiological trade-off that is associated 

with the inheritance of a resistant phenotype (Ricklefs and Wikelski, 2002; Xie and 

Klerks, 2004). The variety of physical, chemical and biological stressors in Galveston 

Bay poses a threat to resident fish populations. Given the recent discovery of adapted F. 

grandis populations, it is essential to understand whether acquired resistance to DLC-

induced cardiovascular teratogenesis has associated fitness costs, which may also be 
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useful to more fully understand all of the mechanisms involved in the resistant phenotype 

(Thronson and Quigg, 2008).  

Previous research in F. heteroclitus, the sister species of F. grandis, has 

documented cases in which pollution adaptation to a variety of DLCs has been associated 

with fitness costs. To unite the investigation of possible fitness costs in adapted 

populations of F. grandis to the very complex contamination in the HSC, it is necessary 

to examine the physiological response to multiple natural and anthropogenic stressors to 

identify potential differences in susceptibility between reference and resistant populations 

in Galveston Bay. Similar to Clark and Di Giulio (2012), we have selected pesticides 

from two classes, a pyrethroid (permethrin) and a carbamate (carbaryl), which are 

detoxified by cytochrome P450 1A (CYP1A), a downstream product of AHR pathway 

activation (Clark and Di Giulio, 2012; Tang et al., 2002). Mechanistically, a down-

regulated CYP1A response associated with resistance should cause the adapted 

populations of F. grandis to be more susceptible to these pesticides, although the 

opposite was observed in resistant F. heteroclitus (Clark and Di Giulio, 2012). Despite 

those findings, there have been multiple differences found even between Elizabeth River 

adapted F. heteroclitus (Clark and Di Giulio, 2012) and adapted F. heteroclitus 

populations from other locations (Harbeitner et al., 2013). Thus, we chose to investigate 

the susceptibility of F. grandis populations to these two classes of pesticides to examine 

the potential differences or similarities between populations. In addition, we chose to use 

the same testing system to investigate susceptibility to oxidative stress utilizing tert-butyl 

hydroperoxide (tBOOH) and tert-butyl hydroquinone (tBHQ). Both of these compounds 

are model pro-oxidants; tBOOH is known for inducing general oxidative stress, while 
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tBHQ is well known to induce the Nrf2 pathway (Harbeitner et al., 2013; Meyer and Di 

Giulio, 2003; Meyer et al., 2003; Timme-Laragy et al., 2012). The necessity for testing 

oxidative stress comes both from the strong oxidative potential of some of the 

compounds in the HSC, such as PAHs, as well as the recalcitrant AHR2 in resistant 

populations, which under normal conditions is known to control the induction of the Nrf2 

pathway in fish (Harbeitner et al., 2013). These reasons suggest a possible natural stressor 

or mechanistic disadvantage for adapted F. grandis populations, therefore warranting 

investigation.  

Exposure to low oxygen (hypoxia) activates the hypoxia inducible factor pathway 

(HIF) in vertebrates (Xiao, 2015). The HIF and AHR pathways are unified by their 

shared use of a molecular chaperone called the aryl hydrocarbon receptor nuclear 

translocator (ARNT). Briefly, both HIF and the AHR must bind to ARNT after entering 

the nucleus to further bind to DNA and act as transcription factors, initiating the 

upregulation of the genes associated with either the HIF or the AHR pathway. As such, 

the HIF response can reduce the activation of the AHR pathway by sequestering the 

available ARNT within each cell (Chan et al., 1999; Schmidt and Bradfield, 1996). On 

the other hand, AHR active compounds can increase HIF activity in a dose-dependent 

manner, which is a byproduct of the presence xenobiotic responsive elements on HIF 

responsive genes, to which the AHR complex can also bind (Chan et al., 1999; Fleming 

et al., 2009). Since adapted HSC F. grandis have a recalcitrant AHR response, the 

reduction in AHR activity could be associated with a possibly reduced overall HIF 

response in adapted fish, influencing their ability to respond to hypoxia. As a robust 

hypoxia response is an essential trait for organisms living in an estuarine environment, 
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and a possible lower hypoxia tolerance has been described in adapted Elizabeth River F. 

heteroclitus (Meyer and Di Giulio, 2003), we chose to test the effects of acute hypoxia on 

resistant HSC F. grandis.  

An alternative justification for studying hypoxia and oxygen consumption is the 

potential for higher oxygen demand resulting from a higher metabolic load (i.e. increased 

biotransformation and excretion). Muscle oxygen consumption (MO2) in laboratory 

conditions is thought to be proportional to MO2 in active wild organisms (Brown et al., 

2004). Thus, MO2 should be a good indicator of metabolic demands in field populations 

(Brown et al., 2004). Given the increased demand for biotransformation and excretion of 

toxicants that resistant HSC fish are subjected to in their natural environment, we 

hypothesized that there would be increased oxygen consumption in these populations 

relative to reference populations. In addition, it is known that the main pathway (AHR) 

for biotransformation of these contaminants is recalcitrant in adapted fish; therefore 

alternative pathways that may be responsible for this process could be less efficient and 

thus more metabolically costly. With these hypotheses in mind, we chose to examine 

resting metabolic rate in resistant and reference populations of F. grandis at various 

oxygen levels to better understand possible differences in their metabolic needs. 

With these tests, we aim to understand whether physiological trade-offs 

associated with resistance exist in F. grandis populations living in the industrialized 

portion of the HSC. We are interested in trade-offs that may impede the ability of those 

fish to deal with environmental stressors that co-occur alongside the industrial 

contaminants in Galveston Bay. 
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Materials and methods 

 
Fish acquisition and care 

Fish were collected using minnow traps placed at four locations in Galveston Bay 

(Table 1). All fish were treated with praziquantel (PraziPro CD-22968, Aquarium 

Solutions, Spokane Valley, WA, USA) at 15 mL/100 gal twice, after which they were 

depurated and allowed to acclimate for one month prior to experimentation. Fish were 

maintained at 10 parts per thousand (ppt) salinity in artificial salt water (ASW) prepared 

with Instant Ocean (Mentor, OH, USA) and maintained in a recirculating water system 

with mechanical, biological and UV filtration on a 14:10 light:dark cycle at 

approximately 25°C. Water quality was monitored daily and weekly water exchanges 

were performed to ensure water quality. Feedings were performed twice daily using 

pellet feed (Aquamax®, Fingerling Starter 200, PMI Nutritional International, LLC, 

Brentwood, MO, USA) and Tetramin® Tropical Fish Food (Tetra Systems, Blacksburg, 

VA, USA). 

 
Larval conditioning 

Fish were spawned manually by pooling oocytes with milt. Aseptic technique was 

used to prevent contamination between populations during spawning. After a 30 minute 

incubation period, fertilized embryos were treated with 0.3% hydrogen peroxide (H2O2) 

for one minute to prevent fungal and bacterial infections, after which they were triple 

rinsed and incubated in 10 ppt ASW at 28°C at a 14:10 light:dark cycle. At 24 hours post 

fertilization (hpf) eggs were plated on western blot paper dampened with 10 ppt ASW for 

air incubation for 9 days. At 10 days post fertilization (dpf), embryos were immersed in 
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water, western blot paper was removed and plate was and placed on an orbital shaker for 

30 minutes at 55 rotations per minute (rpm) to stimulate hatching. Hatched larvae were 

placed in 2 L of 10 ppt ASW. Larvae were fed newly hatched Artemia franciscana (Brine 

Shrimp Direct, Ogden, UT, USA) daily and 80% water changes were done every 48 

hours. 

 
Chemicals and Dosing 

At 7 days post hatch (dph), larvae were placed in groups of 10 into 100 mL of 10 

ppt ASW in hexane-rinsed glass jars. After a 30 minute acclimation period, the ASW was 

removed from each container and was replaced with 100 mL dosing solution containing 

DMSO (0.1%) as a carrier for permethrin (0, 25, 50, 100, 200, 400 μg/L), carbaryl (0, 5, 

10, 15, 20 mg/L) or tert-butyl hydroquinone (0, 0.1, 0.5, 0.75, 1, 1.5, 2, 3 µM). Aqueous 

solutions of tert-butyl hydroperoxide (tBOOH) (0, 2, 3, 4, 5 mM) were also dosed 

similarly in 100 mL volumes, but without the addition of DMSO. All chemicals were 

purchased from Sigma-Aldrich (St. Louis, MO, USA). After 24 hours of immersion in 

dosing solutions, larvae were screened and mortality was established by lack of 

movement and/or lack of heartbeat. Each jar represented a single dose and was 

considered as a single replicate. The following results represent a minimum of three 

separate experiments replicating each concentration for all populations, toxicants and 

doses. 

 
Loss of Equilibrium 

Hypoxia tolerance in F. grandis populations was determined by exposing fish to 

acute hypoxia and monitoring the amount of time until fish lost equilibrium (Ho and 
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Burggren, 2012). Spawning, incubation and hatching was performed as above. Upon 

hatching, larvae from each population were housed individually at 20°C in 5 mL of 10 

ppt ASW in standard 12-well cell culture plates (Falcon®, cat#353043, Corning 

Incorporated, NY, USA). Fish were fed twice daily to cessation, prior to a complete water 

change to remove food from each chamber. 24 hours prior to the 15 dph time point 

experiments, larvae were transferred to 20°C for acclimatization. 

Loss of equilibrium (LOE) experiments were conducted in 1 mL glass vials (LOE 

chambers) filled with hypoxic ASW (0.28 ± 0.02 kPa) plugged with dental wax to 

prevent larva from accessing oxygen from the air. Hypoxic ASW was created by passing 

nitrogen though a glass 2000 mL Erlenmeyer flask, filled to the neck with ASW, for 24 

hours prior to experimentation. Oxygen partial pressure (PO2) and temperature were 

continuously monitored in the flask with voltage electrodes connected to OXY-REG and 

TEMP-REG units, interfaced to a computer though a DAQ-M controller (Loligo 

Systems, Tjele, Denmark). A peristaltic pump was used to deliver hypoxic water to the 

LOE vial via Tygon tubing (1.14 mm i.d.) that passed through a glass chamber outfitted 

with an oxygen optode - PreSens Oxy-4 (Precision Sensing GmbH, Rosenberg, 

Germany), and monitored continuously to ensure oxygen tension was maintained 

between the flask and LOE vial. 

LOE chambers were first flushed with hypoxic ASW for 30 seconds. 

Approximately 200 µL ASW was removed from the chamber prior to transferring a larva. 

Additional hypoxic water was then added to the chamber for 15 seconds (approx. 5 mL) 

to flush any oxygenated water, thus keeping the vial at the same oxygen tension as the 
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source water. After which, timing began as chambers were plugged with a small ball of 

dental wax.  

Larvae were monitored in the LOE chambers until they began to lose equilibrium, 

as defined by turning the LOE chamber on the anterior-posterior or left-right axis. Upon 

the first instance of LOE, the vial was gently inverted. Upon inversion of the vial, if the 

larvae responded by swimming or other movements, the vial was set down until LOE was 

observed again. If movement was not observed, two additional inversions were 

performed with five seconds between inversions. If three inversions were conducted with 

no response, the time was recorded as the time until loss of response (LOR). After three 

hours of recovery in normoxic ASW, fish were weighed, and loss of equilibrium was 

calculated as the LOR time per milligram fish (min/mg). 

No mortalities were observed during or within two days of experimental time 

points and survival to Day 15 was acceptable for all populations (GB=95.5%; SP=90.9%; 

PB=100%; VB=87.5%). 

 
Metabolic rate. 

The rate of oxygen consumption per milligram of larvae over time was recorded 

to determine the resting metabolic rate (MO2) in unfed fish at rest. Larvae from each 

population were hatched as above and held together in 1-L polyethylene tanks at 23°C in 

aerated 10 ppt ASW prior to experiments. Daily 50% renewal of ASW was conducted 

one hour after feeding of Artemia nauplii, and larvae were fasted for one day prior to 

experiments by replacing all water and removing remaining Artemia.   

Experiments were conducted using a 24-well plate format to continuously monitor 

oxygen in 3 mL chambers. Briefly, two SensorDish® Readers, each capable of 
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simultaneously measuring oxygen in 24 chambers, were linked to allow continuous 

monitoring of oxygen in two 24-well OxoDish® OD24 oxygen sensor plates using SDR 

v38 software (Precision Sensing GmbH). Sensor Dish Readers (SDR) were installed in an 

incubator and temperature was maintained at the SDR at 23°C and was continuously 

monitored through an integrated sensor. On the day of the experiment, fish were 

randomly selected from each population and randomly distributed into the chambers of 

the OxoDishes, with two larvae per chamber (N ≥ 6 chambers per population) to promote 

mixing of oxygen and due to small size-to-chamber ratio. Chambers without larvae were 

filled with either ASW or anoxic water (1% NaSO3 in ASW) and monitored 

simultaneously as standards, and experiments were conducted multiple times in the same 

manner. 

Oxygen consumption for each chamber was calculated over time as oxygen was 

consumed within each chamber. MO2 was calculated as mmol of oxygen per gram per 

hour (Figure 3). 

 
Data analysis 

The toxicant exposure mortality curves were compared using JMP 10 statistical 

software and R statistical software (R Core Team, 2015) using the drc bioassay analysis 

package (Ritz, 2005). The dose-response curves were first analyzed with a one-way 

ANOVA with a Tukey HSD post hoc test. Following this analysis, R software was used 

to determine which portions of the dose-response curves were driving differences 

between populations. Regression analysis (3 parameter, log-logistic) was performed with 

the drm function of the drc package. Every regression was compared to the ANOVA 

analysis through a lack-of-fit test and only regression models that explained more 
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variability than the ANOVA models were used. After best fit was approved, LC10 and 

LC50 values were compared between populations with 95% confidence interval 

comparisons as indicators of significance of differences. 

 The loss of equilibrium dataset was analyzed by a goodness of fit test and showed 

a significant deviation from the normal distribution. It was further subjected to a Kruskal-

Wallis non-parametric test with Dunn’s post hoc analysis using JMP 10 statistical 

software. 

 Resting metabolic rate data were grouped by binning the data into six categories 

based on oxygen tension (a. 17-20 kPa, b. 14-16 kPa, c. 11-13 kPa, d. 8-10 kPa, e. 5-7 

kPa, f. 0-4 kPa).  Consumption data and oxygen tensions were averaged in those bins for 

each population and subjected to a 2-way ANOVA to determine relationship between 

oxygen tension and MO2, as well as differences in MO2 between populations. In addition, 

the top 2 bins were pooled and compared using a Kruskal-Wallis test with Wilcoxon 

Each Pair comparison to determine differences in MO2 between populations strictly at 

normoxic conditions (14-20 kPa). All MO2 data were analyzed using JMP 10 statistical 

software. 

 Cardiac deformity and EROD were analyzed as previously described by Oziolor 

et al. (2014). Briefly, cardiac deformity data was rank transformed and the novel 

population (SP) was tested with a 1-way non-parametric (np) ANOVA with Dunnett’s 

post hoc test for dose-response relationship with PCB126, a model DLC compound. 

Differences between populations were tested with 2-way non-parametric (np) ANOVA 

and Tukey HSD post hoc test. EROD data exhibited a Weibull distribution and was Box-

Cox transformed. Dose-response to PCB126 for SP was tested with a 1-way ANOVA and 
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Dunnett’s post hoc test, while population differences were tested with a 2-way ANOVA 

and Student’s t-test post hoc analysis. 

 
Results 

 
Permethrin dosing 

The larval mortality experiments with permethrin showed large variability around 

individual concentrations for each population. The dose-response relationship between 

permethrin concentration and mortality was significant (1-way ANOVA; p<0.0001) 

(Figure 1A). On the other hand, the mortality responses of resistant populations (PB and 

VB) did not differ from our reference (GB) (2-way ANOVA; Tukey HSD post hoc: GB 

vs. PB, p=0.825; GB vs. VB, p=0.597; PB vs. VB p=0.311) (Figure 1). Similarly, the 

LC10 and LC50 responses did not differ significantly between populations, and had very 

broad confidence intervals (Figure 2A). 

 
Carbaryl dosing 

Larval mortality dose-response curves were also significant when populations 

were exposed to carbaryl, and there was a significant difference in the responses between 

populations (2-way ANOVA; Concentration p<0.0001; Population p=0.0006) (Figure 

1B). In this case, one of our resistant populations (VB) had significantly lower mortality 

than both reference populations (SP and GB), while the other resistant population (PB) 

was intermediate and only significantly different from one reference (SP) (2-way 

ANOVA; Tukey HSD post hoc: SP vs. GB, p=0.63; GB vs. PB, p=0.287; SP vs. PB, 

p=0.0164; SP vs. VB, p=0.001; GB vs. VB, p=0.05; PB vs. VB, p=0.850) (Figure 1B). 

The LC10 estimates were significantly different between GB and VB, with an 
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intermediate and non-significant LC10 for PB (Figure 2B). On the other hand, both 

resistant populations had significantly higher LC50 concentrations for carbaryl than GB, 

which was significantly higher than the LC50 value for SP. 

tBOOH dosing 

 The dose-response relationship between tBOOH and larval mortality was 

significant and also significantly different among populations of F. grandis (2-way 

ANOVA; Concentration p<0.0001, Population p=0.0004) (Figure 1C). Both reference 

populations had similar mortality curves. One of the resistant populations (VB) had 

significantly lower mortality than both references, while the other resistant population 

(PB) had intermediate, but not significantly different, mortality (2-way ANOVA; Tukey 

HSD post hoc: SP vs. VB, p=0.0004; GB vs. VB, p=0.0065; SP vs PB, p=0.073; PB vs. 

VB, p=0.297; GB vs. PB, p=0.395; SP vs. GB, p=0.781) (Figure 1C). The LC10 response 

of one resistant population (VB) was significantly different and higher than both 

reference populations (SP and GB), while the other resistant population (PB) had an 

intermediate response and was not significantly different from either group (Figure 2C). 

On the other hand, the LC50 responses of both resistant populations were significantly 

elevated relative to the reference populations. Further there were differences among the 

resistant populations, where the VB population had a significantly higher LC50 value for 

tBOOH than the PB population (Figure 2C). 

 
tBHQ dosing 

There was a significant relationship between tBHQ concentration and larval 

mortality, but not a difference between reference and resistant populations (2-way 

ANOVA; Tukey HSD post hoc: Concentration p < 0.0001; Population p = 0.29; SP vs. 
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PB, p = 0.32; SP vs. VB, p = 0.44; PB vs. VB, p = 0.98) (Figure 1D). However, both 

resistant populations had significantly higher LC50 values than the reference (SP), 

whereas their LC10 values did not differ (Figure 2C). 

 
MO2 and Loss of Equilibrium 

At two weeks post hatch, the MO2 of all four populations tested was dependent 

upon the amount of oxygen present in the surrounding water from normoxia through 

hypoxia, indicating a pattern indicative of an oxygen conformer (2-way ANOVA; p < 

0.0001) (Figure 3). Total oxygen consumption was significantly lower in GB larvae 

(reference) compared to both VB and PB resistant populations and the SP reference 

population (2-way ANOVA; Tukey HSD post hoc: GB vs. SP, p = 0.042; GB vs. PB, p = 

0.007; GB vs. VB, p = 0.044; SP vs. PB, p = 0.86; SP vs. VB, p = 1.0; PB vs. VB, p = 

0.85) (Figure 3). During normoxia (14-20 kPa), the difference in MO2 has increased 

significance, indicating that the MO2 in GB fish is lower than that of the other 

populations (see below)(Figure 4) (Kruskal-Wallis; Wilcoxon Each Pair post hoc: GB vs. 

SP, p = 0.003; GB vs. PB, p = 0.01; GB vs. VB, p = 0.02; SP vs. PB, p = 0.40; SP vs. 

VB, p = 0.28; PB vs. VB, p = 0.37). In addition to having a lower MO2, GB fish also had 

a significantly higher tolerance to hypoxic conditions, as indicated by the higher LOE 

value (Kruskal-Wallis; Dunn’s post hoc: p<0.0001; GB p-value <0.01 for all 

comparisons) (Figure 5). All other populations followed the same trend as for MO2 

exhibiting similar times for LOE. 
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Cardiac deformity and EROD 

The newly characterized SP population exhibited a significant dose-response 

relationship with PCB126, with significance at and above 1ppb (1-way npANOVA; 

Dunnett’s post hoc: p < 0.0001) (Figure S1). This response was significantly different 

from that of both PB and VB, but not of GB (2-way npANOVA, p < 0.0001; Tukey HSD 

post hoc: SP vs. GB, p = 0.92; SP vs. PB, p = 0.0002; SP vs. VB, p < 0.0001) (Figure 

S1). 

 The EROD activity dose-response of SP to PCB126 was also significant at every 

dose above control (1-way ANOVA, p < 0.0001; Dunnett’s post hoc) (Figure S1). This 

response was significantly different from that of PB and VB, but not GB (2-way 

ANOVA, p < 0.0001; Student’s t-test: SP vs. GB, p = 0.75; SP vs. PB, p = 0.011; SP vs. 

VB, p < 0.0001) 

 
Discussion 

 In this investigation we found that DLC-resistant populations of F. grandis are 

also resistant to the pesticide carbaryl (Figures 1B and 2B). This is similar to the findings 

of Clark and Di Giulio (2012), although here we showed that the resistant F. grandis 

populations from the HSC were slightly less sensitive than resistant F. heteroclitus larvae 

from the Elizabeth River in Virginia. Since carbaryl is detoxified by CYP1A, resistant 

populations with a recalcitrant CYP1A activity should be more sensitive to carbaryl 

(Oziolor et al., 2014). Carbaryl is also known to be metabolized by cytochrome p450 3A4 

(CYP3A4) in human cells, leading to a different set of non-toxic metabolites (Tang et al., 

2002). CYP3A4 is an enzyme regulated by both the pregnane X receptor (PXR) and the 

aryl hydrocarbon receptor (AHR) (Grans et al., 2014). In fish, the closest homologue to 
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the human CYP3A4 is the CYP3A30/56 form of the enzyme that has been identified in F. 

heteroclitus (Bugel et al., 2014). So, it is not surprising that resistant F. heteroclitus 

populations utilize both PXR and CYP3A30/56, while responding to model PCBs, in 

contrast to reference populations (Grans et al., 2014). This finding suggests that it is 

possible that adapted populations of Fundulus may be using an alternative pathway for 

the biotransformation of contaminants, rather than the down-regulated AHR pathway. 

There have been studies that suggest resistant populations of F. heteroclitus display 

differential biotransformation of benzo[a]pyrene (BaP), which could lead to less toxic 

metabolites being produced (Wills et al., 2010a). If there is increased CYP3A30/56 

activity in adapted Fundulus, and if it yields different metabolites for carbaryl than those 

produced by CYP1A, that could possibly explain the cross-resistance to carbaryl in 

adapted F. grandis. In addition, if there is an alternative detoxification mechanism, this 

could lead to an improved excretion efficiency for toxic metabolites and thus reduce the 

toxicity of the compound. Carbaryl can also be metabolized by other enzymes of the CYP 

family (Tang et al., 2002), leading to similar less toxic metabolites or faster clearance. 

Some CYPs can be activated by the PXR as well as AHR transcription factors, like 

CYP3s (Grans et al., 2014). Since both pathways act as defense mechanisms for 

detoxification and given that both PXR and AHR have a variety of ligands (Grans et al., 

2014; Hahn, 2001), it is plausible that the PXR pathway could be upregulated in adapted 

populations to compensate for the recalcitrant AHR in adapted F. grandis (Oziolor et al., 

2014). 

 Adapted populations of F. grandis also showed a cross-resistance to the model 

pro-oxidants tBOOH and tBHQ, highlighted by a lower dose-response in terms of an 
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increased LC10 and LC50 (Figures 1C, 2C and 1D, 2D respectively). A similar cross-

resistance to tBOOH was seen in adapted Elizabeth River F. heteroclitus, measured as 

differences in LT50 (Meyer et al., 2003). Previous studies in northern populations of F. 

heteroclitus investigating sub-lethal effects of tBHQ suggest that the higher susceptibility 

of these fish is a fitness-cost/trade-off that accompanies the resistance to DLCs 

(Harbeitner et al., 2013). A possibility for the differences in results is that the sub-lethal 

deformities examined as an end-point by Harbeitner et al. (2013) could be highlighting 

earlier developmental susceptibility of embryos, rather than an overall resistance to 

mortality in larvae, as examined here. On the other hand, both of the oxidative stress 

agents that were investigated here were, in comparison, less toxic to adapted F. grandis 

populations. This suggests that there is either a large difference in the selective pressures 

imposed on F. grandis populations from the HSC compared to northern F. heteroclitus 

populations, or a unique mode of adaptation. The latter is a hypothesis for which there is 

little evidence, while the former could be caused by the relatively high levels of PAH 

contamination in the HSC (Oziolor et al., 2014).  

The increased capacity for dealing with oxidative stress poses an interesting 

question regarding the origin of that trait in resistant populations. It has been known that 

PAHs, especially as studied in oil mixtures, are capable of inducing oxidative stress 

responses in fish, often attributed to highly redox-active metabolites (Crowe et al., 2014; 

Holth et al., 2014). Since PAHs are responsible for a large part of the contamination in 

the HSC, their presence could explain this cross-resistance to oxidative stress in adapted 

populations. The chronic exposure to oxidative stress could act as a selective pressure on 

F. grandis populations in the HSC. These suggestions are supported by our findings that 
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adapted F. grandis populations tend to have less mortality when exposed to tBHQ 

(Figure 2D), another oxidative stress agent.  

 Despite similarities in the cross-resistance of adapted F. heteroclitus and F. 

grandis populations to carbaryl, we did not observe a cross-resistance in the pyrethroid 

pesticide permethrin, which was seen in F. heteroclitus (Clark and Di Giulio, 2012). In 

addition to this lack of cross-resistance we have already observed a stronger resistance to 

carbaryl in adapted F. grandis populations in this manuscript, as well as a weaker 

resistance to PAH-induced cardiac deformities in previous studies (Oziolor et al., 2014). 

These data strongly suggest that there may be differences in the mechanisms through 

which these disparate populations of closely related species have adapted to DLC 

toxicity. The HSC offers a complex chemical environment comprised of PCDD/Fs, PCBs 

and PAHs (Anchor QEA, 2010; Howell et al., 2011; Howell et al., 2008; Lakshmanan et 

al., 2010), while the Elizabeth River is more strongly associated with PAH contamination 

(Landers, 2006; Walker et al., 2004). Differences in selective pressure and a majority of 

cross-resistance traits suggest that Fundulus species and populations may be adapting in 

mutation order manner with the common phenotype of resistance to early developmental 

effects of DLCs. There is evidence that supports a multi-locus adaptation in F. 

heteroclitus, which allows for the possibility of various loci contributing to the adaptive 

phenotype seen across Fundulus adapted populations (Whitehead et al., 2012). 

 While discussing mutation-order adaptation, it is necessary to note that there are 

differences between the sensitivities of these four F. grandis populations to carbaryl and 

tBOOH. In a previous study we also observed significantly lower CYP1A activity in the 

VB population compared to PB, while both resistant populations had significantly lower 
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induction than the reference population (GB) (Oziolor et al., 2014). Here we also show 

differences between resistant populations, where VB is less susceptible to both carbaryl 

and tBOOH than PB. As such, the dose-response and LC10 of PB to carbaryl is 

intermediate between the references (GB, SP) and VB, while the LC50 is significantly 

higher than GB and SP (Figures 1B and 2B). The same is true for the dose-response and 

LC10 for tBOOH, where PB is intermediate between the two references (GB and SP) and 

the cross-resistant VB (Figures 4 and 5), while it has an LC50 that is significantly higher 

than the reference populations. This consistent intermediate response of PB compared to 

VB suggests that there may be a systematic difference between the two populations. In 

addition, one reference site (SP) exhibits a higher sensitivity to carbaryl compared to the 

other (GB) (Figures 1B and 2B). One possible source of the population difference could 

be a lower frequency of adaptive alleles in PB, which could arise because of high 

immigration or maintenance of non-adaptive genotypes within the adapted population. In 

this case, the adaptive phenotype would be represented at a lower frequency in PB and 

would result in an intermediate dose-response between a population with fully fixed 

adaptive genotypes and reference site populations with low or no adaptive genotypes. 

Similarly, few adaptive genotypes in GB could explain its lower sensitivity to carbaryl 

compared to SP (additional difference between reference sites discussed below.) On the 

other hand, PB and VB may be subject to varying selective pressures because of local 

differences in contaminant profiles. Such differences could result in varying adaptive 

alleles being under selection in PB and VB, thus causing some populations to be more 

resistant to certain classes of contaminants (carbamates, pro-oxidants) than others. Lastly, 

as suggested above, it is possible that the two populations have reached a highly similar 
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adaptive phenotype through mutation-order adaptation. If the combinations of adaptive 

alleles necessary for evolutionary rescue in PB and VB were different at the onset of 

selective pressure (~70 years ago), it is possible that the two populations fixed different 

combinations of adaptive alleles, leading to similar, but slightly different phenotypes. Of 

course, migration between these sites would likely disrupt such geographic adaptive 

structuring, but it has been suggested in recent F. grandis mark-recapture studies that 

migration is quite limited (Nelson et al., 2014). 

 Metabolic rate and responses to hypoxia were linked in these experiments, as 

expected. However, the pattern of effects shown was not in accordance with resistance to 

DLCs, or the other chemicals tested. Here, F. grandis from one reference population 

(GB) was divergent from both resistant populations (PB and VB) and also the other 

reference population (SP) (Figures 3-5). GB larvae took significantly longer to reach loss 

of equilibrium compared to VB, PB and SP, indicating that GB larvae have an increased 

ability to handle hypoxia at two weeks post-hatch (Figure 5). Not surprisingly, GB also 

had significantly lower overall MO2 (Figure 3), which was most prominent under 

normoxic conditions (Figure 4). This is explanatory of the increased ability to tolerate 

hypoxia, as the lower MO2 of GB larvae will utilize less of the available oxygen. Since 

the GB reference larvae were divergent from the second reference population (SP), which 

performed similarly to the resistant populations (VB and PB), it is most likely that the 

physiological phenotypes displayed in RMR and acute response to hypoxia are 

independent of the mechanism of resistance to pollution identified in F. grandis from the 

HSC.  
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In addition to choosing two sites with little to no history of industrial pollution, 

we characterized both SP and GB in terms of their ability to resist cardiac teratogenesis 

and the inducibility of their AHR pathway, through CYP1A activity, and confirmed that 

both sites behave in a similar fashion, and are consistent with F. heteroclitus reference 

populations from previous studies as well (Figure S1). Whereas the AHR pathway 

responses and sensitivity to DLCs are similar among the two reference populations, the 

same was not true for all of the tested endpoints. Having a reference population that 

behaved similarly to resistant populations, but not to another reference population, in 

terms of MO2 and hypoxia response, suggests that these traits are more likely to have 

diverged based on a common environmental variable between the three similar sites (SP, 

PB, VB), independent of the history of pollution shown for the resistant populations (PB, 

VB). In this case, we were clearly able to distinguish between what would have appeared 

to have been a fitness-cost (lower capacity to deal with hypoxia) if GB was the sole 

reference. A true reference population would be the closest possible representation of the 

phenotype and genotype of an adapted population before the selective pressure was 

introduced. There are few evolutionary toxicology studies that select multiple reference 

populations to confirm that observed adaptive responses and potential fitness costs or 

cross-resistances are functionally linked. However, our data strongly demonstrate the 

importance of including multiple reference sites when exploring the mechanisms and 

costs of anthropogenic evolutionary adaptation as done in a few previous studies (Nacci 

et al., 2002; Nacci et al., 2010; Williams and Oleksiak, 2008). 

 Given the lack of difference found between one of the reference populations (SP) 

and the adapted populations (PB, VB) we have no evidence to suggest that the adaptation 
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seen in F. grandis is linked to an alteration in responses to hypoxia or an increase in 

metabolic demand for transformation and excretion of contaminants. The comparison 

with the similarly responding reference and adapted populations suggests that the AHR 

recalcitrance seen in adapted populations does not lead to an increased susceptibility to 

hypoxic conditions, nor does the high contaminant load in polluted sites lead to increased 

metabolic demands in resident fish. The other reference population (GB) was shown to 

have significantly lower sensitivity to hypoxia and lower resting metabolic demand 

(Figures 3-5). This suggests that the differences found between GB and all the other 

populations may stem from a differential environmental exposure history. It is possible 

that an unrelated environmental stressor has led to disparate selective pressures in GB, 

allowing it to diverge from other F. grandis populations in Galveston bay. 

 The present study shows that larvae of DLC-resistant populations of F. grandis 

from the HSC also exhibit higher resistance to oxidative stress and carbamates. This 

result is somewhat unexpected, as based solely on AHR pathway recalcitrance, adapted 

populations would be predicted to exhibit increased sensitivity to both pro-oxidants and 

carbamate pesticides. The fact that adapted populations are actually more resistant to both 

suggests the involvement of multiple mechanistic pathways, thus broadening the scope of 

potential mechanisms involved in the adaptive resistance in these populations. Previous 

research has suggested a lower capacity for dealing with some natural stressors, such as 

PAH phototoxicity and hypoxia in adapted Elizabeth River F. heteroclitus (Meyer and Di 

Giulio, 2003). These data suggest that there is a large breadth of stressor responses that 

could be affected by the evolutionary rescue that has occurred in Fundulus species that 

are resistant to anthropogenic stressors, thus highlighting the need for an increased 
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understanding of the genetic mechanisms responsible for the adaptation in various 

populations. Such information will allow for focused investigations of phenotypic 

differences between adapted and reference populations and elucidate the full extent of the 

impacts of anthropogenic contamination on both F. grandis and F. heteroclitus 

populations. 

 
Conclusions 

 In this study we identified the first known instances of cross-resistance in F. 

grandis populations that are resistant to the developmental toxicity of DLCs. Here we 

have shown that these populations are also resistant to a carbamate pesticide (carbaryl) 

and two model pro-oxidants (tBOOH and tBHQ). We also identified differences between 

the cross-resistances found in F. grandis adapted populations and the ones previously 

described for the adapted population of F. heteroclitus from the Elizabeth River (Clark 

and Di Giulio, 2012). Thus, within F. grandis populations from the HSC we have 

identified differential sensitivity among reference populations, among adapted 

populations, and between reference and adapted populations. The observed complexity of 

sensitivity to these pesticides and pro-oxidants suggests that all of the differences in 

sensitivity among populations cannot be explained solely by the recalcitrant AHR 

response in HSC populations. In combination, the intraspecific and interspecific variation 

among adapted populations of Fundulus suggests an adaptive process that was more 

complex than simply the downregulation of the AHR pathway.  
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Figures 

Figure 3.1: Mortality dose-response to a) permethrin b) carbaryl c) tBOOH d) tBHQ of 7 

days post hatch (dph) larvae of reference and adapted populations of F. grandis. A: 

significant dose-response relationship in all populations to permethrin (1-way ANOVA, 

p<0.0001), but no significant difference between populations (2-way ANOVA, 

p=0.3397); B: significant dose-response relationship to carbaryl (1-way ANOVA, 

p<0.0001) as well as a difference between populations (2-way ANOVA, p=0.0006; 

Tukey HSD post hoc: SP(A); GB(AB); PB(BC); VB(C)); C: significant dose-response 

relationship to tBOOH (1-way ANOVA, p<0.0001) and a significant difference between 

populations (2-way ANOVA, p=0.0004; Tukey HSD post hoc: SP(A); GB(A); PB(AB); 

VB (B)); D: significant dose-response relationship to tBHQ (1-way ANOVA, p<0.0001), 

but no significant difference between populations (2-way ANOVA, p=0.2906). 
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Figure 3.2: Lethal concentration (LC) estimates to a) permethrin b) carbaryl c) tBOOH 

d) tBHQ in 7 days post hatch (dph) larvae of reference and adapted populations of F. 

grandis. DRC values with non-overlapping 95% confidence intervals used as an indicator 

of significance show that for A: permethrin there is no difference between tested 

populations; B: carbaryl there are significant differences between populations at both the 

LC10 and LC50 levels; C: tBOOH there are significant differences between populations at 

both the LC10 and LC50 levels; D: tBHQ there is a significant difference between 

populations at the LC50 level. 
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Figure 3.3: Resting metabolic rate at varying oxygen concentrations is lower in GB 

compared to all other sites (SP, PB, VB) (2-way ANOVA; Tukey HSD post hoc: GB vs 

PB (p=0.0072), SP (p=0.0422), VB (p=0.0441)). 
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Figure 3.4: Comparison of resting metabolic rate only at normoxic conditions verifies 

lower resting metabolic rate in GB compared to other F. grandis populations (Kruskal-

Wallis, p=0.0035; Wilcoxon each pair comparison post hoc: GB vs SP (p=0.0033); PB 

(p=0.0095); VB (p=0.0158)). 
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Figure 3.5: GB larvae take longer to lose equilibrium when presented with hypoxic 

conditions (0.28 ± 0.02 kPa) (1-way ANOVA; Tukey HSD post hoc: GB vs SP 

(p<0.0001); PB (p<0.0001); VB (p<0.0001)). 
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Figure 3S1: Cardiac deformity and EROD activity both show a significant dose-response 

to PCB126 in the newly described SP population (cardiac deformity: 1-way npANOVA, 

p < 0.0001; EROD: 1-way ANOVA, p < 0.0001). The cardiac teratogenesis (panel A) 

and EROD activity (panel B) responses between SP and GB are similar and different 

from those of PB and VB (cardiac deformity:  2-way npANOVA, p < 0.0001; Tukey 

HSD post hoc: SP vs. GB, p = 0.92; SP vs. PB, p = 0.0002; SP vs. VB, p < 0.0001; 

EROD activity: 2-way ANOVA, p < 0.0001; Student’s t-test: SP vs. GB, p = 0.75; SP vs. 

PB, p = 0.011; SP vs. VB, p < 0.0001) 
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Table 3.1: List of locations and coordinates from which fish were collected. 
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CHAPTER FOUR 

Polychlorinated biphenyl (PCB) contamination in Galveston Bay, Texas: Comparing 
concentrations and patterns in sediments, passive samplers, and fish 

 
 

Abstract 

The industrialized portion of the Houston Ship Channel (HSC) is a location 

known for heavy concentrations of polychlorinated dibenzo-p-dioxins and furans, 

polychlorinated biphenyls (PCBs), polycyclic aromatic hydrocarbons and metals. As part 

of the greater Galveston Bay, this contamination has influenced the health and population 

dynamics of local aquatic biota. Twelve sites were sampled, ranging from the heavily 

industrialized upper portion of the HSC out to Galveston Island. PCB concentrations and 

profiles were determined for three different matrices including sediment, polyethylene 

passive samplers deployed in water column, and a resident fish (Gulf killifish, Fundulus 

grandis). A steep gradient of PCB contamination was observed, ranging from 3.98 – 

104,422 ng/g organic carbon  in sediment, 291 – 111,440 ng/g lipid in fish, and 4.46 – 

2,283 ng/g polyethylene  in passive samplers. The PCB congener profiles at the most 

heavily contaminated sites were shifted toward the higher chlorinated PCBs and were 

driven largely by variability in sediment profiles. In addition, while magnitude of total 

PCB concentrations in sediment were better related with total fish contamination levels, 

the relative PCB congener profiles in fish and passive samplers were more alike Our data 

suggests that Gulf killifish are a good indicator of local sediment and water 

contamination in the Galveston Bay area. Gulf killifish bioaccumulation factors were not 

dependent on total water contamination, while biota-sediment accumulation factors were 
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weakly related to total sediment contamination, this was strongly driven by two outliers 

from our 12 sites. The steep gradient of PCB contamination in Galveston Bay, which is 

known to negatively affect local biota, was evident in all three matrixes studied and was 

observed effectively utilizing Gulf killifish as an environmentally relevant bioindicator of 

localized contamination in this environment. 

 
Introduction 

 The Houston Ship Channel (HSC) in Texas is a heavily industrialized estuary and 

is part of the greater Galveston Bay. Because of the high industrial activity in the HSC, 

the channel and the greater bay have been extensively studied for contamination of 

metals (Morse et al., 1993), polychlorinated dibenzo-p-dioxins and furans (PCDD/Fs), 

polychlorinated biphenyls (PCBs) (Aguilar et al., 2013; Santschi et al., 2001; Subedi and 

Usenko, 2012) and polycyclic aromatic hydrocarbons (PAHs) (Anchor QEA, 2010). 

Aquatic biota have been exposed to contaminants in the HSC since the 1940’s (Yeager et 

al., 2007). Some of the efforts to remediate this contamination include dredging as part of 

the EPA Superfund program that occurred in several locations in the HSC, and its effects 

have also been monitored in sediment samples (Yeager et al., 2010). The distribution of 

contaminants for each site differs based on the class and source of contamination (Howell 

et al., 2011). In the HSC, PCDD/Fs tend to be distributed in a more gradient like manner, 

with a hot spot at the San Jacinto Waste Pits (SJWP) (Howell et al., 2011), which 

contains pulp and paper mill sludge dumped as early as the 1960’s. On the other hand, 

PCBs have shown a pattern of locally elevated concentrations, likely stemming from 

discharges from industrial production (Howell et al., 2011; Howell et al., 2008; 

Lakshmanan et al., 2010). Despite PCDD/Fs being the larger contributor of toxicity in 
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sediment samples (as calculated by toxic equivalency quotients (TEQ)), PCBs tend to 

drive the higher levels of contamination in biota (Howell et al., 2011; Oziolor et al., 

2014; Subedi and Usenko, 2012). 

 The high levels of persistent pollutants in the HSC are a cause for concern for the 

environmental health of aquatic environments. Research has shown rapid accumulation 

and slow depuration of PCBs in oysters transplanted in Galveston Bay (Sericano et al., 

1996). Others focused on biomarkers of exposure and effects in resident fish, documented 

elevated biomarkers in populations collected near the HSC (Willett et al., 1997). The 

SJWP have also been studied extensively for their sediment and fish contamination 

levels, and even near such PCDD/F-rich sediments, fish had higher concentrations of 

PCBs (Aguilar et al., 2013; Subedi and Usenko, 2012). In addition to the high PCB tissue 

concentrations and biomarker responses in aquatic biota in the HSC, recent studies have 

focused on population-wide effects in fish, driven by chronic exposure to persistent 

organic pollutants (Oziolor et al., 2014; Oziolor et al., 2016b). 

 Recently, resident HSC Gulf killifish (Fundulus grandis) populations were shown 

to be extremely resistant to the cardiovascular teratogenesis associated with PCB and 

PAH exposures, relative to more distant Galveston Bay populations (Oziolor et al., 2014). 

This finding suggests that the chronic contamination in the HSC led to population-wide 

adaptation in F. grandis populations. In addition, TEQs calculated from levels of 

contamination in sediment and fish suggested that PCBs were the main driver of toxicity, 

rather than PCDD/Fs (Oziolor et al., 2014). Further, there is evidence that the level of 

adaptation may differ based on proximity to the HSC, with more tolerant populations 

being found closer to the HSC (Oziolor and Matson, 2015). This large gradient of 
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resistance spanning Galveston Bay suggests regional impacts despite the somewhat 

localized nature of some contaminants in the HSC (Howell et al., 2011; Oziolor and 

Matson, 2015) .  

 There is significant concern for ecosystem health when heavy loads of PCBs are 

present in the environment (Kumar et al., 2016). This concern is validated when 

contaminants have been shown to have been sufficiently toxic to drive adaptive responses 

in wild populations, as observed for populations of F. grandis (Oziolor and Matson, 

2015; Oziolor et al., 2014; Oziolor et al., 2016b).  Despite being able to sorb strongly to 

sediment, the majority of bioavailable PCBs come from sediment contamination (Apell et 

al., 2016). Many studies account for this by quantifying the contamination in both 

sediment and aquatic biota (Howell et al., 2011; Ilyas et al., 2013; Niewiadowska et al., 

2015; Oziolor et al., 2014; Xu et al., 2016). However, as different fish species can 

migrate or be exposed to PCBs through the consumption of organisms coming from less 

or more contaminated environments, polyethylene (PE) passive samplers can be used to 

determine the freely-dissolved contaminant concentrations at different sites as a more 

accurate measure for localized exposure as compared to sediment (Apell and Gschwend, 

2014). PE passive samplers measure the equilibrium bioavailable fraction in water by 

mimicking the level of contaminants that would partition into biological tissue (Apell and 

Gschwend, 2014). In addition, as contamination measured by passive samplers in water 

column is influenced by a larger special area than localized and often heterogeneous 

sediment, they can serve as a good indicator of site contamination. 

 The goal of this study was to shed light on the influence of PCB exposures on 

populations of F. grandis recently found to have adapted to these organic toxicants 
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(Oziolor et al., 2014). Twelve sites across Galveston Bay, were selected to represent an 

observed gradient of F. grandis adaptation. A level of adaptation ranging from highly 

tolerant populations in the industrial portion of the HSC to more sensitive/reference 

populations in the open Galveston Bay (Figure 1). Examining sediments, whole fish and 

PE passive samplers provided improved understanding of the environmental 

contamination and bioavailability of PCBs in Galveston Bay. . We aimed to understand 

the intensity and spatial distribution of the effects of PCB contamination in the 

industrialized portion of the HSC. Finally, this study was also designed to test how 

effectively resident Gulf killifish could be used to predict local PCB concentrations and 

profiles. 

 
Methods 

 
PCB congener selection 

As recommended in a recent meta-analysis of evolutionary toxicology studies, we 

have chosen to include the standardized PCB congener list from the World Health 

Organization (Oziolor et al., 2016a). This list is also focused on contaminants with high 

biological activity. In addition, in PE passive samplers we examined all PCB congeners 

to more fully determine whether WHO list PCB congeners are indicative of the 

differences in the magnitude of total PCB contamination. 

 
Sample collection 

 Sediments, fish and passive samplers were collected from 12 locations across 

Galveston Bay (GPS location, site description and sampling shown in Figure 1) as 

described by Oziolor et al. (2014) and Apell and Gschwend(2014). Three separate 
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composite sediment samples were taken for each site when possible. Each composite 

sample consists of five surface sediment sub-samples taken in close proximity to each 

other (within 5 meters). Sediment samples were collected in pre-baked amber beakers 

(300ºC, 12 h), transported to Baylor University on ice for 24-48 h and stored at 4 ºC until 

analysis. Fish were collected using minnow traps and immediately frozen in pre-baked 

foil (300 ºC, 12 h). Fish samples were held on ice for 24-48 h and stored at -20 ºC until 

analysis. Passive samplers were deployed on metal T-posts at 30-50 cm above sediment. 

Due to severe weather events, passive samplers were deployed at five sites at one date, 

but at the other seven sites two weeks later. The total deployment time for samplers was 

between 5 and 7 weeks. Deployment time was accounted for in data analysis. Passive 

samplers were collected in foil and shipped overnight on ice to Massachusetts Institute of 

Technology. Upon receipt, passive samplers were immediately wiped clean with a lint-

free tissue, and placed into pre-combusted 40 mL amber vials for extraction. 

 
Chemicals 

 Chemicals were purchased from commercial vendors at reagent grade or higher 

and stored according to manufacturer recommendations. PCB standards were purchased 

from Wellington Laboratories (Wellington Laboratories Inc., ON, Canada). Basic 

alumina, Celite®, Florisil®, and copper powder were purchased from Sigma Aldrich (St. 

Louis, MO, USA). Silica gel, sodium sulfate, hexane and acetone were purchased from 

BDH Chemicals (West Chester, PA, USA). Toluene was purchased from VWR (Radnor, 

PA, USA).  
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Sediment extraction 

Sediment samples were extracted for PCBs using selective pressurized liquid 

extraction (SPLE), as previously described by Aguilar et al. (2014). Briefly, 10 g of 

sediment was homogenized with 40 g of sodium sulfate using a glass mortar and pestle, 

pre-rinsed with acetone and hexane. The homogenate was placed in a 100 mL stainless 

steel body on top of pre-conditioned sorbents (bottom to top: 10 g silica gel, 10 g basic 

alumina, 10 g Florisil®). A laboratory blank sample was included with each sample batch. 

Surrogate standards (13C12-PCB77, 13C12-PCB126, 13C12-PCB169) were spiked using a 

syringe (Hamilton, Reno, NV) pre-rinsed with acetone and hexane. Samples were 

equilibrated at room temperature for 1 h before extraction. Sediment samples were 

extracted with toluene on an accelerated solvent extractor (ASE; ASE 350 Dionex-

Thermo Fisher Scientific, Sunnyvale, CA, USA) with extraction conditions of 100 ºC, 

1500 psi, 5 min static time and 75% flush volume (Aguilar et al., 2014). Copper (3 g) was 

added to collection vessel to remove sulfur. Extracts were concentrated to ~250 µL using 

a gentle stream of nitrogen using a TurboVapII (Caliper Life Sciences) and stored at 4 ºC 

until quantification. 

 
Fish extraction 

Fish samples were extracted using SPLE as previously described by Subedi and 

Usenko (2012). Briefly, fish were homogenized using liquid nitrogen in a stainless-steel 

blender. A sub-sample of homogenate (1 g) was further dried and homogenized until 

powdered with 40 g of sodium sulfate using a glass mortar and pestle. The homogenate 

was placed in a 100-mL stainless steel body on top of pre-conditioned sorbents (bottom 

to top: 5 g silica gel, 10 g Florisil®, 5 g Celite®, 10 g basic alumina). A laboratory blank 
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sample was included at the end of each sample batch each day of extraction. Surrogate 

standards (13C12-PCB77, 13C12-PCB126, 13C12-PCB169) were spiked using a syringe 

(Hamilton, Reno, NV) pre-rinsed with acetone and hexane. Fish samples were extracted 

with toluene on an ASE with extraction conditions of 100 ºC, 1500 psi, 5 min static time, 

and 290 s purge time and 75% flush volume. Extracts were concentrated to ~250 µL 

using a gentle stream of nitrogen using a TurboVapII and stored at 4 ºC until 

quantification. 

 
Passive Sampler Preparation 

Passive samplers were prepared similar to Apell and Gschwend (2014). Briefly, 

they were prepared by cutting one mil (25 µm) thick polyethylene (PE) sheeting (Film-

Gard) into strips with a mass of approximately 0.2 g. The strips were cleaned by soaking 

twice in dichloromethane (DCM) and twice in methanol with each soaking lasting 24 h. 

The PE was then spiked with 13C12 PCB congeners 28, 47, 54, 97, 111, 153, and 178, to 

be used as performance reference compounds (PRCs), in a 40:60 methanol:water 

solution. The PE was gently mixed on an orbital shaker table for one week, then more 

water was added to make a 20:80 methanol:water solution and mixed for another week. 

The PRC solution was then discarded and the PE was rinsed by soaking twice in water 

for 24 h. The PE samplers were then dried and placed into pre-combusted (450 ºC for 18 

h) aluminum mesh screen, wrapped in aluminum foil, and shipped to Baylor University. 

At this time, three samples were put into 40 mL amber glass vials with DCM to be used 

to quantify initial PRC concentrations. 
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Passive Sampler Extraction 

Upon receipt, following field deployment and shipment back to MIT, passive 

samplers were removed from the mesh screen, wiped clean with 18 MΩ water and lint 

free tissue, and placed in an amber 40 mL vial (pre-combusted). The passive sampler was 

spiked with the surrogate compounds in Table 1 and submerged in DCM. The sampler 

was extracted 3 times for >18 h, and the extracts were combined in a glass round-bottom 

flask. 

The flask was put in an evaporator system where the sample was heated under 

vacuum (<13 mmHg) with a condenser temperature of 10 ºC so that partial reflux 

occurred. Once the extract reached a volume of 1 mL, it was quantitatively transferred to 

a 4 mL vial, further evaporated under a gentle stream of ultrapure nitrogen, solvent 

exchanged into hexane, and quantitatively transferred to a small volume insert in a GC 

vial with a final volume of ~100 µL. The sample was then spiked with an isotopically 

labeled internal standard containing PCB congeners 55, 104, 150, and 188 (Table S1). 

The extract was analyzed for PCBs on a Hewlett Packard 6890 GC and JEOL 

GCmate MS using a 60 m Agilent DB5-MS column with a 1 µL splitless injection and a 

flow rate for 1 mL/min. The inlet temperature was set to 280ºC with an initial oven 

temperature of 67 ºC. The oven was ramped at 25 ºC/min to 188 ºC, ramped at 1.5 ºC/min 

to 276 ºC, ramped at 25 ºC/min to 315 ºC, and finally held for 1 min. A quantitation and 

confirmation m/z ion were monitored for all 209 PCBs. 

PRCs in the deployed passive samplers were compared with the initial 

concentrations to characterize the extent to equilibrium reached during deployment. The 
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fraction equilibration was used to fit an exponential curve that was used to determine the 

fraction equilibration for all of the PCB congeners (Apell et al. 2016). 

 
Sediment and fish contamination quantification 

Instrumental parameters and specifications for the quantification of PCBs have 

been previously described in Subedi and Usenko (2012). Briefly, an isotopically labeled 

13C12-PCB138 was used as an internal standard. We used a high-resolution gas 

chromatography coupled with electron capture negative ionization mass spectrometry 

(HRGC-ECNI/MS) using selective ion monitoring to analyze target analytes. This was 

performed on an Agilent 7890A coupled with 5975C MSD (Santa Clara, CA, USA). A 

DB-5ms Ultra Inert (30m × 0.25 mm × 0.25 µm) column, with 7ʺ gage (J & W Scientific, 

USA, PN: 122-5532UI) was used to chromatographically separate target analytes. 

Separation was modified to initial 120 ºC hold for 1 min, 4 ºC/min increase to 275 ºC, 6 

ºC/min increase to 320 ºC hold for 5 min. A mid-point calibration curve verification 

standard was run every 3 to 5 samples and reagent blanks were analyzed for quality 

assurance. Retention times and qualitative vs. quantitative ion ratios (±20%) were used to 

identify correct target analytes. 

Percent moisture was determined in sediment by drying between 10-20 g of 

sediment at 60 ºC until constant weight (minimum 10 days). Organic carbon (OC) 

content estimates were obtained using a Thermo Finnigan Flash EA 1112 series 

elemental analyzer (Milan, Italy). Triplicate subsamples (35-45 mg) were taken from 

each dry sediment and placed in silver capsules (Costech, Valencia, CA, USA). Sub-

samples were acid fumed with HCl overnight to remove inorganic carbonates, dried for 



144 
 

48 h at 60 ºC, and then transferred into tin capsules (Costech, Valencia, CA, USA) prior 

to analysis. The 18 PCB analytes from the WHO list were reported as ng/g OC. 

Fish total lipid was determined gravimetrically after extraction with hexane as 

performed by Metherel et al. (2009). Briefly, we used between 250 and 1600 mg of fish 

tissue per sample and added 10 mL of hexane. We sonicated samples for 20 min (VWR 

Ultrasonic Cleaner 150HT, Radnor, PA) and vortexed them following sonication for ~5 s. 

We further spun the samples in a centrifuge (Eppendorf, NY) at 1000g for 1 min to 

condense any non-dissolved tissue. We took a 4 mL aliquot of the supernatant from each 

sample and added it to a pre-weighed foil weigh boat. We allowed the solvent to 

evaporate for a minimum of 45 min and weighed it again. Total lipids were determined as 

amount of lipid, suspended in supernatant. 

 
Matrix characterization 

 All sediment samples were normalized by percent moisture and percent OC. 

Between our samples, moisture varied between 22.4% and 57.3%, averaging 35.04 ± 

10.39%. OC content in the sediment samples varied between 0.0795% and 3.63%, 

averaging 1.29 ± 0.94%. Total lipid content in fish samples varied between 0.24% and 

3.07%, averaging 1.12 ± 0.63%, which is consistent with previous values for F. grandis 

reported in the literature (Oziolor et al., 2014). Due to tissue amounts used in 

contaminant extraction, the lipid content of several samples was not determined, which 

excluded them from further analysis. The following were excluded due to lack of sample 

mass: FB: 1 male; PG: 1 male, 1 female; FP: 1 female; CB: 1 male; PB: 2 males; SJSP: 1 

male, 1 female. 
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Data analysis 

No target analytes were detected in any laboratory blanks and thus PCB concentrations 

reported are as detected by initial GC/MS analysis. 

 Level of PCB contamination was transformed for each matrix as percent of most 

contaminated site (Buffalo Bayou). Percent contributions for each site and each matrix 

were averaged to determine overall level of contamination. This information was used 

develop a visual representation of contamination impact along the study area with a 

Kriging model in Geographic Information System (GIS). 

 We related total PCB contamination with a log-logistic regression to the distance 

of sampled sites from the  furthest upstream site in the industrial portion of the HSC, 

Buffalo Bayou. We also used regression to compare contamination between matrixes and 

establish congruence of sediment and passive sampler data with fish contamination. 

 Bioaccumulation factors (BAF) from passive samplers were calculated, as 

suggested by Joyce et al. (2016), by dividing lipid-normalized PCB content of fish tissue 

by freely dissolved PCB concentrations at each location. This data was regressed against 

freely dissolved PCB concentrations to observe dependency of BAF on level of 

contamination. Biota-sediment accumulation factor (BSAF) was calculated by dividing 

lipid-normalized PCB content of fish tissue by dry weight, OC normalized PCB content 

of sediment (Cretney and Yunker, 2000). This data was regressed against total 

concentration of PCBs in sediment. 

 We compared contamination profiles in sites under investigation using a non-

metric multidimensional scaling (NMDS) analysis with Bray-Curtis dissimilarity matrix, 

constrained to two dimensions. This approach to visualize contamination profile 
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comparisons was used to compare both all sites grouped within regions of the system 

(Figure 3) and grouped by environmental matrix type (Figure 5). 

 
Surrogate recoveries 

Recoveries for surrogates in sediments, fish and passive samplers similar to 

previously established ones (Apell and Gschwend, 2014; Oziolor et al., 2014) and are 

reported in Table S1. 

 
Results 

 
PCB contamination 

Sediment PCB concentrations varied widely across sites. Average site values for 

sediment contamination ranged from 4.00 to 100,000 ng/g OC (Table 1). These values 

showed a strong and significant relationship with shoreline distance to the industrialized 

portion of the HSC, with least contaminated locations in the open Galveston Bay, while 

most contaminated sites were in the center of the HSC (exponential regression, r2 = 0.61, 

p = 0.0026) (Figure 2). 

 We found similar and strong relationship between distance and contamination in 

the fish sampled from these sites (exponential regression, r2 = 0.76, p = 0.0002) (Figure 

2). The range of total PCB contamination in this matrix was between 300 and 110,000 

ng/g lipid (Table 1). 

 The relationship between total PCB contamination and distance from industrial 

portion of the HSC was also present in passive sampler data, although it was of a lower 

magnitude than the one observed in fish and sediment (exponential regression, r2 = 0.59, 

p = 0.006) (Figure 2). The values of total PCB contamination in the equilibrium-corrected 
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passive samplers ranged from 4.00 to 2,000 ng/g PE for the selected 18 WHO congeners 

(Table 1). 

 
Chemical profile comparison by regions 

The NMDS analysis yielded four clusters in two-dimensional space for the 

regions in which we grouped our samples (Figure 3). The pattern of tight clustering 

suggests highly similar source profile for the regions defined as “Industrial” and “Upper-

middle bay”. However, the chemical profiles in the “Lower-middle” and “Open Bay” 

were much broader and dissimilar (Figure 3). These relationships are consistent when 

NMDS analysis is performed on each matrix separately, suggesting a largely similar PCB 

profile in and near the industrialized portion of the HSC, which then diversifies with 

distance (Figure S1). 

 
PCB congener contributions 

We used the passive sampler data to compare the contributions to contamination across 

our sites (Figure S2). Specifically, we tested the contribution to passive sampler 

concentrations from the list of 18 analytes (WHO list, which was tested in sediment and 

fish matrixes) versus the full list of 209 PCB analytes (available in passive samplers 

only). The ratio contamination from 18 v. 209 congeners was similar for all sites except 

for Pine Gully (PG), where contamination stemming from non-WHO PCBs congeners 

was 7 times higher than for any other site, with a strong skew towards low chlorination 

PCBs (Figures 4, S2). Additionally, PG had an exceptionally high total levels of PCBs 

compared to nearby sites (Figure S2). 
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 When we compared the contributions of PCB analytes by chlorination level (from 

1-10), patterns of chemical profiles begin to emerge between sites (Figure 4). Most 

contributions in open bay sites (Gangs Bayou (GB), Factory Bayou (FB) and Smith Point 

(SP)) stem from low chlorination PCBs (1-7 Cl), with none of the most highly 

chlorinated PCBs were detected. Highly chlorinated PCBs contributed to Lower-middle 

bay populations, except for PG. PG was highly dominated by 3-4 chlorinated PCBs, at 

much higher concentration than any other location (Figure 4). The upper-middle and 

industrial regions had greater contributions from highly chlorinated PCBs, with lower 

percent contribution from low-chlorination PCBs. 

 
Matrix comparisons 

We found a strong and significant relationship between the total PCB values for 

sediment and fish between the 12 measured sites (r2 = 0.62, p = 0.0025) (Figure 5). We 

also found a significant relationship between fish total and passive sampler total PCB 

levels, although the strength of the regression was lower (r2 = 0.47, p = 0.019) (Figure 5). 

 BAF for fish calculated from dissolved PCB concentrations were not dependent 

on level of contamination of the site observed (r2 = 0.0044, p = 0.85) (Figure 5). BSAF 

generally did not exhibit a decline with total contamination levels, but the regression 

reported a small and significant relationship, that is mainly driven by two of our 12 sites 

(r2 = 0.36, p = 0.04) (Figure 5). 

 
Chemical profile comparisons by matrix 

Through NMDS analysis we showed the similarity of contaminant profiles 

captured between the three matrixes we tested (Figure 6). This analysis suggests highly 
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clustered and similar grouping of contaminant profiles found in fish and passive 

samplers. On the other hand, sediment PCB contamination profile was more variable as 

seen both in comparison to the other matrixes (Figure 6) and between various portions of 

the bay (Figure S1). 

 
Discussion 

Here, we have shown a strong gradient of PCB contamination in Galveston Bay, 

in three separate matrixes, across 12 sites. The main source and most contaminated 

portion of Galveston Bay was the industrialized portion of the Houston Ship Channel, a 

location with multiple Superfund sites and heavy industrial activity. The concentrations 

and contamination profiles for PCBs are consistent within the HSC and nearby areas, 

while they tend to diversify near the Open Bay portion of our area of study. The steep 

gradient of contamination was evident among all three matrixes we measured: sediment, 

fish and passive samplers. While we found sediment and fish concentrations to correlate 

more strongly in magnitude, passive samplers were a better predictor of the contaminant 

profile found in the resident species of fish we studied (Gulf killifish). In addition, we 

found Gulf killifish to be a good indicator of local contamination as the site BAFs 

estimated from these fish were not altered by levels of local contamination. 

The steep gradient of contamination, which declines with distance from the HSC, 

is evident in all matrixes studied (Figure 2), but also in the shift in chemical profile in 

different regions of Galveston Bay (Figure 3 and 4). We observed a strong similarity in 

the chemical profiles of HSC and proximate regions (Figure 3), which was characterized 

by a strong contribution of heavily chlorinated PCBs (Figure 4). This profile pattern is 

consistent when tested in each matrix separately (Figure S1), but some of the diversity in 
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Open Bay and Lower-middle regions seems to be mostly observed in the sediment profile 

(Figure S1). A contributor to this could be sediment heterogeneity, which has been 

observed previously in an in-depth profiling of contaminated sediment in the HSC 

(Anchor QEA, 2010). Alternatively, the heavy shipping traffic of the HSC could be 

acting to homogenize the contamination within the small area of the industrialized and 

nearby portions of the HSC (Ravens and Thomas, 2008). Sedimentation due to ship-wave 

deposition, ship traffic resuspending and mobilizing sediment particles from the channel 

to proximate areas, has been observed near the HSC, which could suggest a high mobility 

of PCBs through this sediment redistribution (Ravens and Thomas, 2008).  

An evident trend in the change in contaminant profile with distance from the HSC 

was the lower contribution of heavily chlorinated PCBs, and an increase in the 

contribution of lower chlorination PCBs (Figure 4). Given the high mobility of 

contaminated sediment, it is possible that as the sediment was transported to less 

contaminated locations, the lower chlorination level was the result of photo-induced 

(Chiarenzelli et al., 1995; Lin et al., 1995) and microbial (Abraham et al., 2002; Borja et 

al., 2005; Pieper, 2005) degradation acting on the sediment-bound PCBs. A similar shift 

towards lower chlorination PCBs was documented through sequential sampling of the 

same contaminated sites over 5 years in the HSC (Lakshmanan et al., 2010). In addition 

to the mobility and dechlorination of sediment-bound PCBs, we used total PCB 

concentrations for sediment, whereas we used bioavailable portions for fish and passive 

samplers (Apell and Gschwend, 2014; Apell et al., 2016). Overall, our data support the 

hypothesis that the main source of Galveston Bay contamination is the highly-
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industrialized portion of the HSC, while transport has acted to mobilize this 

contamination, which impacts all of Galveston Bay. 

In addition to the general trends of lower chlorination and lower total PCBs with 

distance from industrial portion of the HSC, we observed a unique contaminated site – 

Pine Gully (PG). This location had a vastly different chemical profile than all other sites, 

dominated by tri- and tetra-chlorinated biphenyls (Figure 4), which is an anomaly in this 

system. While close to the Open Bay portion of Galveston Bay, PG is also a site that is 

proximate to the newly dredged Bayport Ship Channel. Dredging efforts in this location 

were permitted by the Army Corps of Engineers and have resulted in dredged sediment 

being re-located to less than 2 miles upstream of PG. It has been shown that 

dechlorination due to anaerobic microbial activity in sediment could cause a PCB profile 

shifted towards lower chlorinated PCBs, which seems congruent with the profile at PG, 

(Bzdusek et al., 2006; Li et al., 2005). In addition, higher desorption of lower chlorination 

PCBs from contaminated sediments could be a major driver for a disparity in chemical 

profiles (Wu and Gschwend, 1988) Coupled with the increased magnitude of 

contamination, this is cause for concern in the PG site, which is in an area with a lower 

fish consumption advisory than the areas proximate to the HSC. While studying PCB 

contamination through a standard set of congeners, such as the WHO list used for 

sediments and fish here, can be indicative of the contamination at a location, PG is an 

example of the benefits of examining all PCB congeners. While the total PCB 

concentration was higher than expected in passive samplers at PG when considering the 

WHO list only, it was not an obvious outlier (Figure S2). On the other hand, when 

examining all other sites, the all PCB congener:WHO list congener ratios were between 
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5-10, whereas it was 35 for PG (Figure S2). This pattern stems from the fact that the 

WHO list is biased towards higher chlorinated PCBs, which also tend to be more 

biologically active. The unique PCB profile of this location and elevated concentration 

suggests a need for a closer look at the source of these PCBs, and of the possible long-

term effects on local aquatic biota and human health. 

Previous investigations on the contamination in the HSC have focused on 

examining mainly crab, catfish or croaker tissue to study chemical impacts on local 

aquatic biota. While the relatively migratory catfish and croaker were observed to have 

induced biomarkers of exposure due to local contamination gradients (Willett et al., 

1997), recent investigations have shown a population-wide adaptation due to 

contamination in the local and non-migratory Gulf killifish (Nelson et al., 2014; Oziolor 

et al., 2014). Our findings suggest that populations of Gulf killifish are highly indicative 

of localized contamination, which is likely due to their non-migratory nature. The high 

correlation between fish tissue, sediment and passive sampler total PCB concentrations 

suggest the strong linkage between all matrixes (Figure 5, top). In addition, the BAF 

estimated from passive samplers and fish tissue was not dependent on local site 

contamination level (Figure 5, bottom). A dependency of those two values has been 

observed previously in catfish (Dean et al., 2009) and crab (Cretney and Yunker, 2000). 

This concentration dependent contamination – BAF relationship is likely indicative of the 

migratory nature of these species or of their diverse food source (Cretney and Yunker, 

2000; Dean et al., 2009). Both factors make crab and catfish species less indicative of 

local contamination profiles. In addition to knowledge of the non-migratory life history 

of Gulf killifish, the lack of relationship between BAF and contamination level, and the 
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weak relationship driven by two outliers in BSAF levels (Figure 5, bottom), suggest that 

our chosen model organism is highly representative of local contamination levels. While 

these findings can be influenced by seasonal fluxes in lipid content in fish species, the 

results are suggestive of the potential of Gulf killifish as an environmentally relevant 

species that can serve as a bioindicator of chemical threats to local aquatic biota. 

The congruence between contamination levels between our three matrixes was 

strengthened by a high similarity in contamination profiles between them (Figure 6). Like 

the diversity between regions, when comparing chemical profiles between matrixes, we 

observed that the PCB profile was more highly variable for sediment than for both fish 

and passive samplers (Figure 6). This variability could stem from high site-to-site 

heterogeneity in sediment -porewater partitioning coefficients , while lipid-water partition 

coefficients are better established (Endo et al., 2011). The chemical profile we observed, 

suggests that passive samplers are highly indicative of the chemical profile that would be 

found in wild-caught populations of Gulf killifish at the location of deployment. Previous 

literature has mostly focused on establishing these relationships in bivalves and other 

invertebrates (Joyce et al., 2016), with most such evaluations done in a controlled 

laboratory setting. Other findings also suggest strong potential for passive samplers in 

field exposures of mussels (Maenpaa et al., 2015) and carp (Verweij et al., 2004). On the 

other hand, here we provide a relatively strong relationship between total PCBs in fish 

tissue and passive samplers between 12 sites along a steep gradient of PCB 

contamination (Figure 5, top). In addition, we showed that the PCB profiles in passive 

samplers overlapped well with the profiles in fish (Figure 6). We also document the 

utility of Gulf killifish as a bioindicator of the local contamination in Galveston Bay. 
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While fish are better able to provide information on their lifetime dosage and routes of 

exposure through deviations from equilibrium with their environment, our finding are 

suggestive of the potential of passive samplers to quickly and efficiently represent the 

profile of bioavailable contaminants in diverse locations. 

 
Conclusions 

 Through a large scale multi-matrix study, we mapped a gradient of contamination 

in Galveston Bay, stemming from the HSC as one of the most industrially impacted 

locations in the US. A similar chemical profile in the HSC and adjacent areas suggests 

high homogenization of contamination, likely carried out through the wave-mediated 

sediment deposition previously observed in this area. The shift of contamination from 

heavily chlorinated PCBs in the source (HSC) towards lower chlorination PCBs in the 

Open Bay is indicative of transport processes and microbial degradation, while dredging 

activities likely exacerbated this at Pine Gully. We also show that Fundulus grandis (Gulf 

killifish) is a highly useful bioindicator species that represents the local contamination 

profiles across a range of PCB concentrations.  
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Figures and tables 

Table 4.1: Surrogate compounds and recoveries 

Surrogate 
Mean 
% 

±σ % 

Passive samplers 
13C PCB 19 77 6 
13C PCB 52 89 6 
13C PCB 105 100 6 
13C PCB 167 101 6 
13C PCB 170 99 7 

Sediment 
13C PCB 77 81 20 
13C PCB 126 77 19 
13C PCB 169 74 18 

Fish tissue 
13C PCB 77 89 19 
13C PCB 126 83 18 
13C PCB 169 79 18 
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Table 4.2: Contamination values for all three matrixes. 

 Mean total PCBs Standard Error 

 
Sediment 

(ng/g OC) 

Fish (ng/g 

lipid) 

Passive 

samplers (ng/g 

PE) 

Sediment 

(ng/g 

OC) 

Fish (ng/g 

lipid) 

Passive 

samplers 

(ng/g 

PE) 

SP 3.98 291.25 24.82 0.97 32.10 4.57 

GB 26.34 577.28 56.06 9.70 76.25 16.54 

FB 72.43 1869.26 4.46 36.23 339.96 0.33 

HP 30.47 1276.26 28.68 21.88 294.29  

CB 166.15 907.50 42.80 29.59 336.17 117.80 

PG 691.85 2839.72 405.17 346.95 1596.29  

FP 645.79 4674.52 80.29 182.77 1855.22 55.17 

BNP 79.73 2533.97 155.28  412.45 32.78 

SJSP 29993.67 4108.69 22.94 11283.52 2050.93  

PB 104421.89 18036.10 481.50 97067.21 3094.50  

VB 17650.60 111439.72 455.62 9882.21 59867.51 4.57 

BB 789.19 15281.20 2282.92 373.28 4574.75 11.20 
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Figure 4.1: Three matrixes were sampled from a total of 12 locations across Galveston 

Bay. 
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Figure 4.2: Total PCB contamination decreased in a gradient-like manner with distance 

from Buffalo Bayou and the industrial portion of the HSC. A significant correlation was 

observed between contamination levels and distance for all three matrices (sediment: r2 = 

0.61, p = 0.0026; fish: r2 = 0.76, p = 0.0002; passive samplers: r2 = 0.45, p = 0.0037). 
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Figure 4.3: Non-metric multidimensional scaling analysis of PCB profiles for different 

regions using Bray-Curtis dissimilarity matrix and constrained to 2-dimensional 

explanation converged after 160 iterations. Contaminant profiles were highly similar in 

the industrial portion of the HSC and the proximate upper-middle bay, but were shifted in 

the more distant regions. 
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Figure 4.4: High-chlorination PCBs were present in heavily polluted areas of Galveston 

Bay, while Open Bay sites were more heavily influenced by low-chlorination PCBs. PG 

had much higher total contamination and higher contribution of tri- and tetra-chlorinated 

biphenyls than surrounding sites, likely influenced by dredging activity. 
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Figure 4.5: Total PCB contamination was highly similar between fish and sediment (top-

left: r2 = 0.62, p = 0.0025) and fish and passive samplers (top-right: r2 = 0.43, p = 0.021). 

There was no relationship between BAF and level of contamination in passive samplers 

among sites (bottom-left: r2 = 0.0004, p = 0.95) and a weak relationship, driven by two 

sites among BSAF and total sediment contamination (bottom-right: r2 = 0.36, p = 0.04). 
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Figure 4.6: Non-metric multidimensional scaling analysis of PCB profiles for different 

matrices using Bray-Curtis dissimilarity matrix and two dimensional constraints 

converged in 160 iterations. Total PCB contamination profiles were highly similar 

between fish and passive samplers, while the sediment profile was much broader. 
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Figure 4.S1: Individual matrix contaminant profiles resembled the consensus profile of 

separation between HSC and proximate areas and Open Bay sites. Dissimilarity was most 

strongly observed in passive samplers, while diversity of contaminant profiles was most 

prominent in sediment samples. 
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Figure 4.S2: Level of total PCB contamination quantified from all PCB congeners is 

between 5-10x higher than the total contamination quantified from 18 World Health 

Organization (WHO) priority list congeners, except for PG, where it is 35 times higher. 

Top: Total PCB contamination quantified through all 209 congeners (black line) and the 

18 congeners in the WHO priority list (dotted line). Bottom: Ratio of the amount of total 

contamination from all 209 congeners vs. 18 WHO list congeners. 
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CHAPTER FIVE 

Genome-wide evolution in response to a gradient of pollution 

 
Abstract 

 Anthropogenic pollution in the environment is becoming an increasing concern 

for the ecological stability of natural populations. Many species have been observed to be 

under selective pressure due to this novel and persistent stressor. In this study, we explore 

the dynamics of the evolutionary process in multiple populations of an adapted species, 

as part of a large anthropogenically impacted system. We reveal how a gradient of 

contamination has facilitated rapid adaptation to a strong selective cline. In addition, the 

presence of low level selective pressure in intermediately impacted locations supports the 

persistence of adaptive genotypes at a low to intermediate frequency as revealed through 

population sub-structuring. We determined that divergence in aryl hydrocarbon receptor 

(AHR) pathway genes was likely the genetic mechanism that allows for populations to 

undergo rapid adaptation. Finally, we explore the genomic impact of rapid adaptation 

through understanding divergent regions that could present fitness trade-offs, or regions 

that can be associated with other environmental clines typically present in 

anthropogenically polluted landscapes.  

 
Introduction 

 The increasing number and strength of selective stressors in the environment have 

had profound genomic and phenotypic outcomes on many species (Nevo, 2001). Such 

changes can elicit population-wide responses ranging from an increased rate of 
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adaptation (Hawks et al., 2007) to lower fitness in species with a slower responsiveness 

to selection (Wilczek et al., 2014). Thus, to evaluate the ecosystem effects of ecological 

change, it is critical to understand the standing genetic variation that allows for rapid 

adaptation to selective pressures in natural populations (Pespeni et al., 2013; Sandrini et 

al., 2016). The interactive nature of climate change with the adverse effects of 

anthropogenic contamination causes a concern for the ability of natural populations to 

deal with this accelerated threat (Noyes et al., 2009). A recent investigation of an 

ecological species’ ability to repeatedly and rapidly adapt to anthropogenic contamination 

identified wide regions of conserved genetic variation that allows for natural populations 

to deal with strong selective clines (Reid, 2016). To explore the population dynamics of 

evolutionary change under a range of selective pressures, here we present the genomic 

landscape of adaptation of an estuarine keystone species. 

 Evolutionary adaptation in aquatic organisms is dependent on the strength of 

selective pressure (Nacci et al., 2010), residency of populations (Bickham, 2011) and the 

genetic variation available for adaptation to particular stressor (Reid, 2016). The Gulf 

killifish (Fundulus grandis) is a teleost of high ecological importance, strong potential as 

a model species (Burnett et al., 2007), and high site fidelity (Nelson et al., 2014), which 

make it an ideal model for studying rapid adaptation in aquatic systems. Adaptation to 

pollution in Gulf killifish has been described in extremes of pollution (Oziolor et al., 

2014), while a strong gradient of pollution is observed along the Galveston Bay estuarine 

system (Oziolor et al. (in prep)). Thus, Galveston Bay presents a system with a unique 

unidirectional gradient of selective pressure, coupled with a relatively non-migratory 

keystone species, which can adapt to extreme anthropogenic pollution. This natural 
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laboratory allows us to study the dynamic effects of a steep selective cline on the 

population structure and genetic variability associated with evolutionary rescue from 

anthropogenic contamination. 

 In this study, we characterized the level of resistance of 12 populations of Gulf 

killifish distributed along the gradient of contamination in Galveston Bay, as well as the 

heritability of that resistance. We explored highly precise alterations in the 

responsiveness of the aryl hydrocarbon receptor pathway, disruptions of which have been 

shown to confer protection to experimental and natural populations of fish (Carney et al., 

2004; Reid, 2016). In addition, we sequenced full genomes from 24-48 individuals from 

seven populations (2 reference, 2 intermediately resistant and 3 highly resistant) to 

explore the population demography and genomic regions responsible for the observed 

protection from anthropogenic contamination. 

 
Methods 

 
Fish collection and care 

We collected fish populations from 12 locations across Galveston bay using 

minnow traps between the years of 2012 and 2014 (Table S1). We transported the 

populations to IACUC approved fish facilities at Baylor universities and placed them in 

40 gallon tanks as part of larger recirculating systems. Macro, micro and UV filtration 

separated water between tanks. Upon arrival of fish, we treated systems with 15 

mL/gallon praziquantel (PraziPro CD-22968, Aquarium Solutions, Spokane Valley, WA, 

USA) twice, with two weeks in between treatments. Temperature was maintained at 

~25ºC, light cycle was set to 14:10 light:dark, salinity was held at 10‰ and fish were fed 
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twice daily with pellet feed (Aquamax®, Fingerling Starter 200, PMI Nutritional 

International, LLC, Brentwood, MO, USA) and Tetramin® Tropical Fish Food (Tetra 

Systems, Blacksburg, VA, USA). We allowed fish to depurate for 60 days before they 

were used for any experiments. 

 
Cardiac deformity and CYP1A activity determination 

We spawned fish from each population manually by pooling milt and oocytes and 

treated them with 0.3% hydrogen peroxide for 1 min to minimize bacterial load in water. 

We placed embryos in a 28ºC incubator overnight. At 24 h post fertilization (hpf) we 

exposed embryos to PCB126 (0, 0.01, 0.1, 0.5, 1, 5, 10, 50, 100 μg/L; Absolute 

Standards, Hamden, CT, USA) and 0.21 μg/L ethoxyresorufin (Sigma-Aldrich, St. Louis, 

MO, USA) in 100-mL hexane rinsed glass vessels using 0.1% DMSO as carrier. During 

the six-day exposure, we incubated embryos at 28ºC at 14:10 light:dark cycle and 

screened them for deformities and CYP1A activity at 144 hpf. Cardiac deformities were 

determined on a scale from 0 (normal) to 2 (highly deformed heart) in a blind fashion 

(Oziolor et al., 2014). CYP1A activity was determined with ethoxyresorufin-O-

deethylase assay as originally described by (Nacci et al., 1998) and modified by (Oziolor 

et al., 2014). Briefly, embryos were screened for the fluorescence of resorufin using 

epifluorescence microscopy (AZ-100, Nikon, USA). CYP1A activity was expressed as 

total fluorescent signal in a representative region of the urinary bladder with subtracted 

background fluorescence from a representative region of the remainder of the embryo. 

We derived 50% effective concentration (EC50) values for cardiac deformities with a 

three-parameter log-linear model fit in the drc package in R (RCoreTeam, 2015). We 

used exponential and power regressions to relate the increase of EC50 concentrations to a 
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repression of the maximal inducibility of CYP1A activity and to the level of total PCB 

contamination, as determined by sediment, fish tissue and passive samplers [cite 

chemistry paper]. Each dose and population represent, at a minimum, three independent 

experiments. 

 
Adaptation impact 

A kriging model was built using EC50 values for cardiac deformity in response to 

PCB 126 for the greater Galveston Bay on ArcGIS (Figure 1). 

 
Heritability 

We spawned fish populations manually and incubated embryos for 10 days on 

damp western blot paper in conditions described above. At 10 dpf embryos were hatched 

after re-integration to 10‰ artificial salt water (ASW) and shaking of 55 rpm for 30 

minutes. We fed the larvae Artemia nauplii and performed water renewals daily for 1 

month, after which larvae were moved to recirculating tanks. We spawned fish after they 

reached sexual maturity (~1.5 years), to obtain F2 generation embryos and screened for 

cardiac deformities and CYP1A activity as described above. Cardiac deformities and 

CYP1A activity dose-responses were analyzed with 2-way ANOVAs using JMP12 

statistical software. 

 
Growth and metabolism 

We hatched embryos at 10 dpf and transferred them to a large glass vessel with 

static 10‰ ASW and daily renewals. We determined dry weights for larvae from each of 

five populations at days 2 and 15 with controlled feedings in between to estimate accurate 

growth rates. We compared rates with a Kruskal-Wallis non-parametric test. In addition, 
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at 7 dpf we tested the oxygen consumption in these five populations as a proxy of their 

resting metabolic rate, as described in Oziolor et al. (2016b). We tested metabolic rates in 

the normoxic window (above 10 kPa) with a 1-way ANOVA. 

 
Total contamination 

We obtained total PCB concentrations in sediment, Gulf killifish tissue and 

passive samplers for all 12 locations we sampled from Oziolor et al. (in prep). We 

derived total contamination by calculating the proportion of maximum contamination for 

each matrix and averaging this proportion across all matrixes for each site. Final total 

contamination was normalized and expressed as percent of the most contaminated site. 

 
DNA extraction, library building and sequencing 

We obtained fin clips from 7 out of the 12 populations through non-lethal fin 

clipping, snap froze the samples in liquid nitrogen and stored them in -80ºC until 

extraction. We extracted DNA with QIAGEN DNeasy Blood and Tissue extraction kits, 

including RNA removal, and confirmed DNA integrity and concentration with a 

minimum of 20 ng/μL using a NanoDrop. DNA samples were stored at -20ºC until 

library preparation. We sheared DNA in samples to ~500 bp fragments (Covaris220) and 

used NEBnext Ultra DNA library prep kits (New England Biotechnologies, MA, USA) 

creating three sets of 96 unique combinations of indexes for a total of 288 individual fish. 

Proportion of males was between 30-50% per population. We confirmed adaptor lengths 

using TapeStation High sensitivity T1000 (Agilent Technologies, CA, USA) and gel 

electrophoresis. We equalized DNA concentrations per sample, confirmed with qPCR 

and merged individuals in three pools of 96 individuals as follows: GB (48) + SP (48), 
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PB(49) + VB(47), BNP(48) + SJ (24) + BB(24). We ran individuals on three separate 

lanes of Illumina HiSeq 2500 (125 bp paired-end; Brigham Young University DNA 

Sequencing Center) with version 4 chemistry in two separate runs for an average 

genomic coverage of 0.4x per individual. 

 
Genomic preparation and mapping 

We removed any remaining adapter sequences and trimmed low quality headers 

from base sequences using Trimmomatic v0.36 (Bolger et al., 2014). We mapped reads to 

our reference genome assembly using BWA MEM with high mapping rates (>96%) (Li 

and Durbin, 2009). We ordered non-coordinant read files and removed duplicates using 

samtools v1.3 (Li et al., 2009). We excluded ~36 mb (~3%) of our reference assembly 

that had abnormally high coverage as possible repeated low complexity or poorly mapped 

regions. 

 
Variant calling 

We used Freebayes v0.9 to call reads, while discarding low quality reads <30, 

bases <20, unmapped and duplicate reads (Garrison, 2012b). We filtered the obtained 

variant calls with vcftools v0.1.13 to allow only for bi-allelic SNPs, with a minimum of 8 

samples/population, minor allele frequency of > 0.05 and quality scores of >30 (Danecek 

et al., 2011). 

 
Genetic divergence 

We estimated FST values for populations using vcflib and the Weir and 

Cockerham’s calculation (Garrison, 2012a) both in 5 kb sliding windows (1 kb slide) and 

50 kb sliding windows (10 kb slide). To use both reference populations as background 
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genetic variation we used pairwise FST to perform population branch statistics (PBS) (Yi 

et al., 2010) by comparing each adapted population to both references. Outliers were 

identified as 1% outlier windows for each individual PBS comparison. 

 
Population structure 

We estimated population structure with ADMIXTURE (Alexander et al., 2009) 

(Figure 1) and population stratification with a multidimensional scaling (MDS) approach, 

using individual genotype vectors to test Euclidean distance in plink v1.9 (Chang et al., 

2015) (Figure S1). Population admixture was evaluated both on full genome data and 

neutral loci, selected based on non-outlier loci. We attempted demography models that 

accepted between 1 and 7 demes and evaluated amount of variation explained to select 

best fit model for each dataset. We visualized outcomes using R (RCoreTeam, 2015). 

 
Neutrality statistic estimations 

To estimate π and Waterson’s θ, we calculated folded site frequency spectra (SFS) 

for a randomly selected 49 mb subsample from every population. Based on those SFS we 

estimated per base site allele frequencies using ANGSD (Korneliussen et al., 2014; 

Korneliussen et al., 2013). We chose to use the same filters on individual representation, 

read quality, base quality and high coverage regions as described for variant calling. 

Following neutrality statistic estimation, we summed per base estimates into 5 and 50 kb 

windows with 1 and 10 kb slide and represented them as an average per window. As 

there was no qualitative difference between the distributions of the two estimates, we 

chose to present 5 kb window data to obtain higher resolution on neutrality statistics. 
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Selecting outliers 

To focus on regions of the genomes that represent the expected strong selective 

sweeps, we chose an outlier approach similar to Reid et al. (2016), with modification. We 

obtained regions with low neutral diversity in resistant populations, estimated by the 

pairwise difference in π. To obtain regions with both high divergence and low diversity, 

we converted both FST statistics and π estimates into Z scores to bring them to the same 

scale. We subtracted the diversity estimate from the divergence estimate to obtain high 

scores for windows with only high diversity and low divergence. To eliminate artificially 

elevated FST estimates derived from sites with low coverage, we eliminated any windows 

with less than 2000 bases estimated across our populations. We only selected the top 1% 

outliers among pairwise comparisons. To consolidate windows of high interest that were 

proximate, we merged them using bedtools (Quinlan and Hall, 2010). The level of 

interest represented a combination of the size and the level of divergence observed across 

that region. To minimize the regions under selection that are not responsible for 

adaptation to anthropogenic pollution we used the PBS approach as seen in Yi et al. 

(2010). Both outliers for only the FST statistic, and for the merged outlier approach were 

considered as some parts of the regions identified with each approach overlap, while 

other regions are unique to the approach used (Figure S2). 

 
Phylogeny 

We sub-sampled 100 mb (~10%) of our genome at random and calculated allele 

frequencies to estimate the maximum likelihood phylogeny on a genome wide scale using 

Rphylip (Revell and Chamberlain, 2014). We repeated this procedure for all pairwise FST 
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outliers, as well as for regions of interest. We complemented phylogenetic comparisons 

with ADMIXTURE models for these regions. 

 
Gene enrichment 

We used Panther GO to find common pathways controlled by genes present in 

regions of interest. Pathways were represented categorically and shown for each 

assessment of regions of interest. 

 
Results 

 
Resistance and molecular pathway suppression 

Populations more proximate to the industrialized portion of the Houston Ship 

Channel (HSC) showed an increase in resistance to the cardiac deformities, induced by 

PCB126 in reference populations (Figure 1, Figure S3: top). The increase in population-

wide resistance occurred in a gradient like manner, as shown by step-wide increase in 

effective concentration (EC) necessary to induce cardiac deformity (Figure S4). The 

increase in resistance strongly and significantly correlated to a suppression of the AHR 

pathway, as measured by CYP1A activity (exponential regression: r2 = 0.94, p < 0.001), 

as well as overall PCB contamination at the location where populations were collected 

(power regression: r2 = 0.81, p<0.001) (Figure S5). In addition, the resistance and 

molecular pathway suppression was fully heritable to the second generation in lab raised 

populations (Figure S6: PBf1 vs PBf2: cardiac deformity 2-way ANOVA: p = 0.08, 

CYP1A activity 2-way ANOVA: p = 0.08). 
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Population demography 

We evaluated admixture models on both full genome and neutral loci data (Figure 

1). Both datasets strongly supported a two-population model with highest variation 

explained (full genome: k2 CV = 0.68; neutral: k2 CV = 0.91). Full genome population 

model shows intermediately resistant populations to be of similar demographic history as 

reference populations, but a three-population model captures the separation of those two 

demes (Figure 1). While neutral loci admixture modeling reveals a similar trend, the 

intermediate populations in both two- and three-population models reveal intermediate 

individuals as a historical admixture with relatively similar likelihood of belonging to 

either reference or resistant deme. A similar structuring is observed in a MDS model of 

full genome grouping (Figure 2A). While intermediate populations appear as a rather 

independent grouping, they structure more proximate to reference fish. In addition, we 

observe an abnormal diversification of resistant populations, based on genetic similarity. 

Such diversity in genomic similarity is in concordance with the weaker admixture 

structuring in resistant populations and could be indicative of multiple selective stressors 

acting upon the genomic landscape of that deme. 

 
Phylogenetic comparison 

A maximum likelihood (ML) phylogenetic tree of outlier loci shows a strong 

divergence between resistant and other populations (Figure 2B). Genome-wide and full 

pairwise FST phylogenies support the distance between the two groups (Figures S7, S8). 

Individual based phylogeny supports this relationship, but also further draws attention to 

the diversity in resistant populations (Figure 2C), which is most strongly observed in 

pairwise FST phylogenies (Figure S8), again suggesting diverse selective pressure as the 
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source of variability. Contrary to those observations, mitochondrial DNA (mtDNA) 

structure and phylogenetic analysis suggests a large genetic split between one of our 

reference populations (GB) and the rest of the populations (Figure S9). 

 
Genomic variation and diversity 

The number of pairwise differences (π) within resistant populations tended to be 

lower in non-reference populations (Figure S10: left), while Waterson’s θ (θW) was 

highly elevated in intermediate and resistant populations, leading to a higher Tajima’s D 

statistic (Figure 10: right). Congruent with the increased allele variability observed in 

MDS structure plots, these results suggest an increase in rare allele variant, evident in θW. 

The increase in Tajima’s D is suggestive of a recovery from a bottleneck event in 

intermediate and resistant populations, while also suggestive of a lower population size. 

 Overall, there was an even distribution of pairwise FST windows both in regions 

with low diversity in reference and in resistant populations (Figure S11). In combination 

with genome-wide decreased diversity in resistant and intermediate populations, these 

results suggest that selective sweeps are present in both groups of populations, while the 

selection acting on resistant populations has had a larger impact on the population size 

(Tajima’s D) and diversity (π) of those groups. The genome-wide FST indicated that 

higher divergence is observed between resistant and reference populations, than between 

references (Figure S12). In addition, SJ stands out as a strongly divergent population, 

which is congruent with genome wide phylogenetic distance (Figure S7) and may suggest 

localized effects of contributions from proximate populations (see Discussion). 

 Divergent regions between adapted and reference populations occur with 

consistency among all populations (Figure S13). The level of divergence is higher in 
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comparisons with resistant populations than with intermediately resistant ones (as 

measured by PBS). Consistency in comparison with highly resistant populations is also 

stronger, while there are multiple unique divergent regions in intermediate populations 

 
Outlier regions and genes 

The outlier regions based on merged windows of both high genetic divergence 

from reference populations (FST) and low diversity in adapted populations (Δπ) show a 

gradient like relationship (Figure 2D). High outlier regions (expressed by size and level 

of divergence) are much more divergent for resistant populations, while they are less 

prominent in intermediately resistant populations. This trend is consistent in outlier 

regions identified by only the PBS method (Figure S14). When outliers are determined 

for each population separately, there are few outliers that are shared between all 

populations in both approaches (Figure S15, S16), while a large majority is population 

specific, suggesting location specific selective pressures play a large role in genetic 

divergence. In addition, the size of outlier regions is heavily skewed towards smaller size 

regions, congruent with rapid selection on pre-existing genetic variation (Figures S17, 

S18). 

 The outlier regions of interest identified by divergence (PBS) and by both 

divergence and low diversity in resistant populations overlap somewhat in the targets of 

selection that they identify. A strong point of similarity are genes that are part of the 

AHR pathway (Figure 3). All four members of the aryl hydrocarbon receptor family 

identified in Fundulus appear as outliers. While some are driven strongly by metrics of 

genetic divergence (AHR1a, 2a), others are visibly driven by both divergence and low 

diversity in adapted populations (AHR1b, 2b). In addition, phylogenetic trees for those 
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regions reveal a strong separation of highly resistant populations. These are supported by 

population structure, revealing moderate admixture on those regions in intermediately 

resistant populations, while strong separation between reference and resistant populations 

(Figure 3). A similar and strong separation based on both divergence and low diversity is 

observed in a region containing Aquaporin 3 and arrestin domain containing 3 

(ARRDC3) (Figure 3). Unlike the AHR genes, these outliers are more strongly separated 

in phylogeny and structure between reference and all adapted populations, suggesting a 

strong cline of adaptive selection present in all resistant populations on these regions. 

 To test the possible effects of ARRDC3, which is known to regulate energetics 

and weight (Patwari et al., 2011), we tested the growth rates and resting metabolic rates 

of five populations across the observed gradient of resistance. We observed that resistant 

populations grew at a faster rate, with one of the reference populations having an 

intermediate growth rate (Figure S19 top). This was congruent with the phylogeny and 

population structure presented on the region of interest containing ARRDC3 (Figure 3). 

In addition, resting metabolic rate was higher in all adapted populations under normoxic 

conditions (Figure S19 bottom), with statistically intermediate resting metabolism in an 

intermediately resistant population. 

 In addition to genetic outliers that relate to the AHR pathway and responses 

observed in adapted Gulf killifish, there are a multitude of affected divergent pathways, 

common among all resistant populations. Both the merged outlier and the divergence 

only approaches define a set of outliers with a wide scope of biological functions and 

pathways (Figures S20, S21). The immune system is one of the most highly affected 

complexes with over 70 genes divergent in resistant populations. In addition, 
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angiogenesis related pathways are also strongly affected, which is important for the 

milieu of cardiovascular complications associated with the heavy contamination present 

at polluted sites. Another complex system affected is the brain/nervous system. With 

pathways relating to oxytocin and serotonin, as well as Huntington’s disease related 

genes showing strong divergence. Other pathways of toxicological relevance that are 

included in these regions of interest are oxidative stress and hypoxia related responses. 

Overall, adapted populations of Gulf killifish have had multiple major systems affected 

by strong selective pressures associated with their environments. These common and 

divergent pathways suggest a large impact of localized adaptation on cellular function 

and organismal system dynamics. 

 
Discussion 

 In this manuscript, we present the genetic basis for rapid adaptation to 

anthropogenic contamination. We have shown a gradient of genetic adaptation in 

response to a gradient of chemical pollution acting as selective pressure. This adaptive 

evolution has had significant impact on the genetic diversity of resistant populations, as 

well as an impact on the population structure and demography along the cline of 

pollution. We reveal the strong potential of Gulf killifish as a model for understanding 

the population-wide impacts of selective sweeps, including accidental exposures to 

anthropogenic contaminants (ex. oil spills (Dubansky et al., 2013; Whitehead et al., 2013) 

and industrial pollution (Oziolor et al., 2014)), as well as other natural selective 

pressures. With this study, we hope to set the stage for a clearer understanding of the 

effects of anthropogenic stress on broader community composition and structure in 

impacted environments. 



183 
 

 The unique property of the system we studied is our ability to understand how 

differential levels of stressors have impacted population-wide adaptation and population 

structure. Killifish of the genus Fundulus are known to rapidly adapt to anthropogenic 

stress (Oziolor et al., 2014; Reid, 2016), and while predictions of level of contamination 

at which resistance occurs have been previously attempted (Nacci et al., 2010), the large 

complexity of contamination and geographical separation in the studied systems has 

made this a difficult task. In the current system, we see a clear gradient of adaptation, 

which is closely linked to a finely down-regulated molecular pathway that confers 

protection to contamination. This gradient of adaptation, while relatively unique, is not 

unexpected. Computational models of antibiotic resistance along a gradient of 

concentrations, suggest that evolution of resistance can be facilitated in an environment 

with heterogeneous selective pressure (Hermsen et al., 2012). These models suggest that 

selective immigration into environments with high selective pressure by individuals with 

a resistant phenotype allows for quick fixation of adaptive traits (Hermsen et al., 2012). 

Here we show high population structure barriers between highly resistant and 

intermediately resistant populations, with only a small distance between these regions (~8 

km) and no obvious physical barriers to migration. Despite the low migration of Gulf 

killifish, less substructuring is seen in the rest of the populations, which span 160 km. 

Thus, we suggest that the intermediacy of these populations is due to low levels of 

emigration from demes of high resistance, maintained by the intermediate level of 

contamination present at those locations. The effects of these low migration effects are 

suggested by low levels of admixture seen in non-outlier loci models (Figure 1). Thus, we 

present a heterogeneous environment, where contamination levels have fixed resistant 
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populations, while also allowing for the spread of these genotypes through low-level 

selection at proximate areas. 

 The mechanism of this adaptation is routed through the AHR pathway, which 

reveals the promise of studying the potential of population-wide impacts of 

anthropogenic contamination through a relatively small set of targeted population genetic 

analyses. In avian systems, small alterations in the genetic code for AHR can predict 

species wide differences in the sensitivity to dioxin like toxicity (Karchner et al., 2006). 

In additions, alterations of the AHR gene are known mechanisms to confer resistance in 

wild-caught fish populations (Reid, 2016; Wirgin et al., 2011). The understanding that 

AHR divergence drives resistance in a multi-population environment with high genetic 

heterogeneity, shines promise on the potential to model population sensitivity based on 

AHR structure in natural systems. In addition, the presence of low-level allele 

frequencies of adaptive AHR genotypes in reference populations may aid in the 

prediction of the future possibility of evolutionary rescue in localized and 

uncontaminated locations.  

 One of the most rapidly increasing concerns regarding genetic adaptation in wild 

populations is the fitness trade-offs associated with selective sweeps (Ågren et al., 2013; 

Bennett and Lenski, 2007). The rapid genetic adaptation in Gulf killifish has had 

profound impacts on population demography and genetic composition, which may have 

long-lasting effects on fitness. The high variability in genetic MDS in conjunction with 

an increased genome wide Tajima’s D suggest a recent bottleneck associated with a 

reduced population size in resistant populations (Cutter, 2013). Such genome-wide 

effects are a result of a shift in the selective landscape, allowing for a smaller portion of 
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fit individuals to comprise the new populations. On the other hand, any future challenges 

or removal of the original selective pressure may exacerbate any cost associated with 

resistant genotypes, unless recombination has had ample time to uncouple resistance and 

any proximate hitchhiking regions. 

While there can be negative effects of genome-wide reduced diversity, the more 

specific threats stem from genes of high divergence that may seem to not be associated 

with the observed resistance. The presence of a large number of immune-related genes 

with high divergence may provide a mechanistic explanation for the larger susceptibility 

to immune challenges found in adapted Atlantic killifish (Frederick et al., 2007). While 

there were many other pathways involved in divergent regions, ARRDC3 is one of the 

genes that stuck out as a high outlier with major biological function. Knocking out 

ARRDC3 causes increased resistance to obesity through thermogenesis of adipose tissue 

in male mice (Patwari et al., 2011). In addition, previous research suggests that adapted 

populations of Atlantic killifish increase resistance by shortening sensitive developmental 

window timing to avoid toxicity of Hg (Toppin et al., 1987). Here we show that adapted 

populations have a highly divergent ARRDC3 gene, they grow faster than reference 

populations and have a higher resting metabolic rate. We cannot confirm whether this 

divergence is due to a specific selection for a variant of ARRDC3 or whether this gene is 

near another region under selection, allowing it to hitchhike in resistant populations. On 

the other hand, this divergence may have strong implications on the ecology of adapted 

Gulf killifish populations. An increased growth rate and metabolism may result in a 

shortened life-span, which has been observed in dioxin-resistant populations of Atlantic 

tomcod (Dey et al., 1993). A further understanding of the impacts of pathways affected 
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by selection in this system are necessary to fully understand the ecological impact of 

evolutionary rescue to this gradient of pollution. 

A great challenge in evolutionary toxicology is the ability to uncouple the effect 

of selection associated with contamination from the differences in environmental 

variables between reference and resistant populations. While our analyses can show 

genes under selection in a population with a strong anthropogenic pressure, there are 

other gradients that are inherent to contaminated environments, as pollution is more 

common in smaller and urbanized locations. For example, salinity gradients have an 

impact on population structure of Atlantic killifish (Whitehead et al., 2011), and here we 

see a largely divergent Aquaporin 3, a protein involved in osmoregulation. This 

observation is true for any of the outlier genes we observe. Thus, a strong understanding 

of the natural environmental gradients inherent to the area of study is imperative when 

conducting outlier analyses on population genomic data. 

We have shown the impact of a gradient of anthropogenic pollution of the 

genomic landscape of natural populations of Gulf killifish. This model for genomic 

evolution in a system with a strong cline and mixture of contaminant and natural selective 

pressures can serve as a natural laboratory to uncover the mechanisms and dynamics of 

the selection process on the history and interactions between populations. In addition, this 

study improves our understanding of the level of contamination necessary to maintain 

adaptive phenotype in a complex and admixed system. 
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Figures and tables: 

Table 5.S1: Coordinates of sampling locations 

Site name 
Coordinate 

Lat Lon 
Smith Point  29.543697° -94.785411° 

Gangs Bayou  29.258382° -94.912627° 
Factory Bayou  29.490726° -94.930678° 
Houston Point  29.658787° -94.916038° 
Cedar Bayou  29.727612° -94.941376° 
Pine Gully  29.590673° -95.000663° 
Foote Park  29.725735° -94.995318° 

Baytown Nature Park  29.750995° -95.051352° 
San Jacinto State Park  29.760508° -95.083048° 

Patrick Bayou  29.728867° -95.114612° 
Vince Bayou  29.719321° -95.220574° 

Buffalo Bayou  29.754188° -95.297388° 
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Figure 5.1: Gradient of adaptive resistance is highly correlated with both a down-

regulation in CYP1A activity chemical contamination (r2 = 0.94 and r2 = 0.81 

respectively Population structure modeling supports between two and three possible 

demes in this environment, both suggesting a strong sub-structuring separating highly 

resistant populations from the rest of the bay system. A weaker sub-structure can be 

detected between intermediately resistant and reference populations, while those span a 

much broader geographic distance. 
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Figure 5.2: Phylogenetic separation and population sub-structuring among regions of 

pairwise FST divergence reveals strong separation between highly resistant individuals, 

while a lower level disparity between intermediately resistant and reference populations. 

A) genetic MDS plot suggests larger genetic disparity between resistant and the rest of 

the populations, while a non-abrupt separation between reference and intermediately 

resistant populations. B) phylogenetic tree derived in Rphylip for divergent loci reveals 

similar groupings to those seen in MDS analysis for population wide separation, while C) 

shows this sub-structure with individual phylogenetic distances. D) A plot of the overall 

outlier regions (high FST separation and low π in resistant populations) reveals a gradient 

like separation, with similar divergent regions among populations, while higher 

divergence in most resistant populations and lower divergence in intermediately resistant 

populations. 
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Figure 5.3: Top: Some of the most highly divergent regions are part of the control 

portion of the AHR pathway. In addition, there are other genes affected by selection that 

could either show a parallel cline of natural selective pressure, or can be attributed to 

genetic hitchhiking of physically linked genes. Bottom: Phylogenetic and sub-structuring 

analysis of genes under selection mostly matches the consensus phylogenetic tree built 

from the full genome. Strong structure separation is apparent in highly resistant 

population, with low levels of admixture with intermediately resistant populations. 

Aquaporin 3 and ARRDC3 reveal a divergent phylogeny and admixture, which may 

relate to a separate selection event that affected these regions separately from the 

pollution adaptation associated portion of the genome. 
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Figure 5.S1: Genetic MDS plot derived from full genome reveals higher divergence in 

resistant populations that could be indicative of either multiple selective pressures or of a 

recovery period from bottleneck event that increases the presence of rare alleles in the 

populations. Strong separation from intermediately resistant and reference population is 

consistent with all other analyses. 
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Figure 5.S2: The list of specific regions of interest identified only by divergence, 

diversity or by both have some commonality, while there are multiple unique regions 

identified in each. We chose to focus on highly divergent regions and test the portion of 

those that also have low diversity in resistant populations as well. Diagram was generated 

by jvenn.com. 
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Figure 5.S3: A strong link between level of resistance to cardiac deformities and 

reduction of molecular pathway responsiveness. Top: Gradient like population-wide 

increase in resistance to cardiovascular teratogenesis in populations more proximate to 

the most contaminated portion of the HSC. Bottom: A gradient like reduction of 

responsiveness of the CYP1A enzymatic activity to the same concentrations of PCB 

contamination. 
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Figure 5.S4: A gradient of resistance expressed as effective concentration 50 (EC50) or 

the concentration necessary to induce 50% of response (cardiac deformity) in these 

populations. An increase in EC50 translates to higher resistance. Sites are ordered by 

distance from most contaminated portion of the HSC. 
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Figure 5.S5: Very strong relationships between both AHR down-regulation (as measured 

by CYP1A maximal activity) and total level of contamination and the level of resistance 

in populations sampled. Top: The level of maximal CYP1A activity predicts 94% of the 

variability in resistance in populations, suggesting a finely tuned molecular pathway 

responsible for the specific levels of resistance in these populations (exponential 

regression: r2 = 0.94, p < 0.001). Bottom: Relative contamination is also highly related to 

the level of resistance to this contamination (power regression: r2 = 0.81, p < 0.001). 
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Figure 5.S6: The resistant phenotype is fully heritable to F2 generation of a resistant 

population. We show that both the resistance to cardiovascular deformities (top) and 

molecular suppression (bottom) are not significantly different between generations 

(deformity: 2-way ANOVA, p = 0.081, CYP1A: 2-way ANOVA, p = 0.085). 
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Figure 5.S7: Genome-wide phylogeny and sub-structuring reveal a trend of large 

separation between resistant populations and the rest, with a weaker separation between 

reference and intermediately resistant populations. 
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Figure 5.S8: Phylogeny and sub-structuring only at most divergent regions from 

references, still reveal a smaller disconnect between reference and intermediately 

resistant populations. The high intra-populational genetic diversity in resistant 

populations may suggest multiple selective pressures, strongly affecting genetic make-up. 

It could also reveal incomplete coalescence of multiple lineages with resistant properties. 
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Figure 5.S9: Mitochondrial DNA phylogeny and admixture leads to a rather “abnormal” 

phylogenetic tree that does not agree with the nuclear DNA phylogeny. This could be a 

product of the very rapid and recent selective sweep that caused divergence, thus not 

allowing for the single locus phylogeny estimated by mtDNA to reveal these recent 

relationships. On the other hand, the hundreds of thousands independent loci included in 

the genome-wide phylogeny have a stronger power of determining recent splits (Cutter, 

2013). On the other hand, mtDNA reveals a split that suggests two strongly divergent 

lineages make up the mtDNA variability in these populations. This could suggest 

ancestral separation followed by re-introduction. The level of divergence between these 

two haplotypes suggests a divergence of over ~2 Myr, or around the Pleistocene (Avise et 

al., 1998). 
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Figure 5.S10: Average values of π calculated from 5 kb sliding-window estimates (1kb 

slide) show a small decrease in mean genetic diversity in all adapted populations. In 

addition, strong increases in Tajima’s D (measured in a similar estimate) suggest a strong 

population bottleneck.  
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Figure 5.S11: Plot of π values of resistant populations (x-axis) versus reference 

populations (y-axis) reveal that high FST values are present in regions with low diversity 

in both reference and resistant populations. This suggests localized adaptation in both sets 

of populations, which is why we chose to focus on regions with lower population 

diversity in resistant populations compared to references (Δπ). 
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Figure 5.S12: Genome-wide pairwise FST values calculated in a 5 kb sliding-window 

approach (1 kb slide) reveal a strong genomic separation between some resistant 

populations and reference populations. SJ stands out as a highly divergent population, 

which could be a attributed to genetic contributions from untested populations, part of the 

northern San Jacinto river, which could be affecting the overall sampling at this site. 
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Figure 5.S13: Population Branch Statistics (PBS) reveal regions of divergence from 

reference populations scattered throughout the genome (shown as scaffolds arranged by 

size). Shared outlier regions based on divergence are seen throughout all resistant 

populations, with some unique outliers present in each population (sign of localized 

selection). The 1% outliers are shown in red. 
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Figure 5.S14: Regions of interest from the genome based only on genetic divergence 

(PBS only method) reveal a similar trend of high divergence of resistant populations from 

reference, and a smaller divergence in intermediately resistant populations. Regions are 

merged if there are high PBS outliers within 5 kb of each other. 
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Figure 5.S15: Pairwise outlier regions (as determined by both divergence and low 

diversity in reference populations) among all five adapted populations reveal several 

regions to be shared. Shared scaffolds under selection in all 5 populations include AHR 

related genes, as well as Aquaporin and ARRDC3 (right). On the other hand, specific 

regions under selection were seen to be less shared, with closely proximate regions 

appearing in different populations. 
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Figure 5.S16: A similar trend is observed in divergence only derived genes, with 

Aquaporin 3 and ARRDC3 being shared, while AHR related genes become more shared 

in most resistant populations, with small regions of divergence occurring in 

intermediately resistant populations. 
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Figure 5.S17: Size of outlier regions calculated on both divergence and low diversity in 

resistant populations reveal that most outliers are rather short, with very few outlier 

regions being of large length. This could suggest that regions of divergence have been 

selected for over a long time, with recombination having many generations to break up 

the linkage around selected regions. On the other hand, this could suggest that adaptation 

is acting on pre-existing genetic variation, which could present with smaller apparent 

genetic hitchhiking. 
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Figure 5.S18: A similar trend with short regions of interest in divergence only (PBS) 

derived outlier regions. 
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Figure 5.S19: Adapted populations exhibit faster growth rates (top), with SP having an 

intermediate growth rate, and higher normoxic resting metabolic rates (bottom). This is in 

very good agreement with the phylogenetic separation along ARRDC3, which is known 

to regulate thermogenesis in mice. 
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Figure 5.S20: Gene enrichment of outlier regions selected by both high divergence and 

low diversity in resistant populations reveals multiple important pathways under selection 

in resistant populations. This includes immune function, neuronal function and 

development, carcinogenesis related genes and many others. 
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Figure 5.S21: Gene enrichment on outlier regions selected by genetic divergence reveals 

some similar pathways affected as the previous outlier approach. These genes may be 

associated with other adaptive sweeps, or be part of the genetic hitchhiking associated 

with rapid selection. 
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CHAPTER SIX 

Evolutionary toxicology: Meta-analysis of evolutionary events in response to chemical 
stressors 

 
This chapter was published as: Oziolor, E.M., De Schamphelaere, K., Matson, C.W., 
2016a. Evolutionary toxicology: Meta-analysis of evolutionary events in response to 

chemical stressors. Ecotoxicology, 1-9 
 
 

Abstract 

The regulatory decision-making process regarding chemicals safety is most often 

informed by evidence based on ecotoxicity tests that consider growth, reproduction and 

survival as end-points, which can be quantitatively linked to short-term population 

outcomes. Changes in these end-points resulting from chemical exposure can cause 

alterations in micro-evolutionary forces (mutation, drift, selection and gene flow) that 

control the genetic composition of populations. With multi-generation exposures, 

anthropogenic contamination can lead to a population with an altered genetic 

composition, which may respond differently to future stressors. These evolutionary 

changes are rarely discussed in regulatory or risk assessment frameworks, but the 

growing body of literature that documents their existence suggests that these important 

population-level impacts should be considered. In this meta-analysis we have compared 

existing contamination levels of polychlorinated biphenyls (PCBs) and polycyclic 

aromatic hydrocarbons (PAHs) that have been documented to be associated with 

evolutionary changes in resident aquatic organisms to regulatory benchmarks for these 

contaminants. The original intent of this project was to perform a meta-analysis on 

evolutionary events associated with PCB and PAH contamination. However, this effort 
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was hindered by a lack of consistency in congener selection for “total” PCB or PAH 

measurements. We expanded this manuscript to include a discussion of methods used to 

determine PCB and PAH total contamination in addition to comparing regulatory 

guidelines and contamination that has caused evolutionary effects. Micro-evolutionary 

responses often lead populations onto unique and unpredictable trajectories. Therefore, to 

better understand the risk of population-wide alterations occurring, we need to improve 

comparisons of chemical contamination between affected locations. In this manuscript 

we offer several possibilities to unify chemical comparisons for PCBs and PAHs that 

would improve comparability among evolutionary toxicology investigations, and with 

regulatory guidelines. In addition, we identify studies documenting evolutionary change 

in the presence of PCB and PAH contamination levels below applicable regulatory 

benchmarks. 

 
Introduction 

 Evolutionary toxicology as a field aims to investigate the long-term effects of 

contaminants on the physiological and/or genetic characteristics of chronically exposed 

populations of organisms (Bickham, 2011). Bickham (2011) summarizes the evolutionary 

outcomes driven by toxicants as: 1) changes in genetic diversity; 2) changes in allelic or 

genotypic frequencies at survivorship loci; 3) changes in dispersal patterns or gene flow; 

and 4) effectively increased mutation rates. Each of these patterns of evolutionary events 

is necessarily preceded by a quantifiable change in the survival, reproduction or behavior 

of individuals caused by an adverse outcome of a toxicant on sensitive individuals within 

a population (Klerks et al., 2011). While adaptation in response to toxicant stress can lead 

to a so-called evolutionary rescue, allowing populations to survive in their native and 
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polluted environment, it is a result of long-term negative effects of contamination on 

sensitive individuals in that resident population. Reaching evolutionary rescue is an 

advantageous trajectory in the presence of contamination, but it is only one of the 

possible outcomes in contaminated locations. In addition to a population adapting, strong 

and continuous selective pressures can result in fitness-costs associated with adaptive 

phenotypes, even in the absence of the original pressure (Bickham, 2011; Harbeitner et 

al., 2013; Klerks et al., 2011; Oziolor and Matson, 2015). Such costs can be associated 

directly with the novel mechanism of phenotypic response of the adapted populations, 

indirectly through increased energy demand, or they may be inherited from physical 

genetic linkages of non-beneficial traits to the adaptive alleles. However, even when 

focused on the evolutionary rescue of a population resulting from micro-evolutionary 

events, there is no question that in order for this population to have adapted, sensitive 

individuals must have experienced adverse effects, resulting in their failure to contribute 

their weaker alleles to subsequent generations. These large selective events can also lead 

to a loss of genetic diversity, or genetic bottleneck, reducing the evolutionary potential of 

populations. Thus, adaptation or acquired resistance to contaminants should be 

interpreted as evidence of past adverse effects acting at the population level, and 

therefore should be considered when setting regulatory guidelines. 

 Compared with ecotoxicological testing, which often uses individual responses in 

order to extrapolate to populations and communities, evolutionary toxicology uses a 

population-wide scope for its investigations. Evolutionary studies often aim to investigate 

variable physiological responses, genetic composition, frequency of mutation or gene 

flow that can be linked to an effect of a contaminant (Bickham, 2011). Some evolutionary 



219 
 

toxicology studies aim to investigate a quantitative relationship between toxicant and 

evolutionary response by exposing multiple generations in a controlled laboratory setting 

(Xie, 2003). Such scenarios often contain a true control and thus an accurate 

measurement of strength of selective pressure and heritability of adapted trait (Klerks et 

al., 2011). Alternatively, other studies focus on describing field collected populations of 

organisms, known to have had a long history of exposure at contaminated sites (Nacci et 

al., 1999; Oziolor et al., 2014). In these cases, a true control (pre-exposure population) is 

impossible to obtain. Thus, reference populations are used, where the contamination 

history is known to be minimal and the response to contaminants can be expected to be 

similar to other non-contaminated sites. Measuring long-term and population-wide 

responses allows for a better understanding of a contaminant’s effects, without the 

assumptions of a predictive model. We propose that by surveying the existing literature 

on contaminant levels that have been associated with evolutionary events, we can better 

understand the possible uses and limitations of existing datasets for estimating the risk of 

complex mixtures acting as selective pressures in natural environments. 

 Contaminants such as polychlorinated biphenyls (PCBs) and polycyclic aromatic 

hydrocarbons (PAHs) are often found in complex mixtures with varying compositions 

and toxicities (Bozinovic et al., 2013; Ciemniak et al., 2013; Holth et al., 2014; Howell et 

al., 2011; Howell et al., 2008; Lakshmanan et al., 2010; Nowacka and Wlodarczyk-

Makula, 2013). Although individual compounds in those classes have different 

characteristics, both PCBs and PAHs can share a common mode of toxicity by 

constitutively upregulating the aryl hydrocarbon receptor pathway (Billiard et al., 2006; 

Clark et al., 2010; Incardona et al., 2004). In aquatic organisms, this upregulation can 
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lead to cardiac teratogenesis in sensitive early life stages, which has been shown to act as 

selective pressure in various species (Oziolor et al., 2014; Wills et al., 2010; Wirgin et al., 

2011). Laboratory experiments that test these contaminants often focus on a set of model 

organisms and individual chemicals in order to generate information about standard 

endpoints such as reproduction, growth, development and mortality (Long et al., 1998; 

Perrichon et al., 2014). These studies provide the data needed to build models of 

predictive toxicity and population-wide effects to help us understand the adverse effects 

of contaminants on various organisms (De Laender et al., 2015; De Schamphelaere and 

Janssen, 2002). From these datasets we attempt to derive guidelines for the acceptable 

concentrations of classes of contaminants in various matrices to protect the resident biota 

from adverse effects (Long et al., 1998; Long and MacDonald, 1998; MacDonald et al., 

2000b; Swartz et al., 1995). These datasets are informative for regulatory purposes, but 

they do not consider evolutionary events. Thus a complete database summarizing 

contamination profiles for PCBs and PAHs for environments in which evolutionary 

events have occurred does not exist. 

PCB and PAH contaminated environments are often affected by various ratios of 

individual members of those classes, and understanding the contamination profile of such 

environments can often inform toxicity on resident biota (Aguilar et al., 2013; 

Lakshmanan et al., 2010; Oziolor et al., 2014; Subedi and Usenko, 2012). Some studies 

used toxic equivalency estimates of the complex mixtures to predict the cumulative 

effects the mixtures likely have on resident biota (Bhavsar et al., 2007). Due to the 

extensive nature of an evolutionary toxicology investigation, studies that report 

evolutionary events often focus on a localized contaminated environment and one or few 
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species in this environment (Oziolor et al., 2014; Wills et al., 2010; Wills et al., 2009; 

Wirgin et al., 2011). When toxicological studies determine the contamination profiles of 

PCBs or PAHs that are driving adaptation in resident populations, this information 

becomes evidence of the possible risks of population-wide changes occurring at similar 

levels of contamination (Bickham et al., 2000). By comparing multiple environments and 

species, we create a better picture of the environment in which local adaptation is driven. 

Thus, comparability between chemical profiles from evolutionary studies is essential for 

generalization of contamination profiles that are linked to producing and sustaining an 

evolutionary event even in a single species. 

Our meta-analysis was inspired by a recent study by De Coninck et al. (2014), 

which explored the micro-evolutionary responses to cadmium and found that such 

responses only occurred at concentrations above the 5% hazard concentration (HC5) 

(used as the basis to derive the regulatory guidelines in Europe). This study aimed to 

bring evolutionary toxicological events into a regulatory framework. The original aim of 

our meta-analysis was to expand this effort to include PCBs and PAHs as those 

evolutionary studies are well established in the literature. Unfortunately, as we acquired 

our data and began comparing studies, we found several disadvantages of the PCB and 

PAH dataset we derived, which made it almost impossible to create a risk-based 

comparison that would be similar to the previous meta-analysis for cadmium. In the 

process of deriving this meta-analysis, we found a lack of consistency in the congeners 

used to determine “total” levels for contaminants. This led to a second focus of this study, 

which was to summarize the different approaches used to obtain total PCB and PAH 

concentrations and to suggest future directions and best practices for evolutionary studies. 
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The observed differences in congeners included made comparison between studies 

difficult, which is why we aim to discuss methods to unify chemical profile analysis for 

PCBs and PAHs in evolutionary toxicology in order to increase the comparability of 

these studies and to advance the broad understanding of chemical stressors in this field. 

 
Methods 

 
Study Design and Data Retrieval 

The approach for finding articles was based on De Coninck et al. (2014), with 

slight modifications. Briefly, the ISI Web of Science search engine 

(http://apps.webofknowledge.com) was used by entering search term combinations for 

PCBs, PAHs and dioxins in October of 2014. The contaminant terms were entered under 

the first “topics” term: PCB*, polychlorinated biphenyl*, polycyclic aromatic 

hydrocarbon*, and dioxin*. These were coupled individually with each of the following 

in a secondary “topics” term: resistance, tolerance, adaptation, evolution, microevolution, 

selection, genetic erosion, genetic variability, divergence, and quantitative genetics. For 

each of the 120 combinations of searches, the results were restricted to “Genetics,” 

“Toxicology” and fields containing the term “Bio.” The resulting article hits were 

screened for inclusion into the meta-analysis. 

 
Selection Criteria 

The selection criteria were modified from De Coninck et al. (2014) to include 

studies that did not necessarily include F1 testing for increased tolerance, as long as the 

authors of the original paper concluded population divergence was due to a contaminant. 

Briefly, the selected articles included: (a) studies of field collected populations with 
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comparison between a reference and a contaminated site; (b) controlled artificial 

selection experiments, which investigated multi-generational changes occurring due to a 

contaminant; and (c) studies of physiological/biochemical responses or genetic 

variability, which aimed to identify population-level differences among populations as a 

consequence of contaminant exposure. Only studies that reported contaminant 

concentrations, or for which data were available from other sources, were included in this 

meta-analysis. 

 
Concentration Comparisons 

For PCBs and PAHs the results were split into three groups, according to the 

environmental matrices in which they were measured: (a) sediment, (b) biota, and (c) 

miscellaneous. We sought the primary source of environmental chemistry for each of the 

sites in which evolutionary events occurred to gather information about the number or 

specific congeners used to determine the “total” PCB or PAH concentration (Table 1). 

Some sample regulatory benchmarks were chosen where available to put reported PCB 

and PAH concentrations in perspective (e.g. U.S. EPA region 3). Studies that were used 

to drive the regulatory guidelines were also examined to determine the mixture of 

congeners that comprise the “total” term in PCBs and PAHs (MacDonald et al., 2000b; 

Swartz, 1999). 

 
Results 

 
Selected Studies 

Following the search and selection criteria, we retained 29 cases in which PCBs 

were a selective force and 15 cases in which PAHs were concluded to play that role. No 



224 
 

studies from our search for dioxins fit our selection criteria. From the selected PCB and 

PAH studies, 72 and 80%, respectively, reported the number of congeners used to 

determine the “total” concentration term, whereas 62 and 67% reported the specific 

congeners they surveyed (Table 1). Information about specific congeners was found 

within the publication in 24% of PCB cases and 67% of PAH cases, whereas in the rest of 

studies the congener data were present only in a cited paper (Table 1). The variability in 

numbers of congeners examined to determine the “total” term was higher among PCB 

studies (standard deviation: 67) versus PAH studies (standard deviation: 26). Aroclors 

were studied in 17% of PCB cases and only 1-3 aroclors were studied per case, compared 

to the seven suggested to determine a “total” term in consensus studies used for 

regulatory “total” determination (MacDonald et al., 2000b). 

 
Sediment 

Micro-evolutionary change in response to sediment PCB contamination was seen 

in 16 separate populations across 6 different species (Figure 1). The reported total 

concentrations for these events varied widely as did the congeners considered (between 

12 and 209 congeners). In 2 out of 16 cases, chemical concentrations at which 

evolutionary events were observed fell below the EPA marine sediment benchmark for 

regions 3 and 6 (Figure 1). This benchmark was chosen because a large number of the 

identified studies focused on environments within these regions.  

 The search of PAH contaminated sediments data yielded 10 studies of populations 

where evolutionary change has occurred (Figure 2). These studies investigated 3 different 

aquatic species, with 8 of the studies focused on Atlantic killifish (Fundulus heteroclitus). 

The number of PAHs studied in this dataset was between 26 and 85 with one study not 
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reporting a PAH target list. In one study, the concentration at which evolutionary effects 

were observed was lower than the EPA region 3 marine sediment benchmark (1,610 

ng/g) for “total” PAH concentrations. All other included studies found evolutionary 

events at levels above this regulatory guideline (Figure 2). 

 
Tissue 

There were 6 studies of evolutionary responses in populations that reported wet 

weight concentrations of PCBs in either whole organisms or muscle (Figure 3). The 

studies with PCB contamination included 10 reported concentrations in 8 different 

aquatic species (Figure 3). 

 In contrast, only 2 studies reported PAH concentrations in fish tissue and they 

focused on 2 fish species: Atlantic killifish (F. heteroclitus) and Brown bullhead 

(Ictalurus nebulosis) (Figure 4). Only 1 of the 2 studies reported the congener number 

used to determine the “total” PAH term (Figure 4). 

 
Miscellaneous Matrices 

Two laboratory studies examined aqueous exposure of 2 marine diatoms to PCBs 

(data not shown). Another 3 studies examined the effects of single PAH dietary exposure 

or complex PAH mixture water exposure. Due to the lack of comparability, none of these 

studies were examined further. 

 
Discussion 

 This meta-analysis of evolutionary events revealed that there is a complexity and 

diversity in the academic investigations of population-level ecotoxicological impacts that 

make it difficult to directly compare across studies. Subdividing the explored chemical 
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profiles into the matrices in which they were studied allowed for minimizing the 

variability between reported values. In addition, reports of PAHs in fish tissue and water 

were rare since PAHs are metabolized in biota and are hydrophobic. Thus, most studies 

reported sediment PAH concentrations. The two main limitations to comparing chemical 

contamination as selective pressure between studies were: 1) studies did not use the same 

number of compounds to derive the “total” PCB or PAH term that was reported as a 

concentration value; and 2) not all studies reported the number or identity of compounds 

used to derive a “total” PCB or PAH amount. 

Despite the low comparability, we viewed some of the data in this meta-analysis 

in comparison to regulatory guidelines. The incorporation of evolutionary events in 

informing regulation is warranted because when populations undergo evolutionary 

rescue, it can lead to a false sense of biological stability at those sites, and also the likely 

genetic bottleneck and loss of diversity are capable of reducing the population’s ability to 

respond to future ecological change. This notion of adaptation being a positive response 

can be brought on by the ability of populations to maintain their population size in 

contaminated environments, which could suggest that the species are unaffected. For 

example, biomarkers of exposure (ex. CYP1A activity) have been down-regulated in 

multiple species as part of the adaptation to resist toxic effects of contaminants (Nacci et 

al., 1999; Oziolor et al., 2014; Yuan et al., 2006). Such adaptations may mislead 

environmental monitoring for exposure and suggest a lack of contamination. Micro-

evolutionary events have certainly altered expected responses for biomarkers of 

exposure, like CYP1A activity or expression. Understanding a population’s exposure 

history, and potential for micro-evolution, is necessary for adequately interpreting 
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biomarker data used for environmental monitoring. Thus, evolutionary toxicology 

employs reference populations to understand the responsiveness of individuals not 

exposed to chronic contaminants. This understanding is not possible without the 

understanding of contamination and migration history of aquatic populations. Given the 

possibility of adapted populations to confuse environmental monitoring efforts, and given 

the ability of multiple species of aquatic organisms to achieve adaptive rescue, 

evolutionary events should be considered to inform and improve regulatory and 

monitoring studies. 

Unlike the De Coninck et al. (2014) conclusion that evolutionary responses to 

cadmium had occurred only at concentrations above regulatory guidelines, our study 

identified cases in which concentrations for which population-wide evolutionary 

responses were observed below regulatory guidelines for PCBs and PAHs. This finding 

could call into question the level of protection those benchmarks provide in preventing 

population-wide changes in aquatic biota. Unfortunately, unlike De Coninck et al. (2014), 

this dataset does not have the robust comparative information to make suggestions about 

the meaning of those results in terms of a regulatory framework and thus does not begin 

to make those assertions. To the contrary, the presence of evolutionary change below 

regulatory benchmarks could be a consequence of the “total” terms derived by studies 

being driven by few congeners compared to the numbers used to derive the regulatory 

levels. However, the aim of those studies is typically not to study overall contamination, 

but rather specific toxic congeners of PCBs or PAHs. Despite a targeted approach by 

evolutionary toxicology studies, with few modifications future studies can not only 

become more comparable, but can also inform larger datasets. 
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 One of the hurdles in comparing these studies in a meta-analysis is the high 

variability in congeners studied in both PCB and PAH classes of contaminants (Table 1). 

This diversity in study methods is in part caused by the difficulty in reconciling a single 

method that best describes biological effects and chemical concentrations. The total 

number of congeners and specific congeners to include in that total often differ between 

studies. In addition, investigating sediment and tissue contamination both have 

advantages in terms of exposure evaluation, but the comparison of numbers derived from 

these two matrices in wild exposures is not meaningful with current methods. Greater 

consensus in the methodological approaches used to determine environmental 

contaminant levels (e.g. which chemical congeners and environmental matrices to include 

in the calculation of the “total” parameter) will be required to maximize the utility of 

evolutionary toxicology research.  

 An example of the difficulty in reconciling a “total” contaminant determination 

method is the variety of options selected by the identified evolutionary studies in this 

meta-analysis. When determining total PCB concentrations in sediment, some researchers 

have chosen to follow established NOAA methods, whereas others have chosen other 

available congeners with few matching the NOAA list (Figure 1). In determining the 

priority PCB congeners the NOAA protocol selects 20 congeners that are a mix of 

biologically potent dioxin-like compounds. This choice is driven by previous assessments 

(Clarke, 1989) and chemicals that dominate similar types of mixtures (Lauenstein, 1993). 

On the other hand, other approaches suggest alternatives to such measurements, e.g. toxic 

equivalency values of a small select group of congeners (Bhavsar et al., 2007) or 7 

aroclors as a more chemically relevant determination of total PCB load in sediment 
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(Prignano, 2008). Even though the choice of aroclor measurement as a sole descriptor of 

contamination may be less related to biological activity (eg. AHR potential of 

compounds), it can aid efforts to improve and unify sediment effects concentrations for 

both freshwater and marine environments; thus, it can increase the biological relevance of 

such a total PCB measurement (Fairey et al., 2001; Long et al., 1998; Long and 

MacDonald, 1998; MacDonald et al., 2000a; MacDonald et al., 2000b). On the other 

hand, total toxic equivalency estimates will suffer from lack of uniformity of congener 

selection. EPA method SW846 for sediment quality determination uses both a set of 19 

PCB congeners and a set of 7 aroclors as biologically and chemically meaningful options 

for determining total PCB in sediment. We suggest that in order to achieve greater 

comparability to current regulatory guidelines, and to maximize research utilization, 

future evolutionary toxicology research focused on PCBs should consider using a 

combination of congeners or Aroclors, such as the ones suggested by EPA SW846. Such 

combination would give a meaningful total PCB measurement for comparisons. Other 

lists of PCB congeners such as the ones presented by the World Health Organization 

(WHO) present a strong choice for PCB targets in sediment contamination determination. 

Future efforts within the evolutionary toxicology field will be necessary to work towards 

a consensus on environmental chemistry methods. 

 When considering sediment contaminated with PAHs, the variability between 

studies is smaller, but that may also be related to the fact that a small number of authors 

are producing the majority of the studies (Figures 2 and 4). Despite this bias, the numbers 

of PAHs used to determine that total term does not match the ones used by EPA (Swartz, 

1999). The EPA methods for PAH sediment quality guidelines is driven by toxicity tests 
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done with a mixture of 6 low molecular weight PAHs (LPAH) and 7 high molecular 

weight PAHs (HPAH) that are combined to give a total PAH (TPAH) concentration 

(Swartz, 1999). In comparison, the studies included in our analysis included between 26 

(Clark et al., 2013b) and 85 (Paetzold et al., 2009) compounds, which were combined for 

a total PAH determination. We agree that studying a larger number of PAHs can be 

beneficial in understanding the chemical profile of the environment, given the vast 

differences between chemical potencies and presence of PAH parent compounds. Thus, 

to reconcile this discrepancy, we suggest that academic studies consider the 13 

compounds that drive sediment quality guidelines as part of the overall PAH list in 

environmental chemistry analyses. Including these base 13 compounds to produce the 

TPAH value and reporting an overall total PAH and a TPAH concentration that can be 

compared to the EPA sediment quality guidelines would be extremely beneficial for 

informing regulatory processes. This is especially important since one of the studies 

included in our meta-analysis (20 PAHs measured) reported an evolutionary response, at 

concentrations below the TPAH regulation for EPA region 3 (Figure 2) (Clark et al., 

2013b). This finding suggests that this guideline may not be protective of all population-

wide effects on aquatic life. 

The utility of evolutionary studies to inform regulation is still largely theoretical. 

Field studies provide the ability to investigate the effects of contaminant levels in 

relevant environments, but inherently come with the complication of environmental 

complexity, which may obscure the bioavailability and exposure of organisms to the 

contaminants. Laboratory studies allow researchers to investigate the strength of selection 

occurring under controlled conditions, but often use high concentrations of contaminants 
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in order to force selection in fewer generations because of time constraints. The utility of 

each type of study contributes variably to understanding the biologically relevant 

selection process, but a framework for incorporating these data does not currently exist. 

Laboratory studies may have larger utility in exploring the adaptive potential of different 

species, as well as the fitness-costs associated with micro-evolutionary events. On the 

other hand, field studies can explore how environmentally relevant concentrations of 

those contaminants can act as selective pressures, and thus alter populations in 

contaminated environments. Together, these investigations can inform regulation as to 

the concentrations of concern for micro-evolutionary events, as well as the population-

wide costs associated with this gain of resistance or shift in genetic composition in 

populations in polluted environments. This meta-analysis has enhanced the growing 

interface between evolutionary toxicology and environmental regulation. 

 
Conclusions 

 With this meta-analysis we aim to move towards a unified understanding of the 

levels at which PCBs and PAHs can become selective stressors. We compared studies in 

which evolutionary events were observed and the chemical concentrations reported for 

PCBs and PAHs from the affected locations and found several instances in which 

population adaptation has occurred below regulatory benchmarks for the selected region. 

With this comparison, we see large disparities between the number of compounds used to 

determine a “total” PCB or PAH concentration. Thus, we suggest that by altering 

methods slightly, future evolutionary studies could increase their comparability and 

possibly the understanding of how PCB and PAH mixtures act as selective pressures. 

Finally, we suggest that future studies in evolutionary toxicology could be informative 
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for regulation, but only if they consider which chemicals to quantify and what matrices to 

examine to maximize regulatory relevance. 
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Figures and Tables 

 

Figure 6.1: Total PCB sediment concentrations at which evolutionary responses were 

observed for populations of six species. In the cases of Gulf killifish and Atlantic 

killifish, reported total PCB concentrations fall below the most conservative regulatory 

guideline for EPA region 3 and 6. This guideline was obtained from the EPA regions in 

which these two studies were performed (Cosper et al., 1988; Greytak et al., 2010; Nacci 

et al., 2002; Oziolor et al., 2014; Paetzold et al., 2009; Roark et al., 2005a; Roark et al., 

2005b). 
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Figure 6.2: Total PAH sediment concentrations at which evolutionary responses were 

observed for populations of three species, compared to the EPA region 3 sediment 

benchmark concentration. The total PAH level in one population of Atlantic killifish in 

which an evolutionary effect was identified fell below the selected regulatory guideline 

(Clark et al., 2013a; Murdoch and Hebert, 1992; Paetzold et al., 2009; Street et al., 1998). 
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Figure 6.3: Total PCB concentrations at which evolutionary responses were observed in 

fish tissue for populations of eight species. (Brammell et al., 2004, 2013; Elskus et al., 

1999; Oziolor et al., 2014; Paetzold et al., 2009; Yuan et al., 2006). 
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Figure 6.4: Total PAH concentrations at which evolutionary responses were observed in 

tissue for populations of two species. (Murdoch and Hebert, 1992; Paetzold et al., 2009). 
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Table 6.1: Summary of the reported congener information from the 44 studies included 

in the meta-analysis. The “Reported” section describes the information presented in the 

evolutionary studies about the environmental chemistry assessment of the sites studied. 

The “Congener description” describes the average and deviation in number of congeners 

of PCBs and PAHs used to derive a “total” value for contamination levels among all 

evolutionary studies observed. 
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CHAPTER SEVEN 

Conclusions: 

Evolutionary toxicology in an omics world 

This chapter was previously published: Oziolor EM, Bickham JW, Matson CW. 
Evolutionary toxicology in an omics world. Evol Appl. 2017;00:1–10.  

 
 

Abstract 

 Evolutionary toxicology is a young field that has grown rapidly in the past two 

decades. The potential of this field comes from the ability to link chemical contamination 

to multi-generational and population wide effects in various species. The advancements 

and rapidly decreasing costs of -omic tools are improving the power and resolution of 

evolutionary toxicology studies. In this manuscript we aim to address the trajectories and 

perspectives for conducting evolutionary toxicology studies with -omic approaches. We 

discuss the complementarity of using multiple -omic tools (genomics, eDNA, 

transcriptomics, proteomics and metabolomics) for utility in understanding the 

toxicological relevance of adaptive responses in populations. In addition, we discuss 

phenotypic plasticity and its relevance to transcriptomic studies in toxicology. As 

evolutionary toxicology grows and expands its capacity to link toxicology with 

population-wide end points, we emphasize the applications of such studies in answering 

questions about ecological and population health, as well as future applicability to 

regulation. Thus, we aim to emphasize the enormous potential for evolutionary 

toxicology in an -omics world and give perspectives on the directions of future 

investigations. 
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Introduction 

The field of evolutionary toxicology is on the verge of having the incredible 

capability of directly linking chemical contamination in natural environments to the 

genetic basis for population-wide outcomes of multi-generational exposures to 

contaminants. With recent improvements and new developments in the fields of 

genomics, transcriptomics, environmental chemistry and mixture toxicity, evolutionary 

toxicology brings together these fields towards a complex understanding of contaminant 

effects on populations. The resulting knowledge of the trans and multi-generational 

outcomes of complex mixtures of contaminants on populations has tremendous potential 

for informing regulation and environmental monitoring. At this crucial time, this 

manuscript aims to provide direction and perspectives for upcoming genomic and 

transcriptomic studies on natural populations. Here we address the capabilities and 

limitations of -omic investigations of evolutionary toxicology, as well as to resolve 

terminology discrepancies that have arisen between evolutionary and toxicological 

sciences. 

 Evolutionary toxicology aims to characterize the effects of toxicants on 

populations using analyses that have their roots in the principles of population genetics 

(Bickham, 2011). This field arose from the realization that chronic exposure to 

anthropogenically contaminated environments over multiple generations had caused 

population-wide genetic alterations in resident biota (Bickham and Smolen, 1994). As the 

levels of contamination in various environments continued to increase, studies of 

evolutionary toxicology began to focus on the outcomes of toxicants as a selective 

pressure in contaminated environments (Meyer et al., 2002; Meyer et al., 2003b; Nacci et 
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al., 2010; Noyes et al., 2009; Oziolor and Matson, 2015b; Wirgin et al., 2011). In 

addition, technological improvements and lower costs have dramatically increased our 

ability to generate genomic, transcriptomic, proteomic, and metabolomics data, and 

facilitated studies focused on quantitating the relationship between contaminated 

environments as a selective stressor and changes in the genotypes of resident organisms 

(Cotter et al., 2016; Xie and Klerks, 2003). The first studies of genetic and physiological 

adaptation set the stage and principles, which guide evolutionary toxicological studies, 

while current technological advances aim to build and expand these methods to 

accommodate the large datasets now available (Bickham, 2011). 

 
Principles and background of evolutionary toxicology 

 The four cornerstones of evolutionary toxicology were introduced by Bickham 

(2011), and have since served as guidelines to inform experimental design and to explain 

differences among populations, driven to diverge by anthropogenic contaminants. Effects 

such as 1) genome-wide changes in diversity, 2) changes in allelic or genotypic 

frequencies due to contaminant-mediated selective pressure, 3) changes in gene flow 

between populations and 4) increased mutation rates (Bickham, 2011) have been used to 

describe and search for patterns of differentiation. Studies in this field explore a wide 

range of selective pressures: metals (Xie and Klerks, 2003), polycyclic aromatic 

hydrocarbons (Mulvey et al., 2002; Ownby et al., 2002), polychlorinated biphenyls 

(Nacci et al., 1999; Oziolor et al., 2014b), dioxins and furans (Yuan et al., 2006) and in 

addition a variety of organisms (Oziolor et al., 2016a), but mostly focused on aquatic 

species. Previous reviews in the field focus on evolutionary research in fish (Wirgin and 

Waldman, 2004), across stressors (Oziolor and Matson, 2015b), and the push towards 
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quantitative genetics to link these processes to heritability and fitness of populations 

(Klerks et al., 2011). Given the difficulty of many of the approaches taken in 

evolutionary toxicology to map adaptation in populations to specific genes, genomic, and 

transcriptomic approaches are beginning to be more frequently employed to understand 

both the genetic basis and full effects of adaptations to contamination. 

 
Brief history of evolutionary toxicology 

 A relatively young field, evolutionary toxicology originates as an extention of 

wildlife toxicology and studies multi-generational effects of contaminants on populations 

(Bickham and Smolen, 1994). Through time, studies in this field have encompassed the 

multi-faceted nature of population-wide effects, not always in a hierarchical order. Of 

initial interest were the effects of contaminants on the genetics of adapted or 

contaminated populations compared to reference sites. These studies focused on the 

genetic structure of exposed aquatic populations (Theodorakis and Shugart, 1997), 

identification of genetic markers associated with possible increased fitness in 

contaminated environments (Theodorakis and Bickham, 2004), studying genetic structure 

in adapted fish populations (Mulvey et al., 2002; Mulvey et al., 2003), as well as 

amphibians (Matson et al., 2006) and even small mammals (Matson et al., 2000) exposed 

to anthropogenic contamination. Complementary to those, other investigations have 

focused on the downstream effects on population health and functional differences in 

adapted populations. These studies have largely focused on aquatic populations, reporting 

decreased life-span in adapted Atlantic tomcod (Dey et al., 1993), liver neoplasia in 

adapted killifish (Vogelbein et al., 1990), altered ability to properly develop and induce 

molecular responses to early developmental exposure in adapted Atlantic (Elskus et al., 
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1999; Nacci et al., 1999) and Gulf (Oziolor et al., 2014b) killifish. Quantitative genetic 

efforts stemming largely from experimental evolutionary toxicology aim to quantify 

heritability and costs of adaptation to contaminants (Klerks et al., 2011; Xie, 2003; Xie 

and Klerks, 2004). Some studies go further in an effort to understand the differential 

toxicology of multiple compounds on adapted populations. These studies have begun to 

unravel some of the many affected mechanisms during the evolution of resistance such as 

susceptibility to neoplasia (Wills et al., 2010a), genotoxicity (Jung et al., 2009; Jung et 

al., 2011), estrogenicity (Dong et al., 2008; Grans et al., 2015) and oxidative stress 

(Harbeitner et al., 2013; Meyer et al., 2003a). Many of these pathways and systems were 

pursued because of mechanistic linkages among toxicants, or differentially expressed or 

functioning pathways that explained resistance. Such a bottom-up approach to 

evolutionary toxicology has proven extremely fruitful in identifying differences between 

adapted and reference populations, in terms of both their responses to toxicants and their 

general physiology. With the increase in ability to perform larger omic experiments in 

both model and non-model organisms (Schlotterer et al., 2014), the ability to attack 

similar questions with a top-down genomic approach is becoming a reality.  

In this manuscript we aim to provide insight into the possibilities for –omic 

approaches to address issues in evolutionary toxicology. Here we will give a summary 

and commentary on the ability of genomics to elucidate the effects of adaptation in 

natural populations. In addition, we discuss the advantages and place of other methods 

such as eDNA, transcriptomics, proteomics and metabolomics in this field. We discuss 

the concept of phenotypic plasticity in toxicology and possible evolutionary and non-

evolutionary effects of toxicants on molecular phenotypic plasticity. And lastly, we 
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discuss the potential for evolutionary toxicology to inform the regulation of 

contaminants. 

 
Evolutionary and population genomics 

 As mentioned above, identifying the mechanisms of adaptation to contamination 

can be accomplished through two different approaches: bottom-up and top-down. In 

bottom-up studies, the specific mechanism of action of the contaminants that act as 

selective pressures become the target for exploration. One of the best known examples of 

this is the case of a six nucleotide deletion in the aryl hydrocarbon receptor (AhR) of 

Atlantic tomcod, which renders the molecule less capable of binding the toxicant of 

concern and thus protects from the chronic toxicity in adapted populations (Wirgin et al., 

2011). Mechanistic and targeted approaches in the field are extremely valuable in 

understanding pathways that selection could act upon or alter (Hahn, 2011). On the other 

hand, such approaches are less capable of identifying causation for adaptation in cases 

where more complex mechanisms or genetic interactions are present (Reitzel et al., 

2014). In fact, while the strong mechanistic explanation in Atlantic tomcod was sufficient 

to explain the differential resistance, there has been no further search to find any other 

genes under selection in these populations (Wirgin et al., 2011). In such cases, genomic 

methods may be employed to conduct a top-down approach to identify differences 

between genomes of reference and resistant populations without a priori knowledge of 

the mechanisms involved or the genomic regions impacted (Nacci et al., 2016). 

 A recent thorough review of evolutionary genomics in toxicology showcases the 

high power that this approach has demonstrated in identifying the genetic basis of 

adaptation regardless of genetic complexity (Whitehead, 2014). One aspect of genomic 
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investigations, the quantitative trait loci (QTL) approach, links resistant phenotypes with 

specific genomic regions or number of loci based on crosses of resistant and reference 

individuals (Martinez and Levinton, 1996). This approach has been recently combined 

with the use of microsatellite and single nucleotide polymorphism (SNP) data and was 

successful in both identifying genetic regions likely under selection, as well as the gene-

gene epistatic interactions that were likely to have confered resistance in individuals 

(Nacci et al., 2016). In addition, combining this method with linkage disequilibrium 

between explored loci allows for the creation of a physical map of the explored genome 

and for synteny analysis between related species (Waits et al., 2016). The strengths of the 

QTL approach lie in the power of finding individual genome region contributions to 

resistance, as well as the contribution of region-region interactions to level of resistant 

phenotype (Nacci et al., 2016). On the other hand, while the strong roots of QTL analysis 

in quantitative genetics allow it to link a region of the genome to a phenotype of 

resistance in a quantitative fashion, it may be unable to ascribe observed resistance to 

specific genes (Nacci et al., 2016). As there are often multiple genes on a single QTL 

identified to be related to adaptation, inferences can be made as to which genes on that 

QTL would best explain the adaptation mechanistically, but the resolution of 

microsatellite and SNP data is insufficient to assign the resistance to a specific genotype. 

In addition, QTL approach provide limited understanding of complex adaptations that 

involve multiple regions and multiple selective stressors. Thus, QTL analysis in 

genomics is an integral tool for assessing adaptation, in which targeted mechanistic 

approaches have failed to pinpoint genes under selection that explain a large portion of 

adaptive phenotype. While the resolution of a QTL analysis is sometimes an issue, this is 



249 
 

also true for the complex population genomic resequencing methods discussed below. In 

addition, the QTL approach can be better at describing region-region interactions that 

form epistatic or polygenic contributions to resistance than some of the full genome 

resequencing methods described below. 

 Another approach of recent utility to understand selection is through population 

genomics. There are several ways to conduct population genomic comparisons and while 

amplified fragment length polymorphism (AFLP), microsatellite and SNP analyses are 

still viable methods for describing population demography, here we will focus on two 

more powerful approaches to study evolutionary toxicology: restriction site associated 

DNA sequencing (RADseq) and full genome population resequencing. RADseq, the 

more economical of the two methods, allows for amplification of DNA fragments 

surrounding restriction enzyme lysis sites on the genome. A recent review (Andrews et 

al., 2016) outlines the best practices, as well as pros and cons of this method for 

population genomic studies. A RADseq approach is very strong for analyzing population 

demography and structure with high confidence and resolution (Andrews et al., 2016). 

These parameters are important for understanding the strength and impact of selective 

pressure in evolutionary toxicology and can help assess the population health of impacted 

groups. On the other hand, RADseq suffers from the limitation of only representing a 

small, and relatively randomly selected, portion of the genome (Lowry et al., 2016). 

Similar to QTLs, this approach has limited ability to identify the exact genes and rarely 

the actual sequences responsible for adaptation. Despite the fact that RADseq can be a 

good tool to study demography of populations affected by contamination, there are 

differing opinions on its utility in selection studies. Some groups suggest that the low 
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genomic representation of this method makes it difficult to capture and describe regions 

under selection (Lowry et al., 2016; Luikart et al., 2003). On the other hand, that view has 

been heavily criticized as the necessary representation of genomes can be achieved 

through RADseq, given accurate experimental deisgn (McKinney et al., 2016). In 

addition RADseq has been successfully used to study genetic regions under selection in 

multiple species, with a recent example in North Atlantic eels (Laporte et al., 2016). 

Thus, we argue that RADseq has a place in evolutionary toxicology with the correct 

experimental design and analysis. 

 A better approach for evolutionary toxicologogical studies than RADseq is full 

genome population resequencing. This costly method entails sequencing the full genome 

from multiple individuals from a population to establish nucleotide frequencies for each 

nucleotide of the population’s genome and compare those between impacted and 

reference populations. While the cost of this method is higher than RADseq, whole 

genome resequencing is becoming more affordable at an increasing rate, as the cost of 

sequencing a genome has decreased 10,000 fold in the past 15 years. Population 

resequencing allows for full comparisons between populations at each nucleotide, which 

gives it enormous power for analyzing population structure, demography, divergence, 

and identifying specific sequences associated with resistant phenotypes. Such projects are 

currently underway in both Fundulus heteroclitus (Reid, 2016) and F. grandis, and 

represent one of the most in-depth approaches in evolutionary toxicology. The power of 

this approach is exemplified in a recent study of aging in turquoise killifish, 

Nothobranchius furzeri, which identified the specific genes responsible for an incredibly 

rapid generation turnover in this fish (Valenzano et al., 2015). Studies suggest that in 
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order to be able to predict many population-wide statistics with power, at least 20-30 

individuals per population need to be sequenced in order to reliably measure 

heterozygosity and to test for Hardy-Weinberg equilibrium at all loci (Luikart et al., 

2003). On the other hand, the specific genetic changes of very recent selective sweeps are 

unavoidably difficult to pinpoint even with full genome population resequencing (Reid, 

2016). Such sweeps result in portions of the genome to appear under selection because of 

genetic hitchhiking surrounding the causative region. Thus, even with large sample size 

and coverage, the specific genes, rather than regions under selection, will prove difficult 

to find and are only obvious in rare cases (Reid, 2016). 

 An alternative method of full genome population resequencing, which can allow 

for evolutionary genomic studies to still find genotypes under selection, but at a low cost 

is Pool-seq (Schlotterer et al., 2014). In this method, instead of sequencing multiple 

individuals from a population separately from each other, a pool of individuals is 

sequenced as a single sample from which allele frequencies at a locus can be estimated 

(Schlotterer et al., 2014). This approach works best for estimating single SNP sequences 

in large pools (>40 individuals, with 100 recommended) and for higher genome coverage 

(20x) (Schlotterer et al., 2014). While this method is much more economical than full 

genome population resequencing, it offers similar resolution and strengths. The 

drawbacks stem from the inability of the method to map variable SNPs back to 

individuals in the populations examined. While that is a benefit of full genome population 

resequencing, it is not always necessary when examining large genetic sweeps in 

populations. Pool-seq has been successfully applied in selection studies and the 

description of transposable element migration in several Drosophila species (Boitard et 
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al., 2012; Fabian et al., 2012; Kofler et al., 2012; Orozco-TerWengel et al., 2012). This 

method may allow evolutionary toxicology genomic comparisons to be done more 

economically. 

 Some difficulties associated with both RADseq and even more so with population 

resequencing are the computational challenges of building a reliable representation of the 

genome. A quality reference genome is integral to population resequencing studies and 

reduces the computational difficulty in aligning reads. As evolutionary toxicology studies 

are often performed with non-model organisms, the cost of building a reference genome 

in addition to sequencing many individuals from multiple populations can become 

overwhelming. In addition, the assembly of a reference genome requires specialized 

bioinformatics support and access to a computing cluster. On the other hand, recent 

innovations in genome sequencing technologies show promise in alleviating the 

computational difficulties associated with reference genome building. Pacific Biosciences 

and Oxford Nanopore Technologies are currently offering technologies that can sequence 

up to 15 kilobases (kb) and >100 kb DNA fragments, respectively. Lower costs and 

longer read lengths will allow for a much less computationally challenging and less 

expensive reference genomes for non-model organisms. While these technologies allow 

for faster and more reliable genome building, gene annotations and gene model building 

in non-model organisms remains a difficult task in reference genome assembly. 

 There is an immense applicability for population evolutionary genomics in 

evolutionary toxicology in both experimental evolution and evolution in the natural 

environment. A detailed review of evolutionary processes in response to variable 

stressors as studied with multi-generational genomic population resequencing can be seen 
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in Barrick and Lenski (2013). In addition to experimental evolution, some studies found 

specific mutated genes and regions under selection (provided large enough coverage of 

sequencing) in wild populations with variable resistance due to adaptation to 

contamination (Reid, 2016). While these studies are not capable of inferring gene-gene 

interactions that may contribute to resistance as well as QTL studies, they have the ability 

to elucidate the variability in sequences that lead to differential sensitivity to 

contaminants, including their fixation in populations (Reid, 2016). In addition, such 

studies can fully explore the effects of degraded habitats on the complete genome and 

possibly understand further fitness-costs and cross resistances of adapted populations 

through this approach. 

 Population genomic studies, in conjunction with quantitative genetic experiments, 

such as QTL analysis, will significantly increase our potential to completely understand 

the genetics of evolutionary toxicology. In addition to these advantages, population 

genomics can also inform population adaptation potential, utilizing standing genetic 

variation to predict the sensitivity of species or populations to certain chemicals. Linking 

sequences to population future responses to pollution is one of the ultimate goals of 

toxicology, and population genomics is a step in that direction. 

 
Environmental DNA 

 Our understanding of the population wide effects of contaminants in an 

environment very often hinges on thorough explorations of one species that has adapted 

to the contamination present (Nacci et al., 1999; Oziolor et al., 2014b; Yuan et al., 2006). 

The full impact of a contaminated environment can be missed when not exploring 

multiple species; however, few studies utilize multiple species (Brammell et al., 2004). 
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One future possibility to understand the genetic impacts of contaminated environments 

on populations of many species is through the use of environmental DNA (eDNA). 

eDNA represents a novel method of sampling genetic information from resident 

biota that has not yet been applied in studies of evolutionary toxicology. Using this 

method, genetic material is obtained directly from environment samples such as water or 

sediment. The sources of DNA include the shed cells from skin, feces, urine, saliva, and 

feathers or decomposing tissues or dead organisms, as well as microscopic organisms like 

plankton (Foote et al., 2012a; Matsui et al., 2001). Obtaining sequence data from eDNA 

has been facilitated by the use of next generation sequencing (NGS) technologies and 

DNA barcode databases (Cowart et al., 2015; Ward, 2012). Metabarcode analyses, which 

focus primarily on biodiversity assessments, can be complemented by methods such as 

quantitative PCR (qPCR) assays and SNP analyses, which focus on a particular species 

and known variable nucleotide positions (Foote et al., 2012a; Jerde et al., 2011). 

Studies of eDNA have mainly focused on questions of species diversity in 

freshwater systems (Hajibabaei et al., 2011; Shaw et al., 2016), and to a lesser degree in 

marine systems including, for example, fish (Thomsen et al., 2012) and marine mammals 

(Foote et al., 2012b). A number of studies have developed lists of species detected within 

ecosystems or communities, but there are other potential applications of these methods. 

In a study to detect fish in a 4.5-million-liter aquarium tank at the Monterey Bay 

Aquarium, investigators accurately identified all bony fish species (Kelly et al., 2014) 

and showed that the relative abundances of eDNA sequences were statistically correlated 

with the rank order of species’ biomass. Further refinements of these methods will likely 

lead to more accurate abundance estimates, and both species diversity and abundance 
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could be used to show the effects of contaminant exposure in studies of ecotoxicology. 

Because eDNA studies provide nucleotide sequence data similar to pooled samples of 

organisms, addressing issues related to evolutionary toxicology is a matter of 

experimental design, including the selection of appropriate sentinel species, genes, and 

populations to be sampled with different exposure histories (Shaw et al., 2016). These 

issues have been discussed more fully in previous papers such as Bickham (2011). What 

is new here is the method of sampling and the research avenues it opens to the 

evolutionary toxicologist. Because eDNA potentially samples all of the species in a 

community, there are wide options for determining appropriate sentinel species including 

rare and endangered ones, common species that might be difficult to collect, and 

microscopic and unicellular species. In many cases, these would not be readily available 

for genetic analyses using conventional collecting methods. In other cases, such as in 

extreme environments, obtaining samples might be too expensive or dangerous. 

Eventually robots like autonomous underwater vehicles might be used to obtain water or 

sediment or water samples from extreme environments.   

There are limitations to eDNA studies as well. Presently, only short DNA 

segments can be analyzed because of the complex milieu of DNA that is extracted from 

environmental samples. This might change in the future, but for now this limits the genes 

that can be analyzed to ones that are highly variable. As such, most eDNA studies focus 

on mtDNA, both because it is highly variable and because there are large public 

databases of mtDNA gene sequences. 
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Other -omics and evolutionary toxicology 

 Transcritpomics provides insight into molecular mechanisms that underlie 

responses and toxicity and can be one of the ways that ecotoxicology aims to understand 

exposures and their effects on individuals and ultimately populations (Schirmer et al., 

2010). On the other hand, genetic variation can alter the response of toxicant activated 

genes and pathways (Bozinovic et al., 2013; Reid, 2016; Whitehead et al., 2012; 

Whitehead et al., 2010). Thus, it becomes imperative to understand the genetic variation 

within a population and how that affects responsiveness to a specific toxicant. Changes in 

the frequency of toxicant-responsive alleles with differential sensitivities can alter the 

overall population responsiveness and ultimately the likelihood of toxicity. A review of 

the role of functional genomics on both physiological and evolutionary timescales 

illustrates the interaction between genetic variability and transcriptional response 

variability (Reid and Whitehead, 2016). In populations of F. heteroclitus adapted to 

contaminated environments, the transcriptional profiles of control individuals are rather 

indistinguishable from references (Fisher and Oleksiak, 2007; Oleksiak, 2008). On the 

other hand, when presented with stressors, the responses of adapted populations diverge 

from those of references (Fisher and Oleksiak, 2007; Oleksiak, 2008; Whitehead et al., 

2010). This suggests not only that there is variability in the expression of genes in 

response to contaminants, which is encoded genetically, but that induced expression 

response profiles can be altered through natural selection in contaminated environments. 

 Functional genomics and transcriptomics are a fundamental combination, which 

when combined can elucidate the effects of selection on specific genotypes to alter 

population responses to contaminants. While population genomics can sometimes 
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pinpoint the specific genotype responsible for adaptation, transcriptomics can begin to 

translate those changes into functional pathway alterations. Transcriptomics can reveal 

the networks that are perturbed by contaminants, while in a comparative context, it can 

reveal networks perturbed by evolutionary divergence. Thus, linking transcriptomic 

analysis to population genomics is a crucial next step in evolutionary toxicology that can 

relate genetic change to functional effects, a valuable step towards phenotypically 

anchoring genotypes. 

 The limitations of transcriptomics are two-fold: standalone power of 

discrimination and understanding of the effects of altered gene expression on individual 

health. When transcriptomics is done by itself, it can often be difficult to discern the 

meaning of highly variable profiles. For example, during development, gene expression is 

highly active and extremely difficult to interpret (Bozinovic et al., 2011). Thus, in order 

to gain full understanding of the effects of a contaminant on gene expression, a full 

profile of responsiveness through multiple stages of development needs to be created 

(Bozinovic et al., 2011). In addition, transcriptomics can often be difficult to replicate 

and standardize between labs (Vidal-Dorsch et al., 2016) and many transcriptomic 

responses to contaminants are highly variable in magnitude (Schirmer et al., 2010). 

Additionally, the level of their responsiveness is not always well translated into 

downstream effects or implications on organismal health. However, the activity and 

responsiveness of many pathways, like the AhR, are highly conserved in vertebrates and 

can be linked to survival (Hahn, 2002; Meyer et al., 2002). As our understanding of 

relevant molecular pathways improves, the importance of transcriptomics in evolutionary 

toxicology will certainly increase.  
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 Another area of utility for transcriptomic studies in evolutionary toxicology stems 

from the need to better understand the full impacts of rapid evolution on the health of 

populations. When adaptation to contamination is identified, possible fitness-costs are 

some of the first targets to assess threats to adapted populations (Clark and Di Giulio, 

2012; Oziolor et al., 2016b). These investigations take a targeted approach to explore 

effects on pathways likely affected by adaptation (Clark and Di Giulio, 2012; Oziolor et 

al., 2016b). On the other hand, with top-down -omics approaches, understanding of 

transcriptomic, metabolomic and proteomic differences in responsiveness and basal 

levels in adapted populations may inform possible fitness-costs in a much more thorough 

manner (Bahamonde et al., 2016; Bundy et al., 2008; Monsinjon and Knigge, 2007). One 

example is a comparative transcriptomic approach that finds altered responsiveness in 

biocide resistant Salmonella enterica typhimurium that further explain increased 

sensitivity of this strain to other antimicrobials (Curiao et al., 2016). Thus, the other 

current -omic methods can act as a complement to population genomics to further 

characterize a resistant phenotype and its effects on a population. 

 
Gene expression: phenotypic plasticity or transitory physiological response? 

 While transcriptomics can be a useful tool for understanding the response of an 

organism to contamination, there are several integral characteristics of a physiological 

response with regards to gene expression: basal expression, inducibility, and duration of 

response. Here we will use as an example the AhR pathway. It is established that in 

response to dioxin-like contaminants (DLCs), the AhR pathway is activated, leading to 

the induction of downstream regulated genes (ex. CYP1A) (Hahn, 2002). It is also known 

that both basal and maximal induction levels of protein activity among reference 
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populations of F. grandis are very similar (Oziolor et al., 2016b). Additionally, 

anthropogenic evolution (evolution in response to anthropogenic stressors) has been 

shown to result in the down-regulation of both basal and maximum induction levels for 

this pathway (Oziolor et al., 2014b). This recalcitrant AhR pathway in adapted fish 

populations is regarded as a resistant phenotype. 

Phenotypic plasticity has been defined as any ability of a genotype to produce 

different phenotypes, including short-term alterations in gene expression (Fusco and 

Minelli, 2010). In toxicology on the other hand, the ability of enzyme systems to be 

induced in response to contaminants or other environmental cues simply represent a 

transitory physiological response, not a phenotype. Here we argue that the phenotype is 

better described based on basal expression or activity, inducibility, and timing of the 

response to stimuli, rather than the snapshot gene expression profile determined during a 

transitory physiological response. Thus, a change in an individual’s ability to induce a 

toxicological response to a certain magnitude, or a change in the basal levels of a 

pathway due to previous exposure would be considered an alternate phenotype, and thus 

demonstration of phenotypic plasticity. Furthermore, if alterations persist trans-

generationally, this could be evidence for either epigenetic alteration or genetic 

adaptation to the original stressor that altered the basic phenotype (baseline, maximal 

levels or duration). If this change persists through multiple generations, this can and has 

been used as evidence of evolution (Nacci et al., 2002). We suggest that in the context of 

gene expression, phenotypic plasticity be used only to describe changes in basal 

expression, inducibility, or the duration of response due to gene-environmental 

interactions.  
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Applications of evolutionary toxicology 

 Adaptation to contamination in local wild populations is a fascinating process, 

which leaves organisms capable of dealing with levels of contamination beyond the 

capacity of reference populations of the same species. These local adaptations have been 

termed “evolutionary rescue” (Heino and Hanski, 2001). The use of this terminology 

stressed the resiliency of genetic variation in natural populations and is often linked to an 

ability to withstand the increasing threats of climate change and other anthropogenic 

contributors (Bell, 2013; Bell and Gonzalez, 2009, 2011; Schiffers et al., 2013; Tallmon 

et al., 2004). In addition, this process has been more reliable when organisms are faced 

with gradual environmental deterioration, rather than a quick onset of a strong selective 

pressure (Hansen et al., 2012; Lindsey et al., 2013).  

Despite the utility of the concept of evolutionary rescue, when applied to 

toxicology, this idea may lead to a false sense of positivity towards the process of 

adapting to contamination. When discussing the implementations of our understanding of 

evolutionary toxicology in an applicable framework, such as environmental regulation, 

there should be no confusion as to the interpretation of evolutionary outcomes. 

Adaptation is a process that functions through reductions in the frequencies of less fit 

phenotypes, and the associated genotypes, through strong negative effects on 

reproduction or survival of sensitive individuals in exposed populations over multiple 

generations. In other words, significant mortality and/or reproductive effects are required 

for population adaptation or “evolutionary rescue”, which is why this process should not 

be considered positively from a regulatory standpoint, but rather as evidence of chronic 

increased mortality. Another issue of concern following rapid adaption is the potential for 
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fitness costs, both mechanistically related to the adapted phenotype, or completely 

independent (Clark and Di Giulio, 2012; Harbeitner et al., 2013; Meyer and Di Giulio, 

2003; Oziolor et al., 2016b). While fitness costs in adapted populations are of concern 

where evolutionary rescue has occurred, it is also imperative to understand if other 

species in the same contaminated environments have also been affected. 

The fact that a few species have been shown to have adapted to contaminated 

environments does not preclude the likelihood that many species in the same 

environments have been negatively impacted. This could be reflected in altered levels of 

species richness, as well as the genetic diversity of non-adapted species in contaminated 

environments. Most studies focus on understanding adapted populations and species, but 

an understanding of the overall ecological health of the communities in an environment 

may serve as a better indicator of the degraded ecosystem. This process is difficult as 

many species may be migratory, in small numbers or difficult to sample. This is another 

case in which eDNA (see above) can be useful in evolutionary toxicology. With the 

increased ability to sample under-represented species in environments, evolutionary 

toxicology can expand its understanding of ecosystems and community health through 

greater understanding of gene flow and genetic diversity in these systems. This will allow 

investigations to directly link environmental contamination to a change in genomic end-

points for a broader range of species and further understand the impacts of chronic 

exposure to heavily contaminated environments. 

As evolution to contamination results from generations of elevated mortality or 

reproductive effects, there are current efforts to relate evolutionary toxicology studies to 

regulatory limits in aquatic environments (De Coninck et al., 2014; Oziolor et al., 2016a). 
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Currently, regulatory limits are driven by standard toxicological end-points, such as 

mortality and changes in reproduction (Long et al., 1998; Long and MacDonald, 1998; 

MacDonald et al., 2000). On the other hand, considering that adaptation to contaminated 

environments is a result of such changes occurring over multiple generations, it seems 

that evolution can inform regulation and risk analysis. Meta-analyses use studies in which 

population adaptation has occurred and compare the contamination levels measured in 

these environments to regulatory benchmarks (De Coninck et al., 2014; Oziolor et al., 

2016a). These studies are complicated by the use of different numbers and mixtures of 

chemical congeners between evolutionary studies and those used to set regulatory limits 

(Oziolor et al., 2016a). Even with this limitation, researchers have documented 

evolutionary adaptation in environments with contamination levels below relevant 

regulatory benchmarks (Oziolor et al., 2016a). Such conclusions open the discussion for a 

more thorough discourse between evolutionary toxicology and environmental regulation. 

In this context, evolutionary toxicology studies should move to increase the 

comparability of their environmental chemistry data with the methods used for regulatory 

processes. By making these investigations more easily comparable, this field could move 

a step closer towards informing regulatory bodies and being applied in risk assessments 

and for environmental management. 

 
Concluding remarks 

 The field of evolutionary toxicology has made immense progress over the last few 

decades, and has already begun to take advantage of the increased accessibility of -omic 

resources. Genomics improves our ability to understand the mechanisms of adaptation 

and the full effects of evolutionary rescue on a population genomic level. 
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Transcriptomics, proteomics and metabolomics allow us to better understand phenotypic 

linkages to genotypes, and to better understand potential population impacts. The future 

of evolutionary toxicology should bring this field closer to informing regulation and 

application to practical risk assessment, but this will require an effort to increase 

comparability. An additional component of the expanding utility of evolutionary 

toxicology, is the expansion of potential study organisms through eDNA utilization. This 

promising method will allow for the analysis of population-wide effects on less 

represented, endangered and/or difficult to collect species. In summary, evolutionary 

toxicology is a versatile field that will continue to advance by taking advantage of new 

technologies for improving our understanding of the transgenerational impacts of 

contaminants on populations. 
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