
 

 

 

 

 

 

 

 

ABSTRACT 

 

Influences of Spatio-temporal Variability during Aquatic Assessments of Ionizable 

Contaminants  

 

W. Casan Scott, Ph.D. 

 

Mentor: Bryan W. Brooks, Ph.D. 

 

 

Urbanization and evolving land-use is challenging water management strategies 

in semi-arid regions of the United States, where stream flows are often dominated by 

treated wastewater effluent discharges. Effluent-dominated and dependent surface waters 

are becoming common in urbanized watersheds, where physical and chemistry factors 

can influence exposure and toxicity of many down-the-drain chemicals and contaminants 

of emerging concern (CECs). In these effluent-dominated systems, many consumer 

chemicals (e.g., pharmaceuticals) and other contaminants (e.g., ammonia, algal toxins) 

are ionizable across surface water pH. Here I examined aquatic biota in tidally influenced 

urban estuaries, where dynamic salinity and pH gradients may challenge prospective and 

retrospective risk assessments. In several of these urban systems, ionizable 

pharmaceuticals accumulated in plasma from several fish species, indicating risks to 

aquatic life in these dynamic systems. Dickinson Bayou, an urban estuary influenced by 

onsite (e.g., septic) and centralized effluent discharges, was then examined, in which 

influences of tides on spatiotemporal hazards of ionizable contaminants were identified 



under conditions not typically included in routine surface water quality assessments. A 

third study employed the Gulf killifish, a common euryhaline species in the Gulf of 

Mexico, to define influences of salinity and pH conditions on uptake of representative 

ionizable weak bases (e.g., diltiazem, diphenhydramine) to fish plasma and body burden. 

Though pH, but not salinity, altered fish uptake, apparent volumes of distribution were 

lower than studies with freshwater fish. The fourth chapter of this dissertation examined 

pH influences on toxicity of Prymnesium parvum, a harmful algal bloom (HAB) species 

in riverine and transition zones of a moderately saline inland reservoir. Combined with 

climatological and geological influences, anthropogenic changes in some Texas 

reservoirs support HAB of this typically estuarine alga, which appears to bloom in 

response to site-specific water chemistry, including pH and salinity. Observations suggest 

that fatty acid amides are not responsible for P. parvum related fish kills and identified 

locations of elevated risks for HABs of this emerging threat to water quality.  Findings 

from these studies collectively, highlight the importance of characterizing site-specific 

influences on bioaccumulation and toxicity of ionizable contaminants, and integrating 

such information during prospective and retrospective risk assessments. 
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CHAPTER ONE 

 

Introduction 

 

 

General Overview 

 

 Freshwater is a finite resource being challenged by a growing human population 

and increases in water demands. As water reuse becomes more necessary, chemical 

release into the environment will escalate, and instream flow regimes will change 

(Brooks, et al. 2011). Due to water shortages, surface waters in arid and semi-arid regions 

of the U.S. are typically effluent-dominated, if not effluent-dependent, representing a 

worst-case scenario for chemical exposure (Brooks, et al. 2011; Valenti, et al. 2011). 

When wastewater effluent (and the chemicals within the effluent) is introduced to aquatic 

ecosystems at a rate exceeding its’ environmental degradation rate, the effective exposure 

duration is lengthened far beyond what physiochemical properties alone would suggest 

(Ankley, et al. 2007; Brooks and Huggett, 2012; Brooks, et al. 2006; Brooks, Ankley, and 

Boxall 2009; Daughton and Jones-Lepp 2001; Daughton 2004). As a result, some 

contaminants of emerging concern (CECs), like active pharmaceutical ingredients (APIs), 

with limited persistence (i.e. shorter half-lives), will act as persistent compounds in 

effluent-dominated streams if their half-lives are exceeded by the introduction rates of the 

effluent discharge. This pseudo-persistence of biologically active molecules is 

particularly relevant for effluent-dominated streams during low-inflow conditions, when 

the in-stream flow can be >90% waste-water effluent (Ankley, et al. 2007). These unique 

exposure scenarios are further complicated because physical and chemical factors can 
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influence the bioaccumulation and toxicity of many down-the-drain chemicals and 

contaminants of emerging concern (CECs). Many consumer chemicals (e.g., 

pharmaceuticals) and other contaminants (e.g., ammonia, algal toxins) are ionizable 

across surface water pH. And while ionization state is rather easily estimated using pH, 

pH variability is rarely if ever accounted for in prospective risk assessments of ionizables. 

Surface water pH variability is the product of spatial and temporal patterns in climate, 

hydrology, biology, and many anthropogenic activities (Brooks, et al. 2011; Fitzhugh, et 

al. 1999; Valenti, et al. 2011). Estuaries and coastal environments are particularly 

dynamic, and represent an interface between terrestrial, freshwater, and marine systems. 

Estuarine systems experience substantial spatial and temporal fluctuations in 

physiochemical parameters, including salinity and pH (Elliott and McLusky 2002; Beck 

and Bruland 2000; Hubertz and Cahoon 1999; Nelson, et al. 1994; Pritchard 1967). 

Similarly, water chemistry gradients exist in the riverine and transition zones of inland 

reservoirs. Estuaries and reservoirs offer an opportunity to explore how water chemistry 

dynamics impact our current risk assessment approaches for CECs. For instance, due to 

slight salinization, some Texas reservoirs now support harmful algal blooms (HABs) of 

an estuarine algal species, Prymnesium parvum.  P. parvum appears to bloom in response 

to site-specific water chemistry, and has moved inland to slightly saline reservoirs, where 

the bloom dynamics and toxicity are dependent upon salinity and pH. Clearly, water 

chemistry variability can complicate the risk assessment process for emerging threats like 

active pharmaceutical ingredients (APIs) and HABs. In particular, salinity and pH 

gradients challenge prospective and retrospective risk assessments, where the exposure 

scenarios and toxicity are dependent on site-specific water chemistry.  
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The Influence of pH on Risk Assessment of Ionizable Compounds 

Many of the chemicals typically associated with urban development, including 

pesticides, natural toxins (i.e. algal toxins), nutrients (e.g. ammonia), and 

pharmaceuticals, are ionizable compounds. Ionizable compounds can exist as both neutral 

and ionized molecules, and can exist in varying degrees of ionization depending on the 

exposure pH (Cai and Wang 1998). Pharmaceuticals and personal care products (PPCPs) 

are contaminants of emerging concern (CECs), and are still not well-understood or even 

consistently monitored for in surface waters. The majority (70%) of pharmaceutical 

compounds on the market are ionizable, with most being weak bases, and thus are subject 

to bioavailability alterations from surface water pH (Brooks and Huggett 2012). 

Ionization state is largely controlled by the acid/base dissociation constant (pKa) of a 

chemical, and the pH of the solution where a compound resides. A water body’s water 

chemistry can therefore influence ionization state, which is biologically-important 

because the unionized forms of a chemical are more lipophilic and are typically expected 

to have a greater propensity to cross cellular membranes (Kwon 2001). Consequently, the 

unionized forms of pharmaceuticals are hypothetically more toxic (Brooks and Huggett, 

2012; Brooks, et al. 2009; Valenti, et al. 2011). 

With human population growth, urbanization and global climate change, 

chemicals exist in increasingly dynamic exposure scenarios that result in complex site-

specific hazards and risks, particularly for ionizable environmental contaminants 

(Brooks, et al. 2011; Mikes and Trapp 2010; Nakamura, et al. 2008; Orvos, et al. 2002; 

Valenti, et al. 2011). Unionized molecules are consistently more bioavailable, 

bioaccumulative, and toxic than ionized counterparts due to the increased lipophilicity 
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and thus greater propensity to cross cellular membranes (Hansch and Leo 1979; 

Henderson 1908; Hernandez and Rathinavelu 2006; Kwon 2001; Watkins and Klaassen 

2010). The behavior of ionizable chemicals can lead to dynamic water quality concerns. 

However, inland and coastal surface water quality assessment, management and 

monitoring efforts routinely do not robustly account for pH influences on the risks of 

most ionizable contaminants (Brooks, et al. 2011; Valenti, et al. 2011). This limitation is 

particularly relevant for urban watersheds which often receive effluent discharge, non-

point source discharge, and at times, experience HABs (Brooks and Huggett 2012). With 

such complex chemical exposure scenarios and water chemistry variability capable of 

influencing the uptake and toxicity of CECs, clearly, a more robust understanding of 

environmental risks of ionizable chemicals is necessary within dynamic urban-influenced 

ecosystems.    

 

Spatio-temporal pH Variability in Coastal Systems 

Estuaries and coastal environments are dynamic and extremely productive 

interfaces between terrestrial, freshwater, and marine systems (Elliott and McLusky 

2002; Nocker, Lepo, and Snyder 2004). Coastal systems are subject to considerable 

spatial and temporal fluctuations in water chemistry parameters, including salinity and 

pH (Beck and Bruland 2000; Hubertz and Cahoon 1999; Nelson, Sasekumar, and Ibrahim 

1994; Pritchard 1967). Salinity and pH in estuaries can vary both spatially and 

temporally, as a result of tidal action, primary production, inflows from upstream, and 

many other factors (Longley, Powell, and Green 1994; Montagna and Kalke 1992; 

Montagna, Kalke, and Ritter 2002). In freshwater habitats, where concentrations of 

buffering ions are much lower, pH variability becomes more pronounced (Hubertz and 
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Cahoon 1999). Additionally, weather patterns, seasonal rainfall, or even the composition 

plankton communities can affect salinity and pH variability (Cai and Wang 1998; Kent, 

et al. 2004; Maberly 1996; Summers, et al. 1997). In highly dynamic estuarine systems, 

natural variability in salinity and pH can be further exacerbated by anthropogenic factors 

(Marques, et al. 2006; Muylaert, Sabbe, and Vyverman 2000; Rabalais, Wiseman, and 

Turner 1994). Though active pharmaceutical ingredients (APIs) have received increasing 

attention in freshwater systems over the past decade, many research questions remain 

unanswered (Boxall, et al. 2012; Brooks, et al. 2009; Rudd, et al. 2014; Gaw 2014). 

These rapidly urbanizing watersheds and estuaries of Texas represent a unique 

opportunity to understand influences of pronounced annual rainfall and urban gradients 

on emerging water quality challenges.  

 

Ionizable Pharmaceutical Uptake 

Despite low level detections of pharmaceuticals in water, research shows that 

weak base ionizables are accumulating in fish tissue and blood plasma (Du, et al. 2015; 

Du, et al 2014; Haddad, et al. 2017; Ramirez, et al. 2009; Scott, et al. 2016). Some efforts 

have been made to understand ionizable pharmaceutical uptake across environmentally 

relevant pH in laboratory-controlled uptake experiments. Valenti et al demonstrated that 

sertraline, another weak base pharmaceutical, exhibited increased bioaccumulation at 

increasing pH (Valenti, et al. 2012). Nichols et al advanced the current understanding of 

pharmaceutical accumulation in fish by developing a novel pH dependent plasma uptake 

model for diphenhydramine with the fathead minnow (Nichols, et al. 2015). These two 

studies by Nichols et al and Valenti et al provide evidence that the accumulation of select 

ionizable pharmaceuticals in a controlled waterborne exposure is strongly dependent on 
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the pH of exposure water, and are major milestones toward extending laboratory-based 

models to field studies or risk assessments (Valenti, et al. 2012; Nichols, et al. 2015). 

This work by Nichols et al represented the first empirically-derived uptake model 

designed specifically for ionizable pharmaceuticals (Nichols, et al. 2015). However, there 

remains a significant gap in knowledge of pharmaceutical uptake in estuarine or marine 

environments. 

Nichols et al examined the pH-dependent uptake of a weak base pharmaceutical, 

diphenhydramine, in the freshwater fathead minnow (Nichols, et al. 2015). However, 

bioconcentration in saline environments may differ from freshwater because of different 

fish physiology, greater buffering capacity of saltier water, or even through altered 

partitioning coefficients (Borrirukwisitsak, et al. 2012; McKim and Erickson 1991; 

Zhang 2012). Du et al demonstrated that diphenhydramine accumulated in several 

estuarine organisms, and further established that diphenhydramine concentrations in 

saltwater pelagic-inhabiting fish tissue was significantly higher relative to freshwater 

pelagic-inhabiting fish (Du, et al. 2016). Similarly, Haddad et al reported differential 

uptake of diphenhydramine among species of estuarine fish, and suggested that the 

differences observed between fish species may have been influenced by several factors 

including site-specific water chemistry and/or alternative routes of exposure (Haddad, et 

al. 2017). Yet, despite the evidence suggesting that pH and salinity challenge current risk 

assessment processes for ionizable pharmaceuticals, there remains a need to define the 

interactive influences of pH and salinity on the bioaccumulation of ionizable 

pharmaceuticals by estuarine and marine fish. 
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pH Influence on Harmful Algal Toxins 

Harmful algal blooms (HABs) are a developing and oftentimes overlooked threat 

to inland aquatic ecosystems (Brooks, Grover, and Roelke 2011; Hallegraeff 1995; Paerl 

and Paul 2012). Worldwide increases in the frequency and severity of HABs has 

motivated research on the environmental factors responsible for blooms, and the effective 

risk assessment, management, and prevention of HABs is among the greatest challenges 

to environmental scientists. (Brooks, et al. 2011; Hallegraeff 1995; Paerl and Paul 2012). 

Prymnesium parvum is a mixotrophic invasive alga that is responsible for devastating fish 

kills worldwide (Southard, Fries, and Barkoh 2010). P. parvum is originally a marine 

species, which has invaded slightly salinizing Texas inland waters, causing harmful 

blooms and millions of dollars worth of damage (Roelke, et al. 2011; Brooks, et al. 2010; 

Brooks, et al. 2011; Roelke, et al. 2007).  

Harmful algal blooms (HABs) of Prymnesium parvum is a challenging 

environmental problem for several reasons. Currently the primary toxins associated with 

P. parvum are unidentified and not commercially available, making risk assessments very 

limited. While much remains unknown regarding the toxins responsible for P. parvum 

blooms, research has demonstrated that water chemistry influences both toxicity and 

bloom development of P. parvum (Prosser, et al. 2012; Shilo 1981; Ulitzur and Shilo 

1964; Valenti, et al. 2010). Research by Valenti et al indicated that P. parvum is more 

toxic at elevated pH, suggesting that pH may be one environmental factor governing 

bloom dynamics (Prosser, et al. 2012; Shilo 1981; Ulitzur and Shilo 1964; Valenti, et al. 

2010). Further, Prosser et al demonstrated that pH can influence whether a harmful 

bloom forms (Prosser, et al. 2012). Complicating the risk assessment of P. parvum is the 
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fact that a primary toxin or class of toxins has yet to be identified. Many compounds have 

been proposed as P. parvum toxins, with little success. It remains unknown whether P. 

parvum toxicity is caused by a primary toxin, a class of toxins, or a complex mixture of 

compounds (Edvardsen 2006; Henrikson, et al. 2010; Manning and La Claire 2010; 

Roelke, et al. 2011; Valenti, et al. 2010). Fatty acid amides are recently proposed toxic 

metabolites from P. parvum, thought to cause damage to the fish gill membrane through 

cell lysis eventually resulting in asphyxiation (Bertin, et al. 2012a; Bertin, et al. 2012b). 

Bertin and colleagues reported that two fatty acid amides, oleamide and linoleamide, 

exhibited hemolytic and cytotoxic effects and displayed toxicity dependent upon pH, 

consistent with previous in-field observations (Bertin, et al. 2012a). Consistent with P. 

parvum cultures, fatty acid amides are more toxic at higher pH and more toxic when 

exposed with increased amounts of cations Ca+ and Mg+ (Bertin, et al. 2012a; Bertin, et 

al. 2012b). While the compounds principally responsible for P. parvum toxicity are 

unidentified, there is opportunity to leverage what is known about how water chemistry 

influences P. parvum toxicity and how proposed toxins behave under different exposure 

conditions.  

 

Surface Water Quality Monitoring 

Despite the evidence demonstrating that site-specific water chemistry can 

substantially influence risk assessment of some contaminants, there are few regulatory 

recommendations for site-specific water chemistry considerations during water quality 

monitoring of most CECs. Previous studies have shown that aquatic contaminant 

concentrations can reach subsurface maxima in marine systems due to salinity or organic 

matters gradients (Hubertz and Cahoon 1999). Because of the dynamic nature of 
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estuarine inflows, the potential for variable contaminant distributions with depth 

introduces uncertainty to conducting ecological risk assessments. In addition to 

spatiotemporal variability in contaminant occurrence, site-specific pH must also be 

accurately depicted because pH can significantly affect bioavailability of ionizable 

contaminants (Erickson, et al. 2006; Valenti, et al. 2012; Valenti, et al. 2011).  

The US Environmental Protection Agency incorporates site-specific pH 

adjustment factors into their National Ambient Water Quality Criteria for contaminants 

including the weak base ammonia and the weak acid organochlorine pesticide 

pentacholorphenol (US EPA 1993a; US EPA 1993b; US EPA 1993c). Ammonia is a 

model weak base with a pKa value of 9.2 and is subject to considerable shifts in 

ionization state in most surface waters (US EPA 1993a; US EPA 1993b; US EPA 1993c). 

Compounds with pKa values close to ambient pH values are subject to considerable pH-

driven changes in ionization state. The integration of these pH-adjustment factors 

highlights the importance of accounting for site-specific conditions when conducting an 

ecological risk assessment. However, current Texas Commission of Environmental 

Quality (TCEQ) surface water monitoring procedures for sampling aquatic contaminants 

requires only surface (0.3 m) water samples and accompanying pH measurements (TCEQ 

2003; TCEQ 2012b,c; TCEQ 2014). Additionally, current methods for prospective and 

retrospective ecological risk assessments of ionizable compounds seldom consider: 1) 

variability in chemical occurrence with depth in the water column 2) pH differences with 

depth, and thus alterations in bioavailability of ionizable contaminants, and 3) how this 

spatial variability in occurrence and bioavailability change over temporal scales. Spatial 

and temporal variability in contaminant occurrence and water chemistry may introduce 
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uncertainty into water quality assessments of CECs, especially for ionizable 

pharmaceuticals and potentially for algal toxins exhibiting water chemistry-dependent 

toxicity. Ultimately, this research aims to better characterize site-specific influences on 

the bioaccumulation and toxicity of ionizable contaminants.  
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CHAPTER TWO 

 

Predicted and Observed Therapeutic Dose Exceedances of Ionizable Pharmaceuticals in 

Fish Plasma from Urban Coastal Systems 

 

This Chapter is published as: Scott WC, Du B, Haddad SP, Breed CS, Saari GN, Kelly 

M, Broach L, Chambliss CK, Brooks BW. 2016. Predicted and observed therapeutic dose 

exceedances of ionizable pharmaceuticals in fish plasma from urban coastal systems. 

Environmental Toxicology and Chemistry. 35(4):983-95. 

 

Introduction 

 

 Estuaries and coastal environments represent an interface between terrestrial, 

freshwater, and marine systems (Elliott and McLusky 2002). Estuaries are among the 

most productive ecosystems, generating more organic matter each year than comparably 

sized areas of forest, grassland, or agricultural land (Nocker, et al. 2004). Estuaries also 

experience substantial spatial and temporal fluctuations in physiochemical parameters, 

including pH (Beck and Bruland 2000; Hubertz and Cahoon 1999; Nelson, et al. 1994; 

Pritchard 1967). Surface water pH variability results from spatial and temporal influences 

of climate, hydrology, geology, morphology, biology, and anthropogenic activities on 

aquatic systems (Brooks, et al. 2011; Fitzhugh, et al. 1999; Valenti, et al. 2011). Tidally 

driven systems can be particularly subjected to increased pH variability during summer 

months when inflows are reduced (Longley, et al. 1994; Montagna and Kalke 1992; 

Montagna, et al. 2002). Moving upstream from marine to freshwater conditions, 

concentrations of buffering ions decrease, and pH variability becomes more pronounced 

(Hubertz and Cahoon 1999). In addition, weather patterns influence pH variability 

through the formation of temperature-driven density gradients or succession of plankton 
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communities that may change the CO2 demand within a water body (Cai and Wang 

1998; Kent, et al. 2004; Maberly 1996; Summers, et al. 1997). In highly dynamic 

estuarine systems, these shifts and resulting pH variability can be further exacerbated by 

anthropogenic factors (Marques, et al. 2006; Muylaert, et al. 2000; Rabalais, et al. 1994). 

In the rapidly urbanizing watersheds and estuaries of the Gulf of Mexico in Texas, 

USA, which is predicted to double in population over the next 50 years, instream flows 

are increasingly influenced and dominated by reclaimed water (Brooks, et al. 2006; Rice, 

et al. 2013). These systems carry organic subsidies from upstream wastewater treatment 

plant (WWTP) effluent discharges (Valenti, et al. 2011). Though active pharmaceutical 

ingredients (APIs) have received increasing attention in freshwater systems over the past 

decade, many research questions remain unanswered (Boxall, et al. 2012; Brooks, et al. 

2009; Rudd, et al. 2014). Unfortunately, few studies have focused on the occurrence, 

assessment, or management of pharmaceutical contaminants in marine systems or 

estuaries (Gaw, et al. 2014). Studies of APIs and other contaminants of emerging concern 

(CEC) in the Gulf of Mexico are even more limited. However, the rapidly urbanizing 

watersheds and estuaries of Texas represent a unique opportunity to understand 

influences of pronounced annual rainfall and urban gradients on emerging water quality 

challenges. 

With human population growth, urbanization, and global climate change, 

chemicals exist in increasingly dynamic exposure scenarios that result in complex site-

specific hazards and risks, particularly for ionizable environmental contaminants 

(Brooks, et al. 2011; Mikes and Trapp 2010; Nakamura, et al. 2008; Orvos, et al. 2002; 

Valenti, et al. 2011). Un-ionized molecules are consistently more bioavailable, 
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bioaccumulative, and toxic than their ionized counterparts because of the increased 

lipophilicity and thus greater propensity to cross cellular membranes (Hansch and Leo 

1979; Henderson 1908; Hernandez and Rathinavelu 2006; Kwon 2001; Watkins, et al. 

2010). Such ionizable chemical behaviors directly translate to dynamic water quality 

concerns; for example, the US Environmental Protection Agency (USEPA) has derived 

site-specific national ambient water quality criteria for the weak base ammonia and the 

weak acid pentachlorophenol, though such regulatory efforts have not been extended to 

other classes of contaminants or specific habitats (US EPA 1993a; US EPA 1993b; US 

EPA 1993c). In fact, inland and coastal surface water quality assessment, management, 

and monitoring efforts routinely do not robustly account for pH influences on risks of 

ionizable contaminants (Brooks, et al. 2011; Valenti, et al. 2011). Such a limitation is 

particularly relevant for APIs in urban watersheds, because approximately 70% of all 

therapeutics are ionizable weak bases (Brooks and Huggett 2012). Clearly, a more robust 

understanding of environmental risks of ionizable chemicals is necessary within 

spatiotemporally dynamic estuaries and coastal ecosystems. In the present study, we 

selected 4 urban estuaries with different profiles of upstream land use and effluent 

discharge to examine whether spatiotemporal pH variability within sites affected water 

quality hazards of emerging and several historical contaminants to aquatic life. 

Spatiotemporal pH variability and salinity-based density currents in these tidally 

influenced systems were also examined to understand potential site-specific water quality 

hazards of ionizable weak bases (selected APIs, ammonia). Fish plasma modeling was 

subsequently employed to predict internal pharmaceutical doses exceeding human 

therapeutic levels (Cmax) based on pharmaceutical concentrations observed in the field. 
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From this modeling effort, we specifically determined whether therapeutic hazards to fish 

were expected within these urban coastal ecosystems. We then compared these modeled 

predictions to field-collected fish plasma levels of pharmaceuticals to explore whether 

therapeutic hazards existed within and among coastal locations. 

 

Materials and Methods 

 

Study sites 

Four tidally and urbanization-influenced river systems were selected for the 

present study based on historical water quality impairment (TCEQ 2013), land use, 

centralized and decentralized effluent discharges, and professional judgment (Figure 2.1). 

Buffalo Bayou begins in Katy, Fort Bend County, Texas, USA, and flows east toward the 

Houston Ship Channel and then into Galveston Bay, the most important commercial 

fishery in the western Gulf of Mexico. Buffalo Bayou was selected because this 

watershed is highly urbanized and receives effluent discharge from numerous centralized 

WWTPs and other non–point sources in the city of Houston, Texas, the fourth largest 

populated city in the United States. We selected a study site downstream of the 69th 

Street WWTP because this is one of the largest wastewater-treatment facilities in 

Houston and in the USEPA Region 6 states of Arkansas, Louisiana, New Mexico, 

Oklahoma, and Texas with permitted discharge capacity of approximately 757 million 

L/d. We selected a sampling site near the mouth of the Brazos River, the longest river in 

Texas that receives 66 WWTP discharges, in Brazoria County near Lake Jackson. For 

example, Lake Jackson discharges approximately 22.3 million L/d to the Brazos River 

directly upstream of this sampling site. We sampled the Guadalupe River in Tivoli, 

Texas, which was downstream from the confluence of the Guadalupe and San Antonio 
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Rivers and of San Antonio, Texas, the seventh largest populated city in the United States. 

A number of discharges enter the Guadalupe River downstream from San Antonio. For 

example, we sampled the Guadalupe River downstream of Victoria, Texas. The Victoria 

Regional Plant is permitted to treat up to 36.3 million L/d, and Victoria also has the 

Willow Street Plant, which is permitted to treat up to 9.5 million L/d. Dickinson Bayou 

was selected for the present study because it has experienced recent water quality 

impairments for depressed dissolved oxygen, nutrient concerns, and elevated pathogens 

largely resulting from a high density of on-site wastewater systems (e.g., septic). The 

sampling location in this bayou was heavily populated near Highway 45 in Galveston 

County, Texas. Maximum depth at each site was approximately 3.5 m.  
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Figure 2.1: Urban study sites consisted of four tidally influenced rivers along the Gulf of 

Mexico: Buffalo Bayou in Harris County, Dickinson Bayou in Galveston County, Brazos 

River in Brazoria County, and the Guadalupe River in Refugio County, Texas, USA. 

 

Water analysis of pharmaceuticals and effluent tracers 

At the same time of nutrient sampling, near-surface (0.3m from the air–water 

interface) and bottom (0.3m from the sediment–water interface) waters were sampled, 

pre-filtered, and extracted for pharmaceutical and effluent tracer (e.g., sucralose) analyses 

following methods previously reported by our group (Du, et al. 2014a; Du, et al. 2014b). 

A Thermo Barnstead Nanopure Diamond ultraviolet water purification system was used 
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to provide 18MV water to prepare all aqueous solutions throughout the present study. 

Target pharmaceutical and effluent tracer analytes include acetaminophen, caffeine, 

sulfamethoxazole, diphenhydramine, carbamazepine, diclofenac, erythromycin, 

gemfibrozil, atenolol, trimethoprim, diltiazem, and sucralose. Target analytes were 

selected based on usage patterns and our previous studies identifying potential surface 

water quality hazards to fish (Du, et al. 2014a; Du, et al. 2014b). Standards and labeled 

analogs were purchased with a purity of 97% and used as received. High performance 

liquid chromatography–grade methanol, formic acid, and acetic acid were obtained from 

various vendors. Isotopically labeled analogs were used as the internal standard. Samples 

were analyzed using isotope dilution liquid chromatography tandem mass spectrometry 

(LC-MS/MS). Details pertaining to the ionization mode (electrospray ionization–positive 

or electrospray ionization–negative) and precursor-to-product ion transitions were 

previously described (Du, et al. 2012; Du, et al. 2014a). Chromatographic separation was 

achieved by binary gradient. A Varian model 1200-L triple-quadrupole mass analyzer 

equipped with electrospray ionization was used to monitor eluted analytes. The detection 

was operated in multiple reaction monitoring mode throughout the analysis (Du, et al. 

2014b). 

 

Pharmaceutical uptake modeling in fish 

Diltiazem (dissociation constant [pKa], 7.7; partition coefficient [logP], 4.73) and 

diphenhydramine (pKa, 8.98; logP, 3.27) measured aqueous data were used for 

pharmaceutical uptake modeling using a model derived from a plasma bioconcentration 

model by Fitzsimmons et al. (Fitzsimmons, et al. 2001), as modified by Berninger et al. 

(Berninger, et al. 2011). Fitzsimmons et al. (Fitzsimmons, et al. 2001) developed several 
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predictive models for trout blood:water partitioning of hydrophobic chemicals, which 

supported the work of Huggett et al. (Huggett, et al. 2003), who initially employed a 

novel plasma model approach (Equation 1) to predict fish plasma concentrations of 

pharmaceuticals from water exposure with a 1000-fold safety factor. 

Diltiazem and diphenhydramine are weak bases with pKa values of 7.7 and 8.98, 

respectively. The pKa is an integral aspect of drug research and development, because it 

influences the rate of absorption through body compartments possessing different pH 

values (Manallack 2007). Because select pharmaceuticals have previously been 

demonstrated to be more bioaccumulative and toxic to aquatic life at higher pH (Valenti, 

et al. 2012; Valenti, et al. 2009), Berninger et al. (Berninger, et al. 2011) modified the 

Fitzsimmons et al. (Fitzsimmons, et al. 2001) model to account for study or site pH using 

log D in the fish uptake model to predict fish plasma concentrations from water 

exposures rather than log octanol–water partition coefficient (KOW) (Berninger, et al. 

2011; Fitzsimmons, et al. 2001). 

 

𝐹𝑖𝑠ℎ 𝑃𝑙𝑎𝑠𝑚𝑎 𝐶𝑜𝑛𝑐𝑒𝑛𝑡𝑟𝑎𝑡𝑖𝑜𝑛 = [𝐴𝑞𝑢𝑒𝑜𝑢𝑠] × 𝑙𝑜𝑔𝑃𝑏𝑙𝑜𝑜𝑑:𝑤𝑎𝑡𝑒𝑟 1) 

 

In the present study, the liposome:water distribution coefficient (logDliposome:water); 

Equation 2) was substituted for logDoctanol:water in Equation 3 (Escher, Schwarzenbach, and 

Westall 2000). 

 

𝑙𝑜𝑔𝐷𝑙𝑖𝑝𝑜𝑠𝑜𝑚𝑒:𝑤𝑎𝑡𝑒𝑟 = 0.78 ×  𝑙𝑜𝑔𝐷 + 1.12    2) 

𝑙𝑜𝑔𝑃𝑏𝑙𝑜𝑜𝑑:𝑤𝑎𝑡𝑒𝑟 = 0.73 ×  𝑙𝑜𝑔𝐷𝑙𝑖𝑝𝑜𝑠𝑜𝑚𝑒:𝑤𝑎𝑡𝑒𝑟 − 0.88   3) 
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Therapeutic hazard values for fish 

Brooks (Brooks, et al. 2014) recently examined the utility of a therapeutic hazard 

value (THV) to identify surface water and effluent concentrations predicted to result in 

fish plasma levels equaling human therapeutic dose (Cmax). The THV is similar to the 

critical environmental concentration concept previously described by Fick et al. (Fick, et 

al. 2010) but includes another equation from Fitzsimmons et al. (Fitzsimmons, et al. 

2001) to estimate moderately lipophilic drug uptake to fish plasma (Daughton and Brooks 

2011; Fick, et al. 2010; Fitzsimmons, et al. 2001). To derive a THV, the logP of each 

pharmaceutical was converted to logDliposome:water (Equation 2) based on measured pH 

values at each field sampling site. Using the fish plasma modeling approach proposed by 

Huggett et al. (Huggett, et al. 2003) and modified by Berninger et al. (Berninger, et al. 

2011), we then calculated a blood to water partitioning coefficient. A THV is thus 

defined as:  

 

𝑇𝐻𝑉 =  𝐶𝑚𝑎𝑥 / 𝑙𝑜𝑔𝑃𝑏𝑙𝑜𝑜𝑑:𝑤𝑎𝑡𝑒𝑟      4) 

 

Fish collection and analysis 

Fish were collected from each sampling location during late summer and early fall 

2012 and 2013. Fish were collected by backpack or boat electrofisher and netting. Fish 

species collected during the present study included common carp (Cyprinus carpio), 

striped mullet (Mugil cephalus), red drum (Sciaenops ocellatus), alligator gar 

(Atractosteus spatula), blue catfish (Ictalurus furcatus), channel catfish (Ictalurus 

punctatus), white mullet (Mugil curema), largemouth bass (Micropterus salmoides), 

Atlantic croaker (Micropogonias undulates), gafftopsail catfish (Bagre marinus), and 

smallmouth buffalo (Ictiobus bubalus). Total body mass and length were measured, and 
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fish plasma isolation was performed in the field. Fish were anesthetized with MS-222, 

blood was collected from the dorsal artery, and plasma was then isolated by 

centrifugation at 2000 g at 4 8C for 10 min immediately after collection. Plasma was 

harvested for pharmaceutical analyses, taken to the laboratory on dry ice, and stored at –

80 8C. An aliquot of fish plasma (~0.5mL to 1 mL) was combined with internal standards 

and diluted to 5mL using a 0.1% (v/v) aqueous formic acid. The mixture was then loaded 

onto HLB solid-phase extraction cartridges (200 mg; Waters), which were preconditioned 

with 5mL of methanol and 5mL of nanopure water. Each solid-phase extraction cartridge 

was dried with N2 gas and eluted with 5mL of methanol. Analysis by LC-MS/MS 

followed previously reported methods from our research team (Du, et al. 2014b).  

 

Statistical analysis 

Results were analyzed using Sigma Plot (Systat Software, San Jose, CA). When 

comparing 2 groups (i.e., year vs year or depth vs depth), we used t-tests, which provided 

similar utility as a one-way analysis of variance (ANOVA) for these data sets. 

Differences in water chemistry parameters (pH, salinity, dissolved oxygen, and 

temperature), measured water concentrations of pharmaceuticals, predicted fish plasma 

concentrations, and therapeutic hazard values for diphenhydramine and diltiazem with 

depth (surface vs bottom) and between years (2012 vs 2013) were compared using t tests, 

whereas differences between sites and seasons (only for Buffalo Bayou) were compared 

using a one-way ANOVA. If normality or equal variance assumptions were not met, a 

Mann-Whitney rank sum test or a Kruskal-Wallis ANOVA on ranks was used for 

comparing 2 groups or more than 2 groups, respectively. A Tukey post hoc test was used 

to make pairwise multiple comparisons (McDonald 2009). A two-way ANOVA was used 
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to compare measured water concentrations of pharmaceuticals, with 2 factors: season and 

depth. The Sidak-Holm step down test was used to make pairwise comparisons following 

the two-way ANOVA (Holm 1979). Mean predicted and observed fish plasma levels of 

targeted pharmaceuticals were compared using a t test for each fish sampling event. All 

fish species listed in Table 2.1 were included for measured observations, whereas 

predicted concentrations were derived using the modified Huggett et al. (Huggett, et al. 

2003) approach introduced above in Pharmaceutical uptake modeling in fish, also 

accounting for site-specific pH influences on bioavailability using Equation 3.  

Probabilistic methods in environmental hazard and risk assessment routinely use 

species sensitivity, chemical toxicity, or environmental exposure distributions to define 

hazards or risks of adverse outcomes (Posthuma, et al. 2010). In the present study, we 

created probabilistic distributions of THVs modified by spatiotemporal gradients of 

surface water pH. Therapeutic hazard values were calculated for each chemical during 

every 15-min interval over each 24-h sampling period for each study site; THVs included 

a 1000-fold safety factor as recommended by Huggett et al. (Huggett, et al. 2003). 

Therapeutic hazard values were ranked using the Weibull equation (Solomon and Takacs 

2010), and the measured surface and bottom water concentrations of each contaminant 

were used to estimate the probability of exceeding a THV over 24 h. Similar to our 

previous work, we used the equation P=100 x i / (n+1) to rank THVs, where i is the rank 

number of the data point, n is the total number of data points in the set, and P is the 

probability rank of that value, i. This method assumes that this distribution is 1 value 

away from the true environmental distribution; therefore, a 1 is added to n (Solomon and 

Takacs 2010). Therapeutic hazard values, in nanograms per liter, were plotted along the x 
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axis against the respective probability rank along the y axis. The measured aqueous 

concentration of diltiazem or diphenhydramine was then substituted for x in the linear 

regression equation to estimate the probability that the measured aqueous concentration 

would exceed our distribution of THVs. 

 

Results 

Spatiotemporal variability of pharmaceuticals 

Several pharmaceuticals and the effluent tracers sucralose and caffeine were 

observed in near-surface and bottom samples of all the present study sites (Table 2.2). 

Subsequently, concentrations of acetaminophen, caffeine, sulfamethoxazole, 

diphenhydramine, carbamazepine, erythromycin, diclofenac, gemfibrozil, atenolol, 

trimethoprim, diltiazem, and sucralose were compared across study sites (Buffalo Bayou, 

Brazos River, Guadalupe River, and Dickinson Bayou), across sampling periods (fall 

2012 and fall 2013), and with depth (0.3m from surface, 0.3m from bottom). Further 

analyses within Buffalo Bayou compared concentrations of target analytes across seasons 

(fall 2012, winter 2013, spring 2013, and fall 2013) and with depth. Buffalo Bayou 

exhibited significantly higher surface and bottom water concentrations of acetaminophen, 

caffeine, sulfamethoxazole, carbamazepine, erythromycin, atenolol, and trimethoprim 

than other sites (p<0.05). Only Buffalo Bayou exhibited significantly higher 

concentrations of target analytes in near-surface water than bottom water samples. 

Surface water concentrations of acetaminophen, caffeine, sulfamethoxazole, 

erythromycin, and atenolol were significantly higher than bottom water levels in only 

Buffalo Bayou (p<0.05). Only 3 target analytes, erythromycin, diclofenac, and 

trimethoprim, exhibited significantly higher concentrations in fall 2013 than in fall 2012 
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(p<0.05). Seasonal sampling of Buffalo Bayou demonstrated that concentrations of 

diphenhydramine, carbamazepine, and diclofenac were higher in fall 2013 than all other 

periods (winter 2013, spring 2013, and fall 2012). The conservative effluent tracer 

sucralose was detected at significantly higher levels in winter 2013 than all other samples 

in Buffalo Bayou (p<0.05). 

 

Spatiotemporal influences on predicted therapeutic hazard values to fish 

Because plasma modeling represents a useful approach for pharmaceutical 

assessment and monitoring (Brooks, et al. 2014; Caldwell, et al. 2014; Du, et al. 2014a), 

we focused THV modeling efforts on diltiazem and diphenhydramine based on fish 

plasma observations from the field (described below in Measured fish plasma 

concentrations). Predicted fish plasma concentrations of diltiazem and diphenhydramine 

were significantly higher (p<0.001) for near-surface water sampling locations compared 

with bottom water at all 4 sites during the fall 2012 and 2013 sampling events. 

Therapeutic hazard values of diltiazem and diphenhydramine accounting for pH 

differences at 15-min intervals over each 24-h deployment period were then compared 

with measured water concentrations of the drugs (Figures 2.2–2.5). The probabilities of 

exceeding the THV over each diel sampling period in 2012 to 2013 for diltiazem and 

diphenhydramine are presented in Figures 2.2 and 2.4, respectively. Similarly, probability 

distributions of THV exceedances for diltiazem and diphenhydramine in Buffalo Bayou 

over 4 seasons are reported in Figures 2.3 and 2.5, respectively. The probability of 

exceeding a THV (with a 1000-fold safety factor suggested by Huggett et al. (Huggett, et 

al. 2003)) was consistently greater in near-surface water compared with bottom samples, 

with the exception of the Guadalupe River in 2013.  
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In the fall 2012, Buffalo Bayou and Brazos River surface water exceeded the 

predicted THV (with a 1000-fold safety factor) for diphenhydramine 100% of the time. 

Buffalo Bayou bottom water exceeded THVs 36% of the time, whereas Brazos River 

bottom water also exceeded THVs 100% of the time. Guadalupe River and Dickinson 

Bayou near-surface and bottom water did not exceed THVs over the deployment periods 

of 2012. In fall 2013, Buffalo Bayou and Dickinson Bayou surface water exceeded the 

predicted therapeutic hazard value of diphenhydramine 100% of the time. Although 

Buffalo Bayou bottom water exceeded THVs 100% of the time, Dickinson Bayou bottom 

water never exceeded the THVs. Brazos River near-surface water exceeded THVs 92% 

of the time, whereas no exceedances were observed for bottom waters. Guadalupe River 

near-surface and bottom water exceeded THVs 68% and 100% of the time, respectively. 

During no sampling event in the present study did measured aqueous concentrations of 

diphenhydramine or diltiazem exceed the predicted THVs. 
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Figure 2.2: Probability distributions of Therapeutic Hazard Values for diltiazem 

including a 1000-fold safety factor for Buffalo Bayou in 2012 (A) and 2013 (B), Brazos 

River in 2012 (C) and 2013 (D), Guadalupe River in 2012 (E) and 2013 (F), and 

Dickinson Bayou in 2012 (G) and 2013 (H). Filled circles (●) represent near surface 

water THVs, open circles represent bottom water THVs (○), solid lines (▬) represent 

measured near surface water concentrations of diltiazem, and broken lines (- - -) represent 

measured bottom water concentrations of diltiazem. 



26 

 

 

Figure 2.3: Probability distributions of seasonal Therapeutic Hazard Values (THV) for 

diltiazem including a 1000-fold safety factor for Buffalo Bayou in Fall 2012 (A), January 

2013 (B), May 2013 (C), and Fall 2013 (D). Filled circles (●) represent near surface 

water THVs, open circles represent bottom water THVs (○), solid lines (▬) represent 

measured near surface water concentrations of diltiazem, and broken lines (- - -) represent 

measured bottom water concentrations of diltiazem. 
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Figure 2.4: Probability distributions of Therapeutic Hazard Values for diphenhydramine 

including a 1000-fold safety factor for Buffalo Bayou in 2012 (A) and 2013 (B), Brazos 

River in 2012 (C) and 2013 (D), Guadalupe River in 2012 (E) and 2013 (F), and 

Dickinson Bayou in 2012 (G) and 2013 (H). Filled circles (●) represent near surface 

water THVs, open circles represent bottom water THVs (○), solid lines (▬) represent 

measured near surface water concentrations of diphenhydramine, and broken lines (- - -) 

represent measured bottom water concentrations of diphenhydramine. 
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Figure 2.5: Probability distributions of seasonal Therapeutic Hazard Values for 

diphenhydramine including a 1000-fold safety factor for Buffalo Bayou in Fall 2012 (A), 

January 2013 (B), May 2013 (C), and Fall 2013 (D). Filled circles (●) represent near 

surface water THVs, open circles represent bottom water THVs (○), solid lines (▬) 

represent measured near surface water concentrations of diphenhydramine, and broken 

lines (- - -) represent measured bottom water concentrations of diphenhydramine. 

 

 

Measured fish plasma concentrations 

During fall 2012 and 2013, fish blood plasma concentrations of gemfibrozil, 

diphenhydramine, and diltiazem were examined from Buffalo Bayou, Brazos River, 

Guadalupe River, and Dickinson Bayou. Gemfibrozil was observed in plasma samples 

from several fish; however, the majority of these detections were below the method 

detection limit. Diltiazem and diphenhydramine were observed in plasma samples of 

multiple fish species from each site during both years. Both drugs were detected in 

several species of fish spanning various habitat, diet, and behavior patterns at plasma 

concentrations within an order of magnitude of those known to be therapeutically active 

in humans. In fact, diltiazem was consistently detected in higher concentrations than 
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diphenhydramine and actually exceeded human therapeutic plasma dose levels in a 

number of species and locations (Table 2.1). Measured plasma levels of diltiazem were 

significantly greater (p<0.05) than predicted for every site in 2012 and 2013. In addition, 

measured fish plasma concentrations of diphenhydramine significantly (p < 0.05) 

exceeded predictions at every site of 2012 and 2013, with the exception of the Guadalupe 

River in 2013 where the measured and predicted concentrations were not statistically 

(p>0.05) different. 
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Sampling Period Site Depth 
DPH 
(ng/L) 

DTZ 
(ng/L) 

SMZ 
(ng/L) 

CBZ 
(ng/L) 

GFB 
(ng/L) 

ATEN 
(ng/L) 

TRI 
(ng/L) 

CAF 
(ng/L) 

ACET 
(ng/L) 

DIC 
(ng/L) 

ERY 
(ng/L) 

SCL 
(ng/L) 

Fall 2012 Buffalo Surface 15 5.2 270 70 31 100 7.9 520 38 ND ND 8900 

  Bottom 12 3.5 180 48 27 76 4.8 350 ND ND ND 5200 

 Brazos Surface 1.1 0.98 20 10 ND ND ND 55 ND ND ND ND 

  Bottom 1.5 1.7 ND 3.0 ND ND ND 28 ND ND ND 18000 

 Guadalupe Surface 0.98 2.9 60 35 8.5 ND ND 60 ND 4.3 ND 5100 

  Bottom NA NA NA NA NA NA NA NA NA NA NA NA 

 Dickinson Surface 3.9 1.9 16 8.9 6.0 ND 7.8 72 ND ND ND 3800 

  Bottom 2.8 ND 32 12 8.6 ND 6.5 54 ND ND ND 3200 

               
Fall 2013 Buffalo Surface 42 12 260 140 120 99 26 2900 110 620 19 3900 

  Bottom 35 4.7 220 130 86 98 24 560 51 440 19 2300 

 Brazos Surface 3.9 ND 17 15 ND ND 6.6 35 ND 18 <MDL 2400 

  Bottom 1.2 ND 5.4 7.6 ND ND 9.6 38 ND 16 <MDL 610 

 Guadalupe Surface 16 4.3 170 77 18 ND 3.2 45 ND 56 <MDL 4700 

  Bottom ND ND 140 67 19 ND ND 84 ND 56 <MDL 5800 

 Dickinson Surface 2.8 ND ND 13 ND ND 20 260 ND 63 <MDL 560 

  Bottom 3.6 1.9 13 21 7.1 ND 13 78 ND 38 <MDL 2800 

               

Sampling Period Site Depth 

DPH 

(ng/L) 

DTZ 

(ng/L) 

SMZ 

(ng/L) 

CBZ 

(ng/L) 

GFB 

(ng/L) 

ATEN 

(ng/L) 

TRI 

(ng/L) 

CAF 

(ng/L) 

ACET 

(ng/L) 

DIC 

(ng/L) 

ERY 

(ng/L) 

SCL 

(ng/L) 

Fall 2012  Buffalo Surface 15 5.2 270 71 31 100 7.9 520 39 ND ND 8900 

  Bottom 12 3.5 180 49 27 76 4.8 350 ND ND ND 5200 
Winter 2013  Surface 5.9 31 45 12 18 54 ND 990 61 ND ND 38000 

  Bottom 3.1 12 40 8.1 11 30 ND 1100 59 ND ND 29000 
Spring 2013  Surface 14 2.1 280 60 64 130 47 200 23 15 68 11000 

  Bottom 9.3 5.1 40 16 11 20 3.7 55 10 3.6 13 4300 

Fall 2013  Surface 42 12 260 140 120 99 26 2900 110 620 19 3900 

  Bottom 35 4.7 220 130 86 98 24 560 51 440 19 2300 

               

  MDL:  0.22 0.24 1.30 0.53 2.10 4.30 1.30 4.50 2.90 2.80 8.60 36.0 

 

Table 2.1: Mean human pharmaceuticals in duplicate (N = 2) near surface and bottom water samples from four Gulf of Mexico 

estuaries of Texas, USA, during different sampling events. DPH, diphenhydramine; DTZ, diltiazem; SMZ, sulfamethoxazole; CBZ, 

carbamazepine; GFB, gemfibrozil; ATEN, atenolol; TRI, trimethoprim; CAF, caffeine; ACET, acetaminophen; DIC, diclofenac; 

ERY, erythromycin; SCL, sucralose; ND, not detected; MDL, method detection limit. 
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A.             
Mean Measured FPC 

(ng/mL; ± SE) 

Mean Predicted FPC 

(ng/mL; ± SD)  Sampling Period Site Depth 

Fall 2012 Buffalo Bayou Surface 1.0 (± 0.6) 0.09 (± 0.02) 

  Bottom  0.05 (± 0.00) 

 Brazos River Surface ND 0.25 (± 0.02) 

  Bottom  0.07 (± 0.01) 

 Guadalupe River Surface 0.06 (± 0.1) 0.02 (± 0.00) 

  Bottom  0.02 (± 0.00) 

 Dickinson Bayou Surface 0.1 (± 0.1) 0.02 (± 0.01) 

  Bottom  0.01 (± 0.00) 

Fall 2013 Buffalo Bayou Surface 2.0 (± 1.0) 0.27 (± 0.04) 

  Bottom  0.15 (± 0.01) 

 Brazos River Surface 0.79 (± 0.3) 0.07 (± 0.01) 

  Bottom  0.01 (± 0.00) 

 Guadalupe River Surface 0.37 (± 0.2) 0.29 (± 0.01) 

  Bottom  0.00 (± 0.00) 

 Dickinson Bayou Surface 1.7 (± 0.3) 0.05 (± 0.01) 

    Bottom   0.03 (± 0.00) 

Winter 2013 Buffalo Bayou Surface  0.03 (± 0.00) 

  Bottom  0.02 (± 0.00) 

Spring 2013  Surface  0.08 (± 0.01) 

  Bottom  0.05 (± 0.00) 

 
 B.            

Mean Measured FPC 

(ng/mL; ± SE) 

Mean Predicted FPC 

(ng/mL; ± SD)  Sampling Period Site Depth 

Fall 2012 Buffalo Bayou Surface 20 (± 4.8) 0.88 (± 0.13) 

  Bottom  0.60 (± 0.05) 

 Brazos River Surface 12  0.43 (± 0.01) 

  Bottom  0.33 (± 0.04) 

 Guadalupe River Surface 37  1.05 (± 0.03) 

  Bottom  1.20 (± 0.02) 

 Dickinson Bayou Surface 11 (± 1.9) 0.68 (± 0.06) 

  Bottom  0.03 (± 0.00) 

Fall 2013 Buffalo Bayou Surface 31 (± 6.2) 7.30 (± 1.07) 

  Bottom  1.41 (± 0.11) 

 Brazos River Surface 6.3 (± 2.3) 0.04 (± 0.00) 

  Bottom  0.03 (± 0.00) 

 Guadalupe River Surface 22 (± 1.9) 1.62 (± 0.03) 

  Bottom  0.04 (± 0.00) 

 Dickinson Bayou Surface 20 (± 4.0) 0.04 (± 0.00) 

    Bottom   0.37 (± 0.02) 

Winter 2013 Buffalo Bayou Surface  3.48 (± 0.04) 

  Bottom  1.76 (± 0.03) 

Spring 2013  Surface  0.32 (± 0.02) 

  Bottom  0.12 (± 0.02) 

 

Table 2.2: Mean measured fish plasma concentration (FPC) and mean predicted FPC for 

diphenhydramine (A) and diltiazem (B) from near surface or bottom waters at four Gulf 

of Mexico estuaries of Texas, USA, during different sampling events. Mean measured 

FPC of diphenhydramine and diltiazem are based on all species listed in Table 2.3. Mean 

predicted FPC values are based on predictions from diel pH measures at 15 minute 

intervals (n = 96) and measured aqueous concentrations of target analytes reported in 

Table 2.1. Fish were collected in Fall 2012 and Fall 2013, but not during Winter or 

Spring 2013 sampling. For comparison, the human therapeutic plasma doses (Cmax) of 

diphenhydramine is 50 ng/mL
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   2012     2013 

             

  

Mean Measured 

FPC (ng/mL) % Human Cmax  

             Mean Measured  

             FPC (ng/mL) % Human Cmax 

Fish species n DTZ DPH DTZ DPH  Fish species n DTZ  DPH  DTZ DPH  
Buffalo Bayou       Buffalo Bayou         
Cyprinus carpio 2 12 0.06 39 0.1  Ictalurus punctatus 2 24  1.9  78 3.9  
Mugil cephalus 3 27 1.2 90 2.5  Mugil curema 5 27  2.5  91 5.0  
Sciaenops 

ocellatus 1 15 2.2 48 4.3  Micropterus salmoides 7 35 

 

1.7 

 

120 3.3  

                
Brazos River       Brazos River         
Atractosteus 

spatula 1 22 ND 73 NA  Micropogonias undulatus 4 8.6 

 

0.97 

 

29 1.9  
Mugil cephalus 1 2.1 ND 7 NA  Bagre marinus 3 1.7  0.55  6 1.1  

                
Guadalupe River       Guadalupe River         
Ictalurus furcatus 1 31 0.06 110 0.1  Ictalurus punctatus 2 23  0.33  76 0.7  
Ictalurus 

punctatus 1 43 ND 140 NA  Ictiobus bubalus 4 1.7 

 

0.39 

 

6 0.8  

                
Dickinson Bayou       Dickinson Bayou         
Cyprinus carpio 3 10 0.27 34 0.5  Bagre marinus 2 28  0.37  92 0.7  
Mugil cephalus 4 12 0.06 40 0.1  Mugil cephalus 1 4.0  2.8  13 5.7  

       Ictalurus punctatus 1 20  ND  67 NA  

 

Table 2.3: Measured fish plasma concentrations (FPC) of diphenhydramine (DPH) and diltiazem (DTZ) from four urban Gulf of 

Mexico estuaries in Texas, USA, during the fall of 2012 and 2013. These observations are compared as percentage of human plasma 

therapeutic doses (Cmax) of diphenhydramine (DPH) and diltiazem (DTZ), which are 50 ng/mL and 30 ng/mL respectively. ND: not 

detected; NA: not applicable 
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Discussion 

With more than 40% of the global population residing on coastlines, sustainable 

water management is increasingly recognized as a major challenge in these rapidly 

urbanizing coastal regions (Li 2003; Martínez, et al. 2007; Small and Nicholls 2003). 

High-quality inflows to bays and estuaries are needed to sustain coastal fisheries. 

Estuarine inflow characteristics influence the extent of freshwater gradients and 

subsequent biological and chemical interactions in these dynamic ecosystems. Reduced 

freshwater inflows can result in a number of problems in estuarine systems, such as 

increased salinity, changes in biodiversity following saltwater intrusion, and succession 

from euryhaline to more stenohaline species as salinity extremes change in these areas 

(Longley, et al. 1994). For example, the Guadalupe River estuary of Texas was observed 

to have 79 times the freshwater inflow, one-third of the salinity, and much higher 

macrofaunal and biomass than the saltier Nueces River estuary, also in Texas (Montagna 

and Kalke 1992; Montagna, et al. 2002).  

Such increased freshwater inflow translated to increased secondary production in 

the Guadalupe River estuary (Montagna and Kalke 1992; Montagna, et al. 2002). 

Unfortunately, future climate projections and increased upstream water use by expanding 

populations are expected to affect freshwater inflows to coastal ecosystems, a potential 

outcome that is particularly relevant for the urbanizing bays and estuaries of the Gulf of 

Mexico in Texas (NRC 2005; Roelke, et al. 2012). 

In addition to future concerns related to quantity of freshwater inflows, water 

quality of these instream flows to bays and estuaries is inherently affected by upstream 

human activities. For example, base flows to the bays and estuaries in Texas are 
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increasingly influenced by effluent discharges from rapidly urbanizing watersheds, 

resulting in numerous effluent-dominated and effluent-dependent rivers and streams 

(Brooks, et al. 2006). In addition to presenting important challenges to sustainable water 

quality assessment and management (Brooks, et al. 2006), these urbanizing watersheds 

result in an urban water cycle when human, industrial, agricultural, or ecological uses are 

derived from reclaimed sources (Brooks, et al. 2014). Thus, diagnostic approaches are 

necessary to identify areas facing relatively higher risks from water quality degradation. 

In the present study, we examined 4 urban coastal systems during a period of typically 

lower flows to begin to understand spatiotemporal site-specific patterns of traditional 

water quality indicators. We also more intensively studied Buffalo Bayou to explore 

potential seasonal differences in water quality hazards. Routine water quality assessment 

approaches often focus on near-surface water sampling during prioritized times of the 

year (e.g., low instream flow and effluent dilution) as a pragmatic decision when 

resources are scarce. For example, in the state of Texas, near-surface water (0.3m depth) 

is considered representative of the water mass in all water-body types (TCEQ 2003; 

TCEQ 2012a). 

However, it has long been understood that thermoclines and chemoclines lead to 

variability in the vertical distribution of planktonic organisms and other biological, 

physical, and chemical parameters (Wetzel 2001); yet limited attention has been given to 

understanding how stratification affects water quality, particularly for CECs in urban 

coastal water bodies (Gaw and Brooks 2016). In the present study, we examined near-

surface (0.3m from surface) water quality, but we also sampled traditional water quality 

indicators and CEC at depth (0.3m from bottom) to observe whether vertical salinity 
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gradients coincided with significant differences of these indicators within and among 

tidally influenced urban ecosystems. We observed ammonia in bottom waters to exceed 

the USEPA’s criterion continuous concentration value in Dickinson Bayou during early 

fall 2013 but not for surface water samples. This observation is important, because such 

observations would not be made during surface water monitoring for regulatory 

compliance that focuses sample efforts on near-surface depths. 

We also observed significant differences in diel dissolved oxygen between near-

surface and bottom sampling locations among study sites (Table 2.4). For example, 

surface diel dissolved oxygen levels were observed below ambient water quality criteria 

values of 3 mg/L only 2% of the time during fall 2013; no low dissolved oxygen values 

were observed during fall 2012, winter 2013, or spring 2013 (Table 2.4). However, 

dissolved oxygen levels in bottom water of Buffalo Bayou fell below 3 mg/L 68% of the 

time in fall 2012 and 100% of the time during fall 2013 (Table 2.4). Over the course of 

the present study, dissolved oxygen levels were depressed in bottom water samples from 

all sites below the site-specific water quality criteria values applied to near-surface waters 

according to designated aquatic life uses (Table 2.4) (TCEQ 2012b). Consistent with the 

ammonia criterion continuous concentration exceedance identified above, such 

observations of depressed dissolved oxygen would not have been possible during routine 

water quality monitoring of near-surface conditions but suggest that vertical water quality 

hazards and impairment determinations should receive future attention in these dynamic 

urban coastal systems. As noted, research on pharmaceuticals and other CEC in marine 

and estuarine habitats is relatively limited compared with inland systems (Gaw and 

Brooks 2016). Pharmaceuticals are commonly found in WWTP effluent and surface 
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waters and detected up to hundreds of miles away from discharge points (Wahlberg, 

Björlenius, and Paxéus 2011; Yang, et al. 2011). Aqueous concentrations of therapeutics 

follow spatial and temporal patterns resulting from usage trends, precipitation, and 

treatment efficiencies in WWTPs, among other factors (Kookana, et al. 2014). For 

instance, based on wastewater analysis, the antihistamine diphenhydramine was elevated 

during fall, which coincided with common allergy usage in Texas (Du, et al. 2014a). 

Identifying spatial and temporal trends in pharmaceutical and other CECs is therefore 

crucial in identifying locations and times of greatest risk to aquatic life, particularly in 

regions experiencing rapid population growth and climate stress. In the present study, we 

also examined targeted CECs in surface and bottom waters within 4 sites during early fall 

when instream flows are typically lower and then more intensively sampled Buffalo 

Bayou during various seasons. We recently reported diphenhydramine and diltiazem 

concentrations of 58 ng/L and 36 ng/L, respectively, in Buffalo Bayou at a site located 

upstream from the sampling location of the present study (Watkins, et al. 2014). 

Diphenhydramine was detected in 100% of the surface water sampled over the present 

study at levels ranging between 0.98 ng/L and 42 ng/L. A recent study by Klosterhaus et 

al. reported diphenhydramine in 80% of water sampled in San Francisco Bay; however, 

diphenhydramine levels in Buffalo Bayou during the present study were 10 to 35 times 

higher than these previous observations from an urban coastal system (Klosterhaus, et al. 

2013). Ferguson and colleagues reported higher concentrations of pharmaceuticals in 

estuaries during low and incoming tides (Ferguson, et al. 2013). Further, a recent study 

on the Long Island Sound estuary reported stratification of pharmaceuticals in the water 
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column, with higher concentrations being measured at the surface relative to the bottom 

(Lara-Martín, et al. 2014). 

 

   

Dissolved Oxygen Criteria 

(mg/L) Percent Below Criteria 

Sampling 

Period Site Depth Daily Mean Daily Minimum Daily Mean Daily Minimum 

Fall 2012 Buffalo Bayou Surface 1 1 0% 0% 

  Bottom 1 1 13% 13% 

 Brazos River Surface 4 3 0% 0% 

  Bottom 4 3 96% 92% 

 Guadalupe River Surface 5 4 99% 0% 

  Bottom 5 4 99% 0% 

 Dickinson Bayou Surface 4 3 4% 0% 

  Bottom 4 3 82% 76% 

Fall 2013 Buffalo Bayou Surface 1 1 0% 0% 

  Bottom 1 1 19% 19% 

 Brazos River Surface 4 3 40% 14% 

  Bottom 4 3 100% 96% 

 Guadalupe River Surface 5 4 96% 31% 

  Bottom 5 4 100% 93% 

 Dickinson Bayou Surface 4 3 15% 3% 

  Bottom 4 3 86% 79% 

Winter 2013 Buffalo Bayou Surface 1 1 0% 0% 

  Bottom 1 1 0% 0% 

Spring 2013  Surface 1 1 0% 0% 

  Bottom 1 1 0% 0% 

 

Table 2.4: Site-specific daily mean and minimum dissolved oxygen for Buffalo Bayou, 

Brazos River, Guadalupe River, and Dickinson Bayou. Daily mean and minimum water 

quality criteria are based on designated Aquatic Life Uses as described by the Texas 

Commission on Environmental Quality for surface water samples (0.3m from surface). 

This table includes the probability of exceeding dissolved oxygen criteria over a 24-hour 

deployment (n=96) during each sampling period for both surface and bottom waters. 
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Despite increasing water quality monitoring efforts for pharmaceuticals and other 

CECs, translating these surface water observations to concentrations resulting in hazards 

to aquatic life has been challenging and thus limited (Brooks, et al. 2014). Despite the 

fact that pharmaceuticals are generally found in low concentrations (nanograms per liter 

to micrograms per liter) in surface water, intrinsic properties associated with drug design 

(e.g., bioavailability, potency) still result in hazards and risks to the environment. Both 

field and laboratory studies have shown that pharmaceuticals accumulate in tissue and 

plasma of fish and other wildlife (Kolpin, et al. 2002; Ramirez, et al. 2009; Valenti, et al. 

2012). Because pharmacological targets (e.g., receptors, enzymes) are particularly 

conserved among aquatic vertebrates (Gunnarsson, et al. 2008; McRobb, et al. 2014), 

adverse outcomes associated with pharmacological mechanisms of action can present 

risks to aquatic life (Ankley, et al. 2007; Berninger and Brooks 2010; Brain, et al. 2008; 

Fick, et al. 2010; LaLone, et al. 2014; Valenti, et al. 2012). Huggett et al. developed an 

approach to predict internal doses of pharmaceuticals in fish following exposure to an 

aqueous concentration of a drug (Huggett, et al. 2003). The “Huggett fish plasma model” 

presumes conservation of the structure and function of a mammalian pharmacological or 

side effect targets and a mammalian therapeutic or side effect plasma dose between 

humans and fish (Huggett, et al. 2003). Despite some limitations, fish plasma modeling 

appears to have promise for prioritizing chemicals for future research, assessment, and 

monitoring (Brooks, et al. 2014; Caldwell, et al. 2014; Margiotta-Casaluci, et al. 2014; 

Valenti, et al. 2012). For example, our research team recently employed a fish plasma 

modeling approach to comparatively evaluate water quality hazards from 

pharmaceuticals to fish for effluent from a centralized WWTP and several on-site 
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wastewater-treatment technologies (Du, et al. 2014a). We further applied this approach to 

examine therapeutic water quality hazards of an effluent-dependent wadeable stream in 

Texas (Du, et al. 2014b). Thus, the approach extended to the present study appears to 

present a unique opportunity to diagnostically identify both pharmaceuticals (Caldwell, et 

al. 2014; Huggett, et al. 2003) and regions (Brooks, et al. 2014; Du, et al. 2014a) 

presenting relatively higher therapeutic water quality hazards to fish, which was recently 

identified as a major research need (Boxall, et al. 2012; Rudd, et al. 2014). 

 In the present study, we coupled this fish plasma modeling approach with field 

monitoring of pH variability and pharmaceutical occurrence to examine 1) whether 

therapeutic hazards to fish existed within these urban coastal ecosystems and 2) whether 

therapeutic hazards differed within and among coastal locations (Figures 2.2 and 2.4) and 

seasons (Figures 2.3 and 2.5; Table 2.3). Spatial and temporal fluctuations in pH within 

study sites altered the probability of encountering pharmaceutical hazards to fish (Table 

2.3). However, such hazard predictions differed among chemicals. For example, 

measured water concentrations exceeded THVs for diltiazem in nearly every case, 

whereas diphenhydramine exceeded corresponding THVs less frequently but also in 

surface and bottom water of multiple study systems during lower flow periods (fall) and 

within Buffalo Bayou across seasons (Figures 2.2–2.5). Such observations in these 

coastal systems were similar to our previous observations in municipal effluent (Du, et al. 

2014a) and an effluent-dependent wadeable stream (Du, et al. 2014b). It is important to 

note, however, that this plasma modeling approach employed a safety factor (1000) 

previously recommended by Huggett et al. (Huggett, et al. 2003) and applied by other 

investigators (Fick, et al. 2010).  
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Whether this approach is protective across fish species as a function of surface 

water pH is unknown, particularly for estuarine and marine species for which 

experimental data are lacking (Brooks, et al. 2014). However, Valenti et al. (Valenti, et 

al. 2012) and Margiotta-Casaluci et al. (Margiotta-Casaluci, et al. 2014) recently 

provided laboratory support for plasma modeling for sertraline and fluoxetine, 

respectively, in the fathead minnow. Further, Nichols et al. advanced fish plasma 

modeling by developing a novel pH-dependent uptake model for diphenhydramine with 

the fathead minnow (Nichols, et al. 2015). 

Unfortunately, similar uptake modeling approaches are unavailable for estuarine 

or marine species. In the present study, measured plasma levels of diltiazem and 

diphenhydramine were significantly greater (p<0.05) than predicted with few exceptions. 

Here again, a comparative understanding of bioaccumulation of ionizable chemicals is 

poorly understood in estuarine fish. Recent observations reported by Connors et al. 

demonstrated that neither diltiazem nor diphenhydramine is transformed in vitro by 

rainbow trout (Connors, et al. 2013). If the estuarine fish evaluated in the present study 

also have limited capacity to biotransform these ionizable pharmaceuticals, then limited 

intrinsic clearance could partially explain differences between fish plasma model 

predictions and field observations. Future research is necessary to define interactive 

influences of pH and salinity on uptake and biotransformation of ionizable chemicals by 

estuarine and marine fish. Because environmental complexity influences bioavailability 

of many contaminants, Brooks et al. (Brooks, et al. 2009) recommended that internal 

tissue levels be included in field monitoring in addition to surface water and effluent 

sampling for pharmaceuticals. This approach is advantaged when assessing potential 
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hazards to aquatic life because plasma concentrations of drugs provide a measure of 

internal dose that can be more informative than surface water information (Brooks, et al. 

2009). Brown et al. (Brown, et al. 2007) provided perhaps the first account or 

pharmaceutical accumulation in plasma of freshwater fish. This research team extended 

such observations to report accumulation of the synthetic progestin levongestrol plasma 

to fish plasma levels higher than human therapeutic dose, following caged exposure to 

effluent discharges in Sweden (Brown et al. 2007). Prior to the present study, extending 

fish plasma modeling and THV approaches, which were derived from laboratory studies 

with freshwater fish (rainbow trout), to tidally influenced urban systems characterized by 

dynamic spatial and temporal variation in water chemistry had not previously been 

examined (Brown et al. 2007; Du, et al. 2015; Du, et al. 2014b; Fick, et al. 2010). In the 

present study, we observed several pharmaceuticals to accumulate in estuarine fish 

plasma, including the lipid regulator gemfibrozil, the antihistamine diphenhydramine, and 

the calcium channel blocker diltiazem. Though the scope of the present study could have 

sampled these urban estuaries more intensively, diltiazem approached and even exceeded 

human therapeutic dose (Cmax) levels in multiple fish species across multiple study 

locations (Table 2.1). The highest exceedances of human Cmax values were observed in 

plasma of channel catfish from the Guadalupe River during fall 2012 and in largemouth 

bass plasma from Buffalo Bayou during fall 2013 (Table 2.1). It is important to note that 

the present study only examined a small number of target analytes in several common 

species from a few study sites, and these molecules simply represent a microcosm of the 

exposome of chemicals within these and other fish species residing in urban coastal 

systems. These coastal systems are likely to be more strongly influenced by urbanization 
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and population growth in the future. Unfortunately, aquatic toxicology information for 

diltiazem and most pharmaceuticals related to therapeutic or side effect internal dosage is 

not understood in marine and estuarine organisms, but such field observations strongly 

suggest that potential adverse outcomes should be examined. In addition, development of 

robust environmental fate and bioaccumulation models is necessary for ionizable 

contaminants, particularly for application in urbanizing coastal systems.  
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CHAPTER THREE 

 

Spatial and Temporal Influence of Onsite Wastewater Treatment Systems, Centralized 

Effluent Discharge, and Tides on Aquatic Hazards of Nutrients, Bacteria, and 

Pharmaceuticals in a Coastal Bayou 

 

This chapter is published as: Scott WC, Breed CS, Haddad SP, Burket SR, Saari GN, 

Pearce PJ, Chambliss CK, Brooks BW. 2019. Spatial and temporal influence of onsite 

wastewater treatment systems, centralized effluent discharge, and tides on aquatic 

hazards of nutrients, indicator bacteria, and pharmaceuticals in a coastal bayou. Science 

of The Total Environment. 650:354-64. 

 

Introduction 

Approximately 50% of the global population resides within 150 kilometers of a 

coastline (Cohen, et al. 1997). As a result of a growing and aging human population, 

water resource management is increasingly recognized as a major challenge in these 

rapidly urbanizing coastal regions (Li 2003; Martínez, et al. 2007; Small and Nicholls 

2003). Estuaries are dynamic transitions between coastal and freshwater habitats that can 

experience spatial and temporal variability in water chemistry parameters such as salinity, 

temperature, dissolved oxygen, and pH (Beck and Bruland 2000; Hubertz and Cahoon 

1999; Nelson, et al. 1994; Pritchard 1967). Because of this innate variability, contaminant 

exposures to aquatic life are particularly complex, especially for ionizable contaminants 

in urbanized coastal regions (Brooks, et al. 2011; Mikes and Trapp 2010; Nakamura, et 

al. 2008; Orvos, et al. 2002; Valenti, et al. 2011). Such conditions are particularly 

relevant in Texas, USA, which is expected to double in population over the next 50 years, 

in addition to surface water flows that are increasingly dominated and even dependent on 

wastewater treatment plant (WWTP) effluent discharge (Brooks, et al. 2006; Rice, et al. 
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2013). Effluent dominated rivers and streams carry diverse aquatic contaminants 

including nutrients, human pathogens, industrial waste, and contaminants of historical 

and emerging concern to coastal systems (Valenti, et al. 2011). Urbanized tidally 

influenced rivers are thus coastal mixing zones for anthropogenic contaminants from both 

point and nonpoint sources because of high human population density, close proximity to 

impervious surfaces, and the prevalence of residential and commercial development 

(Quigg, et al. 2009).  

Dickinson Bayou is a small urban watershed located within Galveston County, 

Texas, USA, that frequently experiences water quality impairment. This bayou receives 

inflow from 12 major tributaries and flows to Dickinson Bay and then finally to 

Galveston Bay, which is home to one of the most important commercial fisheries and 

ports in the western Gulf of Mexico. Over the last few decades, the watershed has 

urbanized extensively from residential and commercial expansion and agricultural 

development (Quigg, et al. 2009; USGS 1998). Nutrient enrichment from both point and 

nonpoint sources of agriculture and other urban activities are recognized as major sources 

of nitrogen and phosphorus to aquatic ecosystems (Carpenter, et al. 1998; Terrio 1995). 

Furthermore, seepage from on-site sewage facilities (OSSFs) is recognized as a 

significant and increasingly important source of nutrients and other down the drain 

contaminants to surface waters (Lapointe, et al. 1990; Schaider, et al. 2017). Within the 

Dickinson Bayou watershed, there is approximately 5000 OSSFs, which represents a 

microcosm of sub-watersheds in the Houston-Galveston region in which over 300,000 

OSSFs systems are located (Morrison, et al. 2013). It is estimated that 75% of these 5000 

estimated OSSFs exhibit some degree of failure throughout the year (Morrison, et al. 
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2013). Failing OSSFs are sources of not only nutrients, but all types of human fecal 

pathogens and contaminants of emerging concern, including active pharmaceutical 

ingredients (APIs) (Du, et al. 2014a; Morrison, et al. 2013; Schaider, et al. 2017).  

One major WWTP discharges to Dickinson Bayou approximately 5.6 miles (or 

9km) from the mouth of the bayou. WWTPs were designed to remove human waste, 

nutrients, and pathogens before discharging effluent to receiving waterbodies (USGS 

1998). Certain bacteria, such as Escherichia coli and Enterococci, are used as indicator 

species for determining whether surface waters are contaminated by animal or human 

waste, and can indicate the potential occurrence of other dangerous pathogens in surface 

waters (TCEQ, 2012). A report concluded E. coli levels in Dickinson Bayou have 

exceeded Texas water quality criteria levels considerably since 1996, and suggested that 

failing OSSFs in nearby residential areas were causing nonattainment (Morrison, et al. 

2013).   

Though WWTPs and OSSFs are major sources of anthropogenic waste in coastal 

systems, the occurrence and extent of APIs in marine and estuarine systems is poorly 

understood (Boxall, et al. 2012; Brooks, et al. 2009; Du, et al. 2014a; Rudd, et al. 2014; 

Schaider, et al. 2017). In rapidly urbanizing watersheds, in stream flows are increasingly 

reliant on WWTP effluent discharges (Brooks, et al. 2006). Currently, WWTP effluents 

are recognized as the primary source of APIs to aquatic systems; however, OSSFs service 

20% of the United States population (USA EPA 2005) and are often poorly maintained 

by landowners resulting in lower removal efficiencies and thus become pertinent sources 

of APIs to aquatic ecosystems (Du, et al. 2014a). For example, we recently observed on-

site septic systems to exhibit lower removal of APIs compared to other treatments 
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systems, including an advanced aerobic onsite system and a centralized municipal 

treatment plant (Du, et al. 2014a). Schaider et al identified that contaminants not well-

removed from OSSFs can serve as diagnostics to delineate the extent of OSSF impacts on 

surface water (Schaider, et al. 2017).  

Our previous research detected APIs in four tidally influenced rivers along the 

Texas Gulf Coast, including Dickinson Bayou (Scott, et al. 2016).  In the present study, 

we examined the spatial and temporal variability in occurrence and hazards of nutrients, 

bacteria indicators, pharmaceuticals, and effluent tracers in the tidally-influenced 

Dickinson Bayou. Occurrence of these contaminants were examined in relation to a 

point-source WWTP discharge, and as a function of season and tide across 12 

longitudinal sampling sites (Figure 3.1). We further investigated whether tidal variability 

in pH influenced hazard predictions for an ionizable pharmaceutical previously detected 

in fish plasma above human therapeutic dose levels in this region. Unionized molecules 

are more bioavailable due to the increased lipophilicity, and thus exhibit a greater 

propensity to cross cellular membranes (Hansch and Leo 1979; Henderson 1908; 

Hernandez and Rathinavelu 2006; Kwon 2001; Watkins, et al. 2010). As a result, site-

specific pH is capable of affecting aquatic hazards of ionizables (Scott, et al. 2016; 

Valenti et al. 2009). In fact, the U.S. Environmental Protection Agency (EPA) performs 

site-specific pH corrections for ammonia national ambient water quality criteria 

(NAWQC), which highlights the need for a better understanding of environmental risks 

of ionizable chemicals within spatiotemporally dynamic estuaries and coastal ecosystems 

(US EPA 1993a; US EPA 1993b; US EPA 1993c).  
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Figure 3.1: Sampling points within Dickinson Bayou, Galveston County, Texas, USA are 

designated by small light-colored circles, and denoted with a number ID. The wastewater 

treatment plant (WWTP) discharge is located at point 6 on the map. All sampling points 

to the left of point 6 were considered upstream of a WWTP, and all points located to the 

right of point 6 were considered downstream of the WWTP. 

 

Methods 

Sample collection 

Water samples for nutrient, pathogen, and pharmaceutical and effluent tracer 

analysis were collected at 12 locations along a longitudinal gradient within Dickinson 

Bayou (Figure 3.1). Of these 12 sampling points, 7 were located upstream of the WWTP 

discharge, one point directly at the WWTP effluent discharge to the bayou, and 4 points 

downstream of this discharge. When depth permitted (sites 1, 5, 9, 12, and 15), samples 
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were collected at the surface and bottom of the water column using a Van Dorn sampler. 

At sites 1, 5, 9 and 12, routine water chemistry parameters (e.g., pH, dissolved oxygen 

(DO), temperature, conductivity, salinity) were continuously monitored every 15 minutes 

during each sampling event using calibrated YSI datasondes. These sampling procedures 

generally followed TCEQ methodology (TCEQ 2012b; TCEQ 2012c).  

 

Water analysis for nutrients 

Water samples for total nitrogen, total phosphorous, and dissolved nitrogen and 

phosphorous were collected. Total nitrogen concentrations were determined using the 

sulfanilamide method on persulfate-digested samples (EPA 353.2). Total phosphorous 

concentrations were determined using the molybdate-blue method on persulfate-digested 

samples (EPA 365.1). Total nitrogen and phosphorous concentrations were measured 

colorimetrically with a Lachat Quickchem 8500 Flow Injection Autoanalyzer (Loveland, 

CO, USA) (U.S. EPA, 1993a; U.S. EPA, 1993b; U.S. EPA, 1993c). Nutrient 

observations, including nonionized ammonia, were then examined to identify potential 

exceedances of surface water quality criteria values. 

 

Water analysis for indicator bacteria of pathogens 

Water samples for E. coli and Enterococci enumeration were collected during 

each sampling event and transported to NOVA Biologicals, Inc. in Conroe, TX. E. coli 

enumeration followed the SM9223/Colilert method, while Enterococci enumeration was 

performed by utilizing Enterolert/ ASTM D6503-99 (APHA 2005; ASTM 2005). 

Observations were then compared to associated surface water quality criteria. 
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Water analysis for pharmaceuticals and effluent tracers 

Surface and bottom waters were sampled, pre-filtered and extracted for 

pharmaceutical and WWTP effluent tracers (e.g., sucralose) following methods 

previously reported by our laboratory (Du, et al. 2014a; Du, et al. 2014b). Target 

pharmaceutical and effluent tracer analytes included acetaminophen, caffeine, 

sulfamethoxazole, diphenhydramine, carbamazepine, diclofenac, erythromyocin, 

gemfibrozil, atenolol, trimethoprim, diltiazem, and sucralose. Target analytes were 

selected based on usage patterns, physiochemical properties, and previous studies by our 

research group identifying occurrence and potential surface water quality hazards to fish 

(Du, et al. 2014a; Du et al. 2014b) (Du, et al. 2014a; Du, et al. 2014b). All samples were 

analyzed using isotope dilution liquid chromatography tandem mass spectrometry (LC-

MS/MS) following a previously reported method.  Instrumental parameters, calibration 

methods, and method detection limits (MDLs) are specified in previous studies (Du, et al. 

2014a; Du et al. 2014b) (Du, et al. 2014a; Du, et al. 2014b).  

 

Pharmaceutical uptake modeling in fish 

Diltiazem (pKa: 7.7, logP: 4.73) measured concentrations in water were used for 

pharmaceutical uptake modeling as previously described by Berninger and colleagues, 

which was derived from a plasma bioconcentration model by Fitzsimmons et al 

(Berninger, et al. 2011; Dörwald 2012; Fitzsimmons, et al. 2001). Using a fish plasma 

modeling approach proposed by Huggett et al and modified by Berninger et al, we 

calculated a blood to water partitioning coefficient (PB:W), and then a therapeutic hazard 

value (THV) and therapeutic hazard ratio (THR) for diltiazem using the human 
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therapeutic dose (Cmax) (Berninger, et al. 2011; Huggett, et al. 2003). A THV and THR 

are thus defined as: 

 

THV = Cmax / LogPBlood:Water      (1) 

THR = [C]measured environmental/THV     (2) 

 

Pharmaceutical modeling methodology is further described by Brooks, et al. 

(2014), Scott et al. (2016), and others (Brooks, et al. 2014; Daughton and Brooks 2011; 

Escher et al. 2000; Fick, et al. 2010; Manallack 2007; Valenti, et al. 2012). 

 

Statistical analyses 

Results were statistically analyzed using Sigma Plot (Systat Software, San Jose, 

CA). Water chemistry was compared using a two-way analysis of variance (ANOVA) to 

examine the differences by month (Winter vs Summer) position relative to the WWTP 

(e.g., upstream vs downstream). Water chemistry at site 5 was compared using a two-way 

ANOVA, with the factors being month and depth. To explore interactions of month, tide, 

and position on contaminant levels (nutrients, pathogens, pharmaceuticals, effluent 

tracers) in relation to the WWTP discharge, we employed a three-way ANOVA 

(Townend 2013). Likewise, interactions of month, depth, and tide on THR predictions at 

site 5 were compared using three-way ANOVA. The Sidak-Holm step down test was 

used for pairwise comparisons following two- and three-way ANOVA (Holm 1979). 
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Results 

Routine water chemistry parameters 

Water chemistry varied longitudinally within Dickinson Bayou throughout this 

study (Figure 3.2). When comparing water chemistry between the two sampling seasons, 

salinity was significantly higher in Winter compared to Summer. Median pH in 

Dickinson Bayou was significantly greater in Winter compared to Summer, after 

accounting for positioning upstream or downstream from the discharge (p<0.001). In a 

comparison between upstream and downstream sampling locations, salinity was 

significantly higher in sites located downstream of the WWTP discharge (p<0.01). 

Salinity at site 5 (the site located just downstream from the discharge) was higher in 

bottom water compared to surface water (p<0.001). pH was significantly higher in 

downstream locations compared to upstream sites (p<0.01). Further, pH at site 5 (the 

location closest to the WWTP discharge, and where common water chemistry parameters 

were measured continuously for surface and bottom water) was significantly higher in 

surface water (p<0.001).  

 

Nutrient occurrence 

A comparison of total (nitrogen and phosphorous) and dissolved nutrients 

(phosphate, nitrite/nitrate, and ammonia) revealed differences both spatially and 

temporally within Dickinson Bayou (Table 3.1). Total nitrogen levels were higher in 

Winter samples, while total phosphorous concentrations demonstrated no significant 

spatial or temporal differences (p<0.05). Phosphate was significantly higher in samples 

located downstream of the WWTP discharge, after allowing for the effects of differences 

by month and with tide (p<0.05). During Winter, nitrite/nitrate levels were higher in 
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downstream samples, but did not differ significantly in Summer. The seasonal differences 

in nitrite/nitrate concentrations varied with and distance from the WWTP discharge. 

Ammonia concentrations varied both spatially and temporally, exhibiting higher levels in 

Winter (relative to Summer) and in upstream samples (relative to downstream) (p<0.05). 

After controlling for the influence of month and tide, there were no significant 

differences in any nutrient parameters with depth (p=0.05). 
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Figure 3.2: Diel distributions of salinity (Plots A and B) and pH (Plots C and D) at four 

sampling locations within Dickinson Bayou, Galveston County, Texas, USA. Sites 1 and 

5 were located downstream of a wastewater treatment plant discharge (indicated by the 

vertical line in each plot), while sites 9 and 12 were located upstream. 
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Season Tide Depth Position 

Phosphate 

Phosphorous 

(µg/L) 

Nitrite/Nitrate 

Nitrogen 

  (µg/L) 

Total  

Nitrogen  

 (µg/L) 

Total  

Phosphorous 

  (µg/L) 

Ammonia 

Nitrogen 

 (µg/L) 

Winter Low Surface Upstream 14.6 (± 2.2) 5.2 (± 1.2) 631.5 (± 55.9) 377 (± 26.4) 130.4 (± 37.9) 

   Downstream 146.2 (± 26.3) 215.2 (± 45.6) 506.7 (± 34.2) 325.2 (± 54.8) 31.4 (± 16) 

 High Surface Upstream 94.9 (± 77.3) 119.5 (± 113.3) 756 (± 82.7) 503.8 (± 142.5) 193.2 (± 50.7) 

   Downstream 135.5 (± 25.4) 214.7 (± 52.5) 531.1 (± 78) 329.1 (± 28.5) 31.3 (± 8.3) 

Summer Low Surface Upstream 96.5 (± 18.4) 79.5 (± 11.4) 871.2 (± 28.9) 406.6 (± 172.1) 89.2 (± 23.2) 

   Downstream 135.2 (± 10.6) 56 (± 40) 953 (± 34.8) 503.5 (± 205.8) 42.2 (± 15.5) 

 High Surface Upstream 105.5 (± 11.9) 96.4 (± 17) 862.4 (± 41.6) 334.4 (± 107.8) 549.9 (± 516) 

   Downstream 142.5 (± 13.8) 48.2 (± 45.5) 792 (± 27.4) 270.2 (± 14.6) ND 

Winter Low Bottom Upstream 74.9 (± 38.4) 49.6 (± 13.5) 1135.3 (± 268.1) 175.6 (± 21.2) 219.9 (± 191.5) 

   Downstream 133.5 (± 4.5) 114.3 (± 105.6) 1022.5 (± 97.5) 1506 (± 1194) 38.9 (± 32.6) 

 High Bottom Upstream 99.4 (± 32.4) 59.9 (± 6.1) 860.6 (± 74.8) 512.3 (± 183.7) 112.3 (± 75) 

   Downstream 132 (± 7) 102.3 (± 100.6) 890.5 (± 49.5) 315.5 (± 37.5) 5.2 (± 0.2) 

Summer Low Bottom Upstream 20.8 (± 6.9) 49.7 (± 13.4) 1135.3 (± 268.1) 351.3 (± 93.5) 219.8 (± 191.6) 

   Downstream 110.4 (± 12.5) 114.3 (± 105.6) 1022.5 (± 97.5) 295.5 (± 17.5) 38.9 (± 32.6) 

 High Bottom Upstream 9.9 (± 2.9) 59.9 (± 6.1) 860.6 (± 74.8) 512.6 (± 183.5) 167.1 (± 88.8) 

   Downstream 255.5 (± 100.5) 102.3 (± 100.6) 890.5 (± 49.5) 315.5 (± 37.5) ND 

         

   
MDL: 1.8 0.92 9.01 11.42 3.32 

 

Table 3.1: Mean (±SE) concentrations of nutrients in water samples collected from sites located upstream (n=7) and downstream 

(n=4) of a wastewater treatment plant discharge during Winter and Summer 2014 from Dickinson Bayou, Galveston County, Texas, 

USA. ND: Not Detected; MDL: Method Detection Limit. 
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Pathogen occurrence 

A comparison of pathogen occurrence in Dickinson Bayou revealed that E. coli 

levels did not vary significantly between Winter and Summer, or between high and low 

tide (p=0.05). However, upstream samples had significantly higher levels of E. coli than 

samples located downstream of the WWTP discharge (Figure 3.3 and Table 3.2). Similar 

trends were observed with Enterococci levels (Figure 3.3 and Table 3.2), which also 

exhibited higher levels in Summer compared to Winter (p<0.05). After controlling for the 

influence of month and tide, there were no significant differences in E. coli or 

Enterococci levels with depth (p>0.05). 

Season Tide Depth Position 

E. Coli 

MPN/100 mL 

Enterococci 

MPN/100 mL 

Winter Low Surface Upstream 236.6 (± 105.4) 394.8 (± 134.5) 
   

Downstream 26.7 (± 1.1) 30.5 (± 4.5) 
 High Surface Upstream 191.7 (± 85.1) 463 (± 203.5) 
   

Downstream 44.9 (± 14.6) 54.3 (± 21) 

Summer Low Surface Upstream 128 (± 38.8) 991.7 (± 328.4) 
   

Downstream 19.4 (± 10.9) 275.4 (± 126.2) 
 High Surface Upstream 70 (± 20.9) 395.1 (± 167.2) 
   

Downstream 18.6 (± 7.1) 283.7 (± 233.5) 

Winter Low Bottom Upstream 398.1 (± 224.9) 767.1 (± 301.7) 
   

Downstream 61.9 (± 10.7) 65.4 (± 5.9) 
 High Bottom Upstream 253.4 (± 165.4) 566 (± 338) 
   

Downstream 78.2 (± 21.5) 89.1 (± 51.9) 

Summer Low Bottom Upstream 99.1 (± 40) 1037.6 (± 244.2) 
   

Downstream 29.8 (± 11.5) 400.4 (± 326.6) 
 High Bottom Upstream 250.3 (± 120.2) 223.5 (± 0) 
   

Downstream 24.4 (± 18.1) 479 (± 68.4) 

 

Table 3.2: Mean (±SE) levels of E. coli and Enterococci (reported in most probable 

number or MPN/100mL) in water samples collected upstream (n=7) and downstream 

(n=4) of a wastewater treatment plant discharge during Winter and Summer 2014 in 

Dickinson Bayou, Galveston County, Texas, USA. 
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Figure 3.3: Distance from a wastewater treatment plant discharge versus the percent 

exceedance of Texas Commission on Environmental Quality (TCEQ) criteria for E. coli 

(Plots A and B) and Enterococci (Plots C and D) in Dickinson Bayou, Galveston County, 

Texas, USA. The “% Exceedance” is based on the value of E. coli or Enterococci 

measured in a sample relative to the TCEQ criteria of 206 MPN/100 mL, and the value of 

Enterococci measured relative to the TCEQ criteria of 54 MPN/100 mL, respectively. 

The horizontal reference line (▬) in each plot corresponds to 100% of the TCEQ water 

quality criteria value for either E. coli or Enterococci. 

 

Pharmaceutical and effluent tracer occurrence 

Sucralose, an artificial sweetener and ideal wastewater effluent tracer, displayed 

similar occurrence patterns as nitrate/nitrite with the highest concentrations being 

detected at the WWTP discharge (Figure 3.4). Interestingly, sucralose and bacteria levels 

were inversely related: highest levels of E. coli and Enterococci were detected at 

sampling locations with lowest concentrations of sucralose (Figure 3.5). We also 

examined several pharmaceuticals and effluent tracers in Dickinson Bayou across both 



56 

 

spatial (upstream vs downstream, and surface vs bottom depth) and temporal (Winter vs 

Summer) scales (Figure 3.6 and Table 3.3). Sucralose was higher in Winter, after 

allowing for the effects of differences in tide and position (positioning upstream or 

downstream of the WWTP) (p<0.001). Likewise, downstream samples had significantly 

higher concentrations of sucralose, after allowing for effects of differences in season and 

tide (p<0.001). Like sucralose, caffeine was detected at significantly higher 

concentrations in Winter compared to Summer (p<0.001). Positional (upstream vs 

downstream) differences in carbamazepine were dependent on season. Downstream 

carbamazepine concentrations were higher in Winter, while there were no significant 

differences between upstream and downstream sites during Summer (p<0.05). Three 

pharmaceuticals, acetaminophen, diltiazem, and diclofenac, were not consistently 

detected to support a 3-way ANOVA. However, diltiazem was detected in 20 total 

surface samples, 12 downstream samples (only 4 > MDL), all 4 samples taken from the 

WWTP discharge (only 3 > MDL), and 4 upstream samples (1 > MDL). After controlling 

for the influence of month and tide, there were no significant differences in sucralose, 

caffeine, or carbamazepine concentrations with depth (p=0.05). Acetaminophen was 

exceeded MDL only in 3/44 upstream samples, while sucralose, caffeine, and 

carbamazepine were detected in every sample collected. Diclofenac was only detected in 

January samples from WWTP effluent and in one sample downstream of the WWTP. 

Diltiazem was detected in 3/4 WWTP samples, but only 2/44 upstream samples.  
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Figure 3.4: Distance from a wastewater treatment plant (WWTP) discharge versus the 

concentration of sucralose for Winter (A) and Summer (B) of 2014 in Dickinson Bayou, 

Galveston County, Texas, USA. A linear regression of sucralose concentrations (ng/L) vs 

nitrate/nitrite concentrations (µg/L) for Winter (C) and Summer (D) of 2014 in Dickinson 

Bayou, Galveston County, Texas, USA. Filled circles (●) represent low tide 

concentrations and open circles represent high tide concentrations (○). The vertical 

reference line in Plots A and B indicate location of the WWTP. In Plots C and D, the 

solid line (▬) represent the low tide linear regression line, and dotted lines () 

represent the high tide linear regression line. 
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Figure 3.5: Sucralose concentrations (ng/L) vs E. coli (Plots A and B) and Enterococci 

levels (Plots C and D) for Winter and Summer of 2014 in Dickinson Bayou, Galveston 

County, Texas, USA. Filled circles (●) represent low tide concentrations, open circles 

represent high tide concentrations (○), solid lines (▬) represent the low tide linear 

regression line, and dotted lines () represent the high tide linear regression line. 
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Figure 3.6: Mean concentrations (±SE) of target pharmaceuticals and effluent tracers 

(acetaminophen, sucralose, diltiazem, caffeine, carbamazepine) for Winter (A) and 

Summer (B) of 2014 in Dickinson Bayou, Galveston County, Texas, USA. Mean 

concentrations were calculated for samples collected at the WWTP (n=2), downstream of 

a wastewater treatment plant (WWTP) (n=8), and upstream of the WWTP (n=14). 
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Season Tide Depth Position Sucralose (ng/L) CAF (ng/L) CBZ (ng/L) 

Winter Low Surface Upstream 127.4 (± 10.6) 26 (± 3.7) 2.8 (± 0.2) 
   

Downstream 420 (± 127) 36.5 (± 5.2) 14.9 (± 6.3) 
 High Surface Upstream 132.8 (± 9.6) 25.8 (± 2.1) 2.9 (± 0.2) 
   

Downstream 307.5 (± 24.9) 35.5 (± 4) 10.1 (± 1.1) 

Summer Low Surface Upstream 53.2 (± 3.8) 42.4 (± 5) 3.6 (± 1.8) 
   

Downstream 197.5 (± 8.5) 42.5 (± 2.1) 3.3 (± 0.3) 
 High Surface Upstream 85 (± 10.7) 38.2 (± 5.1) 2.1 (± 0.2) 
   

Downstream 215 (± 20.2) 42.7 (± 1.4) 4.8 (± 0.6) 

Winter Low Bottom Upstream 223.3 (± 16.6) 44 (± 7.5) 5 (± 0.4) 
   

Downstream 595 (± 85) 50.5 (± 0.5) 15.6 (± 4.4) 
 High Bottom Upstream 220 (± 30.5) 38.6 (± 4.8) 7.8 (± 2) 
   

Downstream 580 (± 40) 66 (± 8) 16.6 (± 1.6) 

Summer Low Bottom Upstream 59.6 (± 4.9) 42.3 (± 2.6) 1.7 (± 0) 
   

Downstream 210 (± 50) 50.5 (± 7.5) 4 (± 0.2) 
 High Bottom Upstream 104 (± 8.3) 35.3 (± 7.1) 2.4 (± 0.3) 
   

Downstream 200 (± 40) 41.5 (± 0.5) 4.8 (± 0.9) 

       
   MDL: 2.62 4.43 0.27 

 

Table 3.3: Mean (±SE) concentrations of select detected human pharmaceuticals and 

effluent tracers in water samples collected upstream (n=7) and downstream (n=4) of a 

wastewater treatment plant discharge during Winter and Summer 2014 in Dickinson 

Bayou, Galveston County, Texas, USA. CAF: caffeine; CBZ: carbamazepine; MDL: 

method detection limit. 

 

Spatiotemporal influences on predicted Therapeutic Hazard Values to fish 

While there were not enough detections of diltiazem above the MDL to allow for 

spatial and temporal comparisons between sampling sites, diltiazem was consistently 

detected at site 5 and directly downstream of the WWTP. This site, which is located <200 

meters downstream from the discharge (Figure 3.1), also was the sampling location 

where water chemistry was continuously monitored at surface and bottom of the water 

column. All but one detection of diltiazem at site 5 during Winter exceeded the MDL, 

while no detections exceeded the MDL in Summer. To compare the predicted hazards of 

diltiazem at this site, we used pH measurements to derive a THR for surface and bottom 
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water during high and low tide (a value of ½ the MDL was used for <MDL and NDs). 

This method resulted in approximately 96 calculated THRs per sampling period (pH 

measurement taken every 15 minutes over each 24 hour sampling period). We observed 

that mean THRs for diltiazem were significantly greater in Winter compared to Summer, 

suggesting higher hazards for Winter at site 5 (Figure 3.7). There was a significant 

interactive effect of month, depth, and tide on diltiazem THRs at site 5. Within Winter 

predictions, surface water THRs were significantly higher than bottom water, and high 

tide THRs were greater than low tide (P <0.001). The difference in mean THR values 

between high and low tide, and between  surface and bottom water, during Summer, was 

not statistically significant (p>0.05). 
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Figure 3.7: Probability distributions of Therapeutic Hazard Ratios (THRs) for diltiazem 

for Winter (A) and Summer (B) of 2014 in Dickinson Bayou, Galveston County, Texas, 

USA. THRs were ranked using the Weibull equation, and a THR > 1 indicates that the 

measured concentrations of diltiazem are exceeding their respective therapeutic hazard 

value (THV). Filled circles represent near surface water THRs (●), open circles represent 

bottom water THRs (○), filled triangles represent near surface water THRs (▼), and open 

triangles represent bottom water THRs (∇).  



63 

 

Discussion 

With an increasing global human population, associated landscape modifications, 

and demand for foods, inputs of anthropogenic contaminants, including nutrients, to 

surface waters will continue to increase in a number of regions (Nixon, et al. 1986; Terrio 

1995). Anthropogenic activity can lead to increased nutrient levels for several reasons, 

such as human waste disposal, fertilizer application, phosphorous in detergents, and 

livestock waste (Allan, et al. 1997; Karr and Dudley 1981; Lapointe, et al. 1990; Peeler, 

et al. 2006). From a regulatory perspective, point sources should be less complex to 

monitor and manage (Carpenter, et al. 1998; USGS 1998). Nonpoint inputs of nutrients 

are difficult to measure and regulate because they derive from activities dispersed over 

wide areas of land and are variable in time due to effects of weather (Carpenter, et al. 

1998; USGS 1998). Wastewater influent obviously contains elevated levels of nitrogen 

and phosphorus from diverse sources (Du, et al. 2014a; Maruya, et al. 2012; Ort, et al. 

2014; Rice, et al. 2013; Swartz, et al. 2006; USA EPA 2005). However, removal 

efficiencies technologies for a given treatment technology will determine how effectively 

it can remove these nutrients (Rice, et al. 2013; Du, et al. 2014a; US EPA 2005). In the 

present study, spatial and temporal trends in nutrient occurrence varied by nutrient 

species. Nonpoint sources are typically responsible for most of the phosphorous 

enrichment in lakes and rivers, with much originating from agricultural and urban runoff, 

but also OSSF seepage (MPCA 2008). However, we observed the opposite trend in the 

present study where phosphate levels were highest in samples collected from the WWTP 

discharge and higher in samples located downstream of the WWTP discharge, suggesting 

that the centralized discharge is the primary source for phosphorous in Dickinson Bayou. 
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During Winter, nitrate/nitrite were significantly higher in downstream samples, and like 

phosphorous, appeared to be a result of loading from the WWTP effluent. Effective 

wastewater treatment typically converts ammonia to nitrate (Carpenter, et al. 1998). 

Interestingly, ammonia was detected at higher concentrations in upstream samples, 

suggesting significant upstream sources where high densities of OSSFs are located.  

Previous research from our group demonstrated that effluent from OSSFs released 

significantly higher ammonia levels than discharge from a WWTP (Du, et al. 2014a). The 

widespread occurrence of ammonia located in samples collected upstream of the WWTP 

in Dickinson Bayou may originate from any of the ~5000 OSSFs, if they are 

malfunctioning and not effectively treating sewage. Ammonia is also a model weak base 

with a pKa of 9.2. As a result, surface water pH influences ammonia bioavailability. 

USEPA accounts for differences in pH variability by integrating adjustment factors 

empirically-derived from pH-dependent toxicity data (US EPA, 2009; US EPA, 2013) 

(US EPA 1993b; US EPA 1993c). During the present study, ammonia levels exceeded 

EPA criterion maximum concentrations (CMC) in one summer sample collected at an 

upstream from the WWTP discharge near Interstate Highway 45.  

 Small, slow-flowing coastal bayous like Dickinson Bayou are particularly 

susceptible to anthropogenic contamination because of low flushing rates (Quigg, et al. 

2009; USGS 1998). In 2006, the Houston-Galveston Area Council reported that E. coli 

levels were increasing in Texas tidal segments (HGAC 2006). These elevated bacteria 

levels in Dickinson Bayou are likely the result of several potential sources including 

WWTP discharge, pasture lands and agricultural waste, storm water runoff, and failing 

OSSFs (Quigg, et al. 2009; Schaider, et al. 2017). Similar to the ammonia trends 
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observed, E. coli and Enterococci were detected at higher concentrations in samples 

collected upstream of the WWTP discharge. Further, E. coli exceeded TCEQ criteria only 

in upstream samples. Enterococci levels exceeded TCEQ criteria in 90% of all samples 

collected (61/68), but to a much higher degree at upstream study locations associated 

with high densities of OSSFs. Our results demonstrate that bacteria levels in Dickinson 

Bayou increased steadily, and in some cases dramatically, as one moves upstream.  

 Whereas WWTPs treat a large volume of domestic and industrial wastewater 

from a community, OSSFs are used to manage relatively smaller volumes of wastewater, 

typically from a single household (Schaider, et al. 2017; USA EPA 2005). OSSFs are 

routinely employed for on-site wastewater treatment and management by local 

environmental public health districts in the USA, but it is estimated that at least 20% of 

OSSFs malfunction in the USA (Schaider, et al. 2017; USA EPA 2005). For example, 

OSSF failure has recently been linked to increased hookworm incidence in rural Alabama  

(Otto, Cort, and Keller 1931). Much like WWTPs, if an OSSF malfunctions, it can 

discharge human waste, household chemicals, and waterborne pathogens to groundwater 

and surface water which can degrade water quality and affect aquatic life (Meredith-

Williams, et al. 2012; FDA 2009). In addition to more traditional contaminants, APIs and 

personal care products have been detected in groundwater in areas where OSSFs are used 

heavily (Conn, et al. 2010; Godfrey, Woessner, and Benotti 2007; Schaider, et al. 2017; 

Swartz, et al. 2006). Guyader et al suggested that OSSF seepage from adjacent 

households increase loading of biologically-active organic contaminants to Minnesota 

Lakes (Guyader, et al. 2018). We recently reported significant differences in percent 

removal of some pharmaceuticals between effluent from OSSFs and a WWTP (Du, et al. 
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2014a). Specifically, Du et al demonstrated that caffeine removal displayed a significant 

difference between treatment system types, while sucralose did not, further reinforcing 

the utility of sucralose as an anthropogenic tracer (Du, et al. 2014a; Soh, et al. 2011). 

Because nutrients, pathogens, and target APIs and effluent tracers were detected 

throughout Dickinson Bayou, both upstream and downstream of the WWTP, OSSFs are a 

potential source of these contaminants. Such observations may support future efforts to 

restore water quality in Dickinson Bayou, which has historically experienced high 

nutrient and pathogen levels and depressed dissolved oxygen.  

 Though pharmaceutical occurrence in the environment has been a growing area of 

research in recent years, there remains a limited mechanistic understanding of the 

potential ecological risks of many pharmaceuticals (Brooks et al. 2009; Boxall, et al. 

2012; Ankley, et al. 2007). Brooks introduced and examined the utility of THVs as 

diagnostic tools for identifying surface water and effluent concentrations of drugs that are 

predicted to result in fish plasma levels equaling human therapeutic doses (Cmax) 

(Brooks, et al. 2014). Previously, Scott et al applied this approach to a field study of four 

tidally influenced estuaries in Texas, including Dickinson Bayou, and observed diltiazem 

bioaccumulating in fish plasma at levels approaching and evening exceeding human 

therapeutic doses (Scott, et al. 2016). Human pharmacological targets (e.g., receptors, 

enzymes) are conserved among aquatic vertebrates (Gunnarsson, et al. 2008; McRobb, et 

al. 2014), and as a result, adverse outcomes associated with pharmacological mechanisms 

of action can present risks to aquatic life (Berninger and Brooks 2010; Brain, et al. 2008; 

Fick, et al. 2010; Guyader, et al. 2018; LaLone, et al. 2014; Valenti, et al. 2012). In the 

present study, we utilized a plasma-modeling-based approach to explore spatial and 
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temporal variability in predicted hazards for diltiazem. In tidally influenced urban 

systems like Dickinson Bayou, pH may vary across several spatial and temporal scales: 

surface-to-bottom, longitudinally, daily, seasonally, and potentially tidally. With the 

WWTP serving as the primary source of diltiazem in Dickinson Bayou (we only detected 

diltiazem in 2/44 upstream samples), we focused our predictive efforts on sampling site 5 

(located 0.11 miles downstream of the WWTP discharge). At sampling site 5, all but one 

detection of diltiazem during Winter exceeded the MDL, while no detections exceeded 

the MDL in Summer. In winter samples, diltiazem concentrations were higher in surface 

water, while bottom water concentrations were consistently below the MDL with 

elevated salinity. Likewise, pH was higher in surface water throughout the study at site 5.  

Higher concentrations of diltiazem, a model weak base API, in surface water were 

exacerbated by higher surface water pH, resulting in stark differences in THRs. Figure 

3.7 highlights the importance of site-specific pH in hazard assessments of ionizables, 

because while there were no significant differences in diltiazem occurrence in Summer 

(at site 5), there were significant differences in predicted THRs. Because of this spatial 

variability with depth, diltiazem bioavailability can vary considerably even at a single 

geographic point (site 5) within Dickinson Bayou, as evidenced by THRs ranging 25-

fold. In the state of Texas, near-surface water (0.3m depth) is considered representative of 

the water mass in all water-body types (TCEQ 2012b; TCEQ 2012c). However, it has 

long been understood that thermoclines and chemoclines lead to variability in vertical 

biological, physical, and chemical parameters (Wetzel 2001). Despite the evidence of 

haloclines within estuarine systems, there is limited attention given to understanding how 
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vertical environmental gradients affect water quality, particularly for CECs in urban 

coastal water bodies (Gaw, et al. 2014). 

 In addition to water quality criteria exceedances by pathogens, segments of 

Dickinson Bayou have historically exceeded water quality criteria for ammonia and 

dissolved oxygen (Quigg, et al. 2009; USGS 1998). During our study, dissolved oxygen 

remained relatively high throughout the study, with the exception of bottom water at Site 

5 during the Winter sampling event. At site 5 during Winter, surface water dissolved 

oxygen levels never fell below the daily mean or minimum levels based on designated 

aquatic life uses as described by the TCEQ. However, bottom water at this location 

during Winter fell below daily mean and minimum criteria 50% and 29% respectively 

over the 24-hour sampling period (Table 3.4). Such observations of depressed dissolved 

oxygen would not have been possible during routine water quality monitoring, which 

include near-surface conditions, and suggests that vertical water quality hazards and 

impairment determinations should receive future attention in dynamic urban coastal 

systems.  
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Dissolved Oxygen Criteria 

(mg/L) 
Percent Below Criteria 

Sampling 

Period 
Site Depth Daily Mean Daily Minimum 

Daily 

Mean 

Daily 

Minimum 

Winter Site 1 Surface 4 3 0% 0% 

 Site 5 Surface 4 3 0% 0% 

 Site 5 Bottom 4 3 50% 29% 

 Site 9 Surface 4 3 1% 0% 

 Site 12 Surface 4 3 0% 0% 

Summer Site 1 Surface 4 3 0% 0% 

 Site 5 Surface 4 3 0% 0% 

 Site 5 Bottom 4 3 0% 0% 
 Site 9 Surface 4 3 6% 2% 

 Site 12 Surface 4 3 0% 0% 

 

Table 3.4: Site-specific daily mean and minimum dissolved oxygen criteria exceedances 

for Dickinson Bayou, Galveston County, Texas, USA. Daily mean and minimum water 

quality criteria are based on designated Aquatic Life Uses as described by the Texas 

Commission on Environmental Quality for surface water samples (0.3 m from surface). 

This table includes the probability of exceeding dissolved oxygen criteria over a 24-hour 

deployment (n=96) during each sampling period for both surface and bottom waters. 

 

When resources are scarce, routine water quality assessments typically focus on 

near-surface water sampling (0.3 m depth) during prioritized times of the year (e.g., low 

precipitation, low instream flow, and reduced effluent dilution) historically intended to 

capture worst case scenarios. For example, the TCEQ currently only samples for aquatic 

contaminants during the “critical monitoring period” of late summer-early fall, based on 

the assumption that rainfall and instream dilution are expected to be lowest (TCEQ 

2012b; TCEQ 2012c). Because July falls within the “critical monitoring period”, we 

expected our summer sampling trip to have less instream dilution of WWTP effluent, and 

as a result, higher water concentrations and associated risks of targeted contaminants and 

other water quality parameters. Unexpectedly, predicted therapeutic hazards for diltiazem 

were higher in Winter than for Summer. Within those Winter predictions, THRs for 

diltiazem were higher in surface water (compared to bottom water), and higher during 
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high tide (compared to low tide). While there was a tidal effect on diltiazem predicted 

hazards, the overall occurrence of aquatic contaminants in Dickinson Bayou did not 

appear to vary with tide. Tidal data from a nearby NOAA (National Oceanic and 

Atmospheric Administration) station show that the difference in ocean water level was 

less than 12 cm between January and July 2014. These findings suggest that pH 

influences predicted therapeutic hazards of weak base pharmaceuticals to a much greater 

degree than any tidal influence on water concentrations. 

During 2014, the estimated monthly total rainfall for Galveston County in January 

was less than a cm higher than in July. However, estimated rainfall in some regions of the 

greater Houston area (which encompasses Galveston County) were 6-fold higher in July 

compared to January 2014. Figure 3.2 demonstrates that salinity in this study was higher 

during Winter, particularly at Site 9. Considering the difference in Gulf water level was 

less than 12 cm between January and July 2014, and the fact that heavy rainfall in the 

greater Houston area coincided with lower salinity in Dickinson Bayou during July, it 

appears that precipitation in the watershed, rather than strength of tide, influenced the 

relative extent of tide upstream in our study. Also, our sampling design covered 10.8 

miles of Dickinson Bayou, and thus does not allow resolution to dissect such small 12 cm 

tidal differences between January and July 2014. In this Gulf Coast estuarine system, the 

influence of seasonal differences in pH on contaminant bioavailability were demonstrated 

to influence ammonia and API exposure dynamics for aquatic life. Ammonia and 

indicator bacteria were significantly higher in upstream samples, while APIs and 

phosphate concentrations were highest at the WWTP discharge and downstream. This 

demonstrates the presence of substantial non-point sources of ammonia and bacteria in 
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the upper reaches of Dickinson Bayou, an area with high densities of OSSFs. From a 

management perspective, longitudinal surveillance and monitoring appear helpful in 

identifying areas under non-point source influence. Future research is necessary to 

understand influences of onsite system functions and influences on surface water quality 

in tidally influenced systems following extreme weather events, such as the recent 

Hurricane Harvey event that severely impacted the Houston-Galveston region for 

southeaster Texas, which includes over 300,000 OSSFs.    
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CHAPTER FOUR 

 

Influence of Salinity and pH on Bioconcentration of Ionizable Pharmaceuticals by the 

Gulf killifish, Fundulus grandis 

 

This chapter is published as: Scott WC, Haddad SP, Saari GN, Chambliss CK, Matson 

CW, Brooks BW. Influence of salinity and pH on bioconcentration of ionizable 

pharmaceuticals by the Gulf killifish, Fundulus grandis. Chemosphere 

 

Introduction 

 

Pharmaceuticals in the environment have been a focus of research for over a 

decade because they are designed to be biologically active, and routinely accumulate in 

field-collected organisms (Daughton and Jones-Lepp 2001; Daughton 2004; Kümmerer 

2010; Du, et al. 2014; Du, et al. 2016; Scott, et al. 2016; Haddad, et al. 2017). Though 

APIs are consistently detected in sewage, treated effluents, surface waters and aquatic 

organisms, particularly in regions influenced by urbanization, there remain important 

research questions regarding the accumulation and effects of these biologically active 

compounds (Boxall, et al. 2012; Rudd, et al. 2014). Because most pharmaceuticals are 

ionizable in surface waters, which influences bioavailability and toxicity to wildlife, a 

recent expert workshop identified, How can the uptake of ionizable pharmaceuticals and 

personal care products (PPCPs) into aquatic and terrestrial organisms and through food 

chains be predicted?, among the top research priorities necessary to understand risks of 

PPCPs in the environment (Boxall, et al. 2012).  

With urbanization and a growing and aging human population in some regions, 

chemical use, including pharmaceutical consumption, is continuing to increase and being 

concentrated in cities, which present challenges for sustainable water quality 
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management (Brooks 2018; Brooks and Conkle 2019). In fact, almost half of human 

populations live within 100 miles of a coastline, and people are choosing to live in cities 

more than ever before (Li 2003; Martínez, et al. 2007; Small and Nicholls, 2003). 

Instream flows to estuaries in arid and semi-arid and other regions of the world are often 

influenced by, and dominated or even dependent on reclaimed wastewater discharge 

(Brooks, et al. 2006). In these effluent-dominated and dependent systems, effective 

exposure duration to consumer products are increased because of limited instream 

dilution and continuous effluent introduction rates of down the drain chemicals routinely 

exceed instream degradation rates (Ankley, et al. 2007). Effluent-dominated systems are 

now recognized as important watersheds for management, particularly in the face of 

climate change (Luthy, et al. 2015). In addition to receiving discharges from urban areas, 

estuaries, an important interface among terrestrial, freshwater, and marine systems, 

experience substantial spatial and temporal fluctuations in physiochemical parameters, 

including salinity and pH (Beck and Bruland 2000; Hubertz and Cahoon 1999; Nelson, et 

al. 1994; Pritchard 1967; Scott, et al. 2019).  

Because of such inherent variability in water chemistry, combined with increasing 

concentration of chemical use and wastewater discharges, rapidly urbanizing estuaries 

represent unique opportunities to understand influences of physiochemical and urban 

gradients on emerging water quality challenges. In fact, we recently observed two 

ionizable base pharmaceuticals, the calcium channel blocker diltiazem and the 

antihistamine diphenhydramine, to accumulate in several species of fish residing in 

multiple urban estuaries along the Gulf of Mexico in Texas (Scott, et al. 2016). In plasma 

of wild-caught fish, diphenhydramine levels approached, while diltiazem levels 
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occasionally exceeded human therapeutic plasma dosage levels (Scott, et al. 2016). Such 

exceedances are recognized as an indicator of relatively high risk, where internal 

exposures to compounds with evolutionary conserved modes of action will likely result in 

adverse outcomes to aquatic life (Huggett, et al. 2003; Brooks 2014; Caldwell, et al. 

2014).  

Unfortunately, though bioaccumulation of APIs has received increasing attention 

since our initial reports of human pharmaceuticals accumulating in fish from an effluent-

dominated river (Brooks, et al. 2005; Ramirez, et al. 2007), there remains a poor 

understanding of pharmaceutical bioaccumulation in estuarine environments (Daughton 

and Brooks 2011; Maruya, et al. 2012; Alvarez, et al. 2014; Gaw, et al. 2014; Lazarus, et 

al. 2015; Du, et al. 2016; Meador, et al. 2016; Bean, et al. 2018). In addition to 

considering pH influences on bioavailability and bioaccumulation of ionizable 

contaminants in estuaries (Nichols, et al. 2015), salinity alters both the metabolic rate and 

the surface structure of the gill in fish, which can potentially influence chemical uptake 

and elimination (Copeland 1950; Laurent, et al. 2006; Nichols, et al. 2015; Scott, et al. 

2004a; Scott, et al. 2004b). Therefore, in the present study, we examined the relative 

influence of pH and salinity on bioconcentration of three pharmaceuticals in the Gulf 

killifish, Fundulus grandis. We specifically selected F. grandis for study because it is 

common euryhaline teleost in estuaries of the Gulf of Mexico (Harrington and Harrington 

1982).  
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Methods 

Fundulus grandis 

Adult F. grandis were collected using minnow traps from a previously-recognized 

reference population at Smith Point, near Galveston Bay, Texas (29º32′37.26″N, 94 º 

47′08.12″W; Oziolor, et al. 2016). These wild-caught fish were kept for over one 

month prior to the initiation of experiments. Prior to any experimental exposures, fish 

employed for the 20 ppt experiments (at both pH 8.3 and 6.7) were reared at 

approximately 17 ppt for at least 2 weeks prior to exposure. Prior to the 5 ppt uptake 

experiments, fish were then acclimated to approximately 7 ppt salinity over a two week 

period. This acclimation to 7 ppt was rapid initially (water was adjusted from ~17 ppt to 

~10 ppt over 48 hours), and then gradually lowered to 7 ppt over the remaining 12 days. 

We performed four discrete uptake experiments in which high or low pH levels (8.3 and 

6.7) were manipulated at one of two salinity levels (20 ppt and 5 ppt). The pH levels were 

chosen based on the high and low mean salinities observed in our previous studies of 

pharmaceutical accumulation and hazards in Texas Gulf Coast estuaries (Scott, et al. 

2016; 2019). Because F. grandis has an isosmotic point of 12 ppt (Fritz and Garside 

1974; Varsamos, et al. 2005) and 5 ppt to 20 ppt represent an ideal salinity range for 

survival and growth (Perschbacher, et al. 1990; Patterson, et al. 2012), we chose 20 ppt 

and 5 ppt salinity treatment levels.  

 

Fundulus grandis Experiments 

For this study, experimental methods generally followed those we have 

previously reported (Nichols, et al. 2015). Adjustments to pH 6.7 and pH 8.3 were 

accomplished by titrating with hydrochloric acid and sodium hydroxide, respectively, 
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following USEPA recommendations (US EPA 1991). To initiate each experiment, a 

stock solution containing a mixture of carbamazepine, diltiazem, and diphenhydramine, 

was added to each treatment unit to achieve nominal concentrations of 10 µg/L, 1 µg/L, 

and 10 µg/L, respectively. Carbamazepine, diltiazem hydrochloride, and 

diphenhydramine hydrochloride were purchased from Sigma-Aldrich (St. Louis, MO, 

USA). We selected these substances because diltiazem and diphenhydramine are 

common contaminants in surface waters (Kristofco, et al. 2017; Saari, et al. 2017) with 

pKa values (7.7 and 8.9 respectively; Bonferoni, et al. 2000; Shaleva, et al. 2008) 

indicating pH influences on ionization across estuarine conditions. The pKa is an integral 

aspect of drug research and development, because it influences the rate of absorption 

through body compartments possessing different pH values (Manallack 

2007).Carbamazepine is also a common contaminant in urban systems we anticipated 

would not be appreciably influenced by pH given its higher pKa (13.9). Glass aquaria 

were used as experimental units (e.g., 20 L aquaria) with a water volume of 15 L each.  

The positions of each experimental unit were randomized and maintained in an 

environmental chamber at 25ºC on a 16:8 light:dark cycle. Within the semi-flow through 

experimental system, water flow was adjusted to a constant flow without creating current, 

and an hourly recirculating renewal rate of 2X per hour (30 L/h) was targeted for each 

experimental unit. Three water renewals were conducted daily (every 8 hours) to 

maintain water quality, and consistency of the chemical exposure concentration.   

Four F. grandis (n=4) were added to each of three replicate experimental units 

(N=3), in each of the experimental systems. Within each experiment, exposures to a 

sublethal mixture of carbamazepine, diltiazem, and diphenhydramine were conducted 
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with exposure durations of 1, 3, 6, 12, 24, and 48 hours, with staggered starting times due 

to experimental system setup. At each time point, triplicate experimental units (N=3) 

were sampled such that all four fish from an experimental unit were removed, 

anesthetized/euthanized, and pooled for analytical measures (Nichols, et al. 2015).  

Control fish were exposed for the entire 48 hours. To ensure that fish were exposed to 

common concentrations, pharmaceutical levels in each aquaria were analytically verified 

at each time point in relation to water renewals according to previously published 

methods by our research group (Haddad, et al. 2018; Du, et al. 2016; Du, et al. 2014). 

Following an approved Institutional Animal Care and Use Committee protocol, fish were 

anesthetized with tricaine methane sulfonate (MS-222), weighed, and measured to obtain 

total length. Blood was then collected from the caudal artery using heparinized micro-

hematocrit capillary tubes (StatSpin, Brea, CA, USA). Plasma and tissue from all fish 

within each aquarium were pooled, resulting in 3 pooled replicate samples (N=3) for each 

exposure duration. Plasma was separated in a gel barrier microtube (StatSpin, Brea, CA, 

USA), centrifuged at 3000 x g (4°C) for 20 min, and stored immediately at -80°C. 

Analytical methods for water, blood plasma, and tissue analyses followed recent 

experimental methods from our research team (Haddad, et al. 2018; Du, et al. 2016; Du, 

et al. 2014).  

 

BCFs, Blood:Water Partitioning Coefficients, and Volume of Distribution 

For each experiment, mean data from 24 and 48 hours were used to calculate 

bioconcentration factors (BCF), blood:water partition coefficients (PBW), and apparent 

volumes of distribution (VD) (Nichols, et al. 2015). Tissue BCFs were calculated by 

dividing the mean whole-body tissue concentration by the water concentration for each 
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target pharmaceutical (equation 1). PBW values were calculated by dividing the mean 

blood plasma concentration by the water concertation of each pharmaceutical (equation 

2). VD values was calculated by dividing the steady-state whole-body tissue concentration 

by the steady-state blood plasma concentration for each pooled replicate sample 

(equation 3; Nichols, et al. 2015).  BCF and PBW were calculated to identify drugs 

partitioning from water to fish tissue and blood plasma, respectively. VD quantifies the 

distribution of these drugs between blood plasma and the rest of the body of each fish 

(Watkins, et al. 2010).  

Eq. 1  𝐵𝐶𝐹 =
whole−body tissue concentration

water concentration
 

 Eq. 2  𝑃𝐵:𝑊 =
blood plasma concentration

water concentration
 

Eq. 3  𝐴𝑝𝑝𝑎𝑟𝑒𝑛𝑡 𝑉𝐷 (L/kg) =  
whole−body tissue concentration (µg/kg)

blood plasma concetration (µg/L)
 

 

Statistical Analysis 

 All statistical analyses were performed using SigmaPlot (Systat Software, San 

Jose, CA, USA). A two-way ANOVA was used to compare measured water, whole-body 

tissue, and blood plasma concentrations of the three pharmaceuticals, with two factors: 

salinity and pH. Mean concentrations in whole-body tissue and blood plasma from 24 and 

48 hours were used to calculate BCF, PBW, and VD. A two-way ANOVA was used to 

compare BCF, PBW, and VD with two factors: salinity and pH. The Sidak-Holm step-

down test was used to make pairwise comparisons following the two-way ANOVA 

(Holm 1979).  
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Results 

Experimental Conditions 

Water chemistry parameters during this study were consistent with expectations, 

and no mortalities were observed over the entire study. Across all four experiments, mean 

(±SD) experimental temperature and dissolved oxygen was 25.04 ±0.22ºC and 5.59 ± 

0.57 mg/L, respectively. Consistent with previously reported pharmaceutical exposures at 

elevated salinities, measured exposure concentrations were considerably lower than 

nominal (Blewett, et al. 2013a,b). In the two experiments conducted at the higher pH, 

mean measured pH was 8.27 ± 0.07, with a median of 8.29. Mean pH in the two low-pH 

experiments was 6.88 ± 0.22, with a median pH of 6.78. Mean measured salinity for the 

high salinity experiments was 20.08 ± 0.34 ppt, and 5.05 ± 0.04 ppt for the low salinity 

experiments.  

Each treated experimental system was dosed with a mixture of carbamazepine, 

diltiazem, and diphenhydramine, at nominal target concentrations of 10 µg/L, 1 µg/L, and 

10 µg/L, respectively. Mean (±SD) analytically verified concentrations of carbamazepine, 

diltiazem, and diphenhydramine across all four exposure scenarios were 4.11 ± 0.43, 0.85 

± 0.06, and 4.06 ± 0.49 µg/L, respectively. Despite the measured concentrations being 

slightly lower than nominal levels, mean exposure concentrations of the three 

pharmaceuticals (carbamazepine, diltiazem, and diphenhydramine) did not differ 

significantly across the four experiments (p > 0.05). Within the control experimental 

units, there were no detects of the three pharmaceuticals in water during any of the four 

studies. 
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Influence of pH and Salinity on Pharmaceutical Uptake by Fish 

All three pharmaceuticals were detected in exposed fish whole-body tissue 

(Figure 4.1) and blood plasma (Figure 4.2), across all four experimental exposures (high 

salinity / high pH, high salinity / low pH, low salinity / high pH, and low salinity / low 

pH). For each of the four experimental combinations, mean steady-state whole-body 

tissue and blood plasma concentrations (pooled samples of fish collected at 24 and 48 h) 

of carbamazepine, diltiazem, and diphenhydramine are presented in Figure 4.1 and Figure 

4.2. Some fish from the control systems contained low but detectable amounts of the 

three pharmaceuticals in whole-body tissue and blood plasma. However, all detections in 

control fish were ≤ 2% (whole-body tissue) and ≤ 3% (blood plasma) of the mean steady-

state concentrations of treated fish, for each experiment.  

Salinity did not significant affect accumulation of the three pharmaceuticals by 

Gulf killifish (p > 0.05). Carbamazepine tissue concentrations were significantly higher at 

pH 6.7, compared to pH 8.3 (p < 0.05), but it did not significantly differ (p > 0.05) in 

blood plasma between pH treatment levels. Tissue and blood plasma concentrations of 

diltiazem and diphenhydramine were significantly higher at pH 8.3 compared to pH 6.7 

(p < 0.05). Concentrations of each pharmaceutical appeared to reach steady-state in 

whole-body tissue and blood plasma by 24 h; therefore, BCF, PBW, and VD values were 

calculated at 24 and 48 h (Table 4.1).  

Similar to tissue and plasma observations, the only significant differences in 

BCFs for carbamazepine were observed between pH 6.7 and 8.3 (BCFs at pH 6.7 > pH 

8.3), at the 20 ppt salinity (p <0.05). BCFs for carbamazepine did not differ significantly 

between pH levels at the lower salinity level of 5 ppt, nor did BCFs differ significantly 
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with exposure salinity, when the influence of pH was accounted for (p > 0.05). BCFs for 

diltiazem were significantly elevated by pH 8.3, and significantly higher at the lower 

salinity level of 5 ppt (p < 0.05). Diphenhydramine BCFs were significantly higher at pH 

8.3, compared to pH 6.7, but BCFs exhibited no significant differences with salinity (p < 

0.05). There were no significant differences in PBW values for carbamazepine across all 

four experimental conditions. Diltiazem and diphenhydramine PBW values were 

significantly higher in pH 8.3 exposures, compared to pH 6.7 (p < 0.05), while salinity 

exhibited no influence on PBW values for diltiazem or diphenhydramine (p > 0.05). 

Across all four experiments, the mean VD for carbamazepine, diltiazem, and 

diphenhydramine were 1.15 (± 0.33), 0.26 (± 0.1), and 0.48 (± 0.2) L/kg, respectively 

(Table 4.1).VD values for carbamazepine, diltiazem, and diphenhydramine did not differ 

significantly (p > 0.05) across the four experimental exposures suggesting that water 

chemistry does not influence the internal distribution of these ionizable drugs. 
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Figure 4.1: Mean (±SD) whole-body tissue concentrations (N=3) of carbamazepine (A), 

diltiazem (B), and diphenhydramine (C) in Gulf killifish (Fundulus grandis) over 48 

hours. Fish were exposed to one low concentration of each pharmaceutical at a 

combination of either high salinity (20 ppt) or low salinity (5 ppt), and high pH (8.3) or 

low pH (6.7). Different symbols denote four discrete experiments as follows: high 

salinity / high pH (●), high salinity / low pH (○), low salinity / high pH (▼), and low 

salinity / low pH ().  
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Figure 4.2: Mean (±SD) plasma concentrations (N=3) of carbamazepine (A), diltiazem 

(B), and diphenhydramine (C) in Gulf killifish (Fundulus grandis) over 48 hours. Fish 

were exposed to one low concentration of each pharmaceutical at a combination of either 

high salinity (20 ppt) or low salinity (5 ppt), and high pH (8.3) or low pH (6.7). Different 

symbols denote four discrete experiments as follows: high salinity / high pH (●), high 

salinity / low pH (○), low salinity / high pH (▼), and low salinity / low pH ().  
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A.   Tissue BCF 

Treatment 

Salinity 

(ppt) pH CBZ DTZ DPH 

High Salinity / High pH 20 8.3 2.61 (± 0.42) 9.08 (± 1.30) 41.65 (± 6.47) 

High Salinity / Low pH 20 6.7 3.66 (± 0.99) 5.95 (± 2.35) 16.88 (± 5.38) 

Low Salinity / High pH 5 8.3 2.59 (± 0.34) 12.96 (± 2.60) 51.00 (± 8.52) 

Low Salinity / Low pH 5 6.7 2.95 (± 0.44) 7.03 (± 1.67) 17.26 (± 5.63) 

 

B.   PB:W 

Treatment 

Salinity 

(ppt) pH CBZ DTZ DPH 

High Salinity / High pH 20 8.3 2.49 (± 0.40) 49.5 (± 14.26) 93.13 (± 26.11) 

High Salinity / Low pH 20 6.7 3.14 (± 0.99) 23.47 (± 8.50) 48.21 (± 24.06) 

Low Salinity / High pH 5 8.3 2.57 (± 0.99) 57.83 (± 29.45) 111.55 (± 71.04) 

Low Salinity / Low pH 5 6.7 2.83 (± 0.44) 27.62 (± 4.94) 42.45 (± 19.17) 

 

C.   VD (L/kg) 

Treatment 

Salinity 

(ppt) pH CBZ DTZ DPH 

High Salinity / High pH 20 8.3 1.07 ± 0.24 0.20 ± 0.06 0.48 ± 0.18 

High Salinity / Low pH 20 6.7 1.22 ± 0.38 0.28 ± 0.13 0.41 ± 0.20 

Low Salinity / High pH 5 8.3 1.45 ± 0.72 0.19 ± 0.09 0.32 ± 0.14 

Low Salinity / Low pH 5 6.7 1.07 ± 0.27 0.25 ± 0.06 0.42 ± 0.07 

 

Table 4.1: Mean (± SE) BCF (A), PB:W (B), and apparent volume of distribution values 

(VD; C) for carbamazepine (CBZ), diltiazem (DTZ), and diphenhydramine (DPH) in Gulf 

killifish (Fundulus grandis). Four fish at 24 hours and 48 hours in each experiment were 

pooled for each experimental replicate (N=3). Apparent volume of distribution (VD) is 

derived from a steady state tissue concentration divided by a steady state blood plasma 

concentration. 

 

Discussion 

Here we examined influences of pH at two salinities representative of estuarine 

conditions on uptake of ionizable pharmaceuticals by the euryhaline species F. grandis. 

Carbamazepine, which was not expected to appreciably ionize between the two 

experimental pH levels, did display elevated levels in whole-body tissue at the lower pH. 

However, this result was not observed in blood plasma. Similar to results reported by 

Nichols et al. (2015), we observed greater accumulation of diphenhydramine at higher 

pH. In fact, pH significantly (p < 0.05) influenced uptake of both diltiazem and 
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diphenhydramine, while salinity did not. In both whole-body tissue and blood-plasma, 

diltiazem and diphenhydramine (weak bases with pKa values, 7.7 and 8.9 respectively,  

near the exposure pHs) concentrations were significantly elevated in high pH 

experiments.  Additionally, diltiazem and diphenhydramine whole-body BCFs and PBW 

were significantly higher in the high pH treatment level, compared to low pH.  

F. grandis is an extremely euryhaline species, with populations existing in 

habitats ranging from freshwater to tidal pools of 76 ppt salinity (Simpson and Gunter 

1956; Tabb and Manning 1961). While fish in freshwater essentially only ingest water 

while feeding, fish in saltwater environments will gulp copious amounts of water each 

day in order to maintain osmotic balance (Copeland 1950; Fritz and Garside 1974; 

Marshall, et al. 1999; Potts and Evans 1967; Scott, et al. 2004a,b; Scott, et al. 2006; Scott, 

et al. 2008). With such differences in drinking rate, euryhaline fish could be orally 

exposed to a greater extent to contaminants at higher salinities. However, there remains 

little research exploring the influence of salinity on pharmaceutical accumulation in 

estuarine fish. Blewett et al. (2013a,b) demonstrated that salinity had a significant 

influence on uptake of the nonionizable contraceptive pharmaceutical 17-α-ethinyl 

estradiol (EE2) by killifish. We anticipated rearing fish above and below the isosmotic 

point might alter osmoregulation processes, and thus change the drinking rate of exposed 

killifish.  

Compared to the present study, Nichols et al. (2015) reported uptake observations 

after exposing fathead minnows (Pimephales promelas) to the same nominal 

concentration (10 µg/L) of diphenhydramine in freshwater at three pH levels: 6.7, 7.7, 

and 8.7. In the present study, steady-state concentrations of diphenhydramine in killifish 
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whole-body tissue at pH 8.3 were considerably lower than the concentrations in fathead 

minnow exposed at pH 8.7 and 7.7 in the previous study by Nichols et al. (2015). 

Conversely, steady-state tissue concentrations of diphenhydramine in killifish exposed at 

pH 6.7 from the present study are approximately 1.5-fold higher than the fathead 

minnows exposed at pH 6.7 reported by Nichols et al. (2015). Interestingly, BCFs for 

killifish exposed at pH 8.3 were very similar to the fathead minnow BCFs pH 8.7 

exposures reported by Nichols et al. (2015). Further, diphenhydramine BCFs at pH 6.7 

were 4-fold higher in the present study compared to pH 6.7 as reported by Nichols et al. 

(2015). This may have resulted because in saltwater, compared to freshwater conditions, 

more buffered conditions could decrease influences of excreted organic acids by gills on 

pH of the gill – water boundary. Our results also demonstrate that steady-state blood 

plasma concentrations of diphenhydramine in killifish at both pH 8.3 and 6.7 are higher 

than any values observed in fathead minnows (Nichols, et al. 2015). Specifically, steady-

state plasma concentrations at pH 8.3 and pH 6.7 were approximately 3-fold and 11-fold 

higher than those reported by Nichols et al. (2015). Collectively, these data suggest that 

diphenhydramine accumulates in gulf killifish whole-body tissue and blood plasma to a 

greater extent than in the fathead minnow.  

In addition to tissue and plasma concentrations, we also examined whether pH 

and salinity may influence the relative drug distribution in Gulf killifish. For all three 

drugs, we observed no pH or salinity influence on apparent VD, which quantifies 

chemical distribution between blood plasma and the whole-body tissue of each fish. The 

mean VD for diltiazem and diphenhydramine was 0.26 ± 0.11, and 0.48 ± 0.21 L/kg, 

respectively, which demonstrates that these drugs are preferentially partitioning to blood 
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plasma and other bodily fluids compared to other body compartments. As noted above, 

apparent VD was not statistically different across all exposure scenarios for both diltiazem 

(0.19-0.28 L/kg) and diphenhydramine (0.32-0.48 L/kg). This consistency in VD was also 

noted by Nichols et al. (2015), where, despite significant differences in diphenhydramine 

accumulation, VD remained similar across all pH levels tested (Nichols, et al. 2015). 

Interestingly, diphenhydramine VD values for killifish in the present study (0.48 ± 0.2 

L/kg ) were nearly 10-fold lower than those for the fathead minnow reported by Nichols 

et al. (~ 3 L/kg reported by Nichols, et al. 2015). This stark difference in VD between 

these two species suggests that Gulf killifish are distributing diphenhydramine within 

intravascular fluid or blood to a much higher degree than fathead minnows under 

freshwater conditions.  

Research shows that blood plasma osmolality increases while tissue and blood 

water content decrease following transfer from freshwater to seawater in euryhaline 

species such as coho salmon (Oncorhynchus kisutch) and Atlantic salmon (Salmo salar) 

(Al-Jandal and Wilson 2011). Basic pharmaceutical compounds will typically bind to 

proteins, specifically α1-acid glycoprotein in humans, which fish are known to possess 

(Armitage, et al. 2017). While the internal distribution of neutral organic compounds is 

driven by passive diffusion to lipids, phospholipid content and plasma protein content are 

thought to significantly influence the distribution of ionizables (Armitage, et al. 2017). 

However, there is little information explaining plasma protein binding of ionzable 

organics in fish blood plasma, and this knowledge gap could be a source of variability in 

current fish plasma uptake models (Armitage, et al. 2017). It is generally recognized that 

the blood plasma protein content and the composition of blood changes within the same 
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species of fish as a function of many conditions, including season, stage of maturity, 

spawning, food quantity and quality, and other factors (Lepkovsky 1930, Siddiqui 1976; 

Kalish 1991). However, the influence of salinity on intraspecies variability of plasma 

proteins is less understood. Research by Peyghan et al. (2014) demonstrated no 

differences in total plasma protein content between the same species of carp 

(Ctenopharyngodon idella) at salinities ranging from freshwater to 12 ppt, but did show 

that freshwater-acclimated carp exhibited differences in specific types of plasma proteins 

compared to carp reared at salinities of 4, 8, and 12 ppt (Peyghan, et al. 2014). In the 

current study, gulf killifish were collected from the same reference point, fed the same 

diet, and exposed to the same temperatures/light cycle, and no differences in 

diphenhydramine VD were observed across exposure salinity. As a result, our results 

suggest that water chemistry within the current study did not change the blood plasma 

protein content or plasma binding dynamics to such an extent to influence internal 

distribution of ionizable pharmaceuticals in gulf killifish.  

Considering the large differences in diphenhydramine VD observed between the 

current study with gulf killifish and Nichols et al. (2015) work with fathead minnows, 

plasma protein binding could represent a potential explanation of interspecies 

distributional differences. Blewett et al. (2014) demonstrated that EE2 distribution varied 

between species, including significant differences between killifish and fathead minnow. 

Specifically, killifish in the study by Blewett et al. (2014) showed higher accumulation of 

EE2 in the liver and gall bladder and less EE2 accumulation in the carcass compared to 

rainbow trout and fathead minnow. These distribution differences were not correlated 

with the rate of EE2 uptake in fish, and instead suggested that these interspecies 
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differences could be driven by physiology and metabolic processing, or lipid distribution 

within the body (Blewett, et al. 2014). A study by Nouws et al. (1988) demonstrated that 

VD for the drug ciprofloxacin varied significantly between three fish species (carp, 

catfish, and trout), and surmised that it most likely resulted from physiological 

differences including vascularization, intercellular water content, tissue permeability, and 

tissue composition (i.e. muscle fibers). Tissues with higher phospholipid or plasma 

protein content are expected to exhibit higher concentrations of ionizable organic 

compounds, and interspecies variability in these potential depots for pharmaceuticals in 

fish deserve additional study (Armitage, et al. 2017). Typically, lipid and protein binding 

is dominated by nonspecific partitioning interactions, while plasma protein binding of 

ionized compounds may be controlled by more specific interactions because of the 

relatively limited number of molecular binding sites (Nichols, et al. 2015). Whether 

pharmaceutical protein binding differences exists between fathead minnows, killifish and 

other species is unknown, and future research is needed to determine the role of protein 

binding in ionizable pharmaceutical bioaccumulation in fish.  

In addition to studying two ionizable chemicals detected at elevated plasma levels 

in fish from urban estuaries (Scott, et al. 2016), we studied carbamazepine (pKa of 13.9) 

because it would be an ionized compound at both pH levels examined here, thus negating 

the influence of the experimental pH treatments on ionization state and bioavailability. In 

the present study, at both of the tested pH levels of 8.3 and 6.7, carbamazepine was 

almost entirely ionized (>99.99%), which would offer an ideal opportunity to explore the 

influence of salinity and potentially drinking on uptake, in the absence of a pH effect. We 

hypothesized that if drinking was a significant route of exposure for ionizables, fish 
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exposed at 20 ppt salinity (above the isosmotic point) would accumulate carbamazepine 

to a higher degree than fish exposed at 5 ppt (below the isosmotic point), due to an 

increased rate of drinking and transport of the drug across the gut. However, in our study, 

carbamazepine exhibited no differential uptake with salinity, and actually a small, but 

significant increase in steady-state tissue concentrations was observed at the lower pH. 

While Blewett et al. (2013a,b) did report that salinity markedly influences EE2 uptake in 

killifish, they concluded that drinking rate only negligibly affects EE2 uptake. Blewett et 

al. (2013a,b) further hypothesized that this salinity effect could instead depend upon the 

gill morphology at a given salinity. We exposed gulf killifish to pharmaceuticals at two 

different estuarine salinities (5 ppt and 20 ppt). However, it is possible that these fish did 

not fully adapt their gill function or structure to such a degree as to alter uptake kinetics 

during our study. Additional research is needed to determine the specific effect that 

structural changes to the gill have on ionizable organic chemical uptake in fish.  

One important consideration between gut and gill uptake is residence time, which 

spans hours in the gut and milliseconds at the gill surface (Armitage, et al. 2017). Longer 

residence time in the gut could lead to increased metabolism and reductions in the uptake 

of the parent compound (Lo, et al. 2015). Unless the relative proportion of neutral vs 

charged forms is very large, Armitage et al. (2017) suggested that the uptake efficiencies 

of these ionizable contaminants in the gut are not expected to be greatly reduced as a 

function of ionization state. Because we observed a significant pH influence and no 

salinity influence on accumulation of diphenhydramine and diltiazem, intestinal 

absorption following drinking, compared to inhalational uptake (Nichols, et al. 2015) 

does not appear to be a major exposure route of the target parent compounds in Gulf 
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killifish. However, additional research is needed to determine whether there is increased 

accumulation of ionizable metabolites in fish exposed at higher salinities.  

We observed no significant salinity effect on the uptake on ionizable 

pharmaceutical accumulation in Gulf killifish. One limitation of our study is that we did 

not specifically investigate pharmaceutical uptake as a function of salinity across a 

temporal scale. Unlike anadromous fish (e.g., salmon) that only encounter different 

salinities a few times over an entire lifetime, estuarine fish like killifish will inhabit 

habitats that endure salinity fluctuations daily as a result of tidal movement or 

precipitation events (Marshall and Grosell 2006; Marshall, et al. 1999). Potts and Evans 

(1967) reported that F. heteroclitus exhibit a significant decrease in drinking rate when 

transferred to freshwater, but no significant differences in drinking rate between seawater 

(~32 ppt) and brackish water (~13 ppt) (Potts and Evans, 1967). Scott et al. (2006) 

demonstrated that freshwater-acclimated killifish drank less than fish fully acclimated to 

brackish water over 7 days, but that the initial fall in drinking rate appears to recover 

slightly over time (Scott, et al. 2006). These studies demonstrate the variability in 

drinking rate as a function of salinity change, and highlight the potential need for higher 

resolution temporal water chemistry considerations in bioaccumulation modeling efforts. 

Research suggests that seawater chloride cells are either absent or dormant in freshwater 

killifish, but appear at salinities of 10% (3–4 ppt) or higher (Laurent 1984). Killifish 

appear to retain more chloride cells while living in freshwater as an adaptation to their 

estuarine existence, and while those chloride cells cannot be stimulated immediately to 

secrete chloride in freshwater adapted fish, chloride secretion can be induced within 24-

48 h after transfer into seawater conditions (Marshall, et al. 1999). Aside from the 
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molecular and stress responses caused by abrupt salinity changes, there is evidence that 

sudden and smaller salinity perturbations may change the rate of drinking in estuarine 

fish to a greater extent than the gradual change from marine to freshwater conditions 

(Chen, et al. 2017; Scott, et al. 2006). For killifish residing in areas that experience daily 

fluctuations in salinity, including the urban estuaries where we recently observed 

pharmaceutical bioaccumulation (Scott, et al. 2016), it is plausible that short-term 

transformations of pre-existing cells would be the energetically most feasible adaptation, 

and perhaps was the adaptation employed by the fish in our study. Nonetheless, our 

results emphasize the need for further study exploring how temporal variability in salinity 

affects the uptake of pharmaceuticals in fish.  

There is little information on how salinity influences excretion and metabolism of 

ionizable pharmaceuticals. Several studies have demonstrated that organic chemical 

excretion rates are slower in freshwater fish compared to estuarine or marine fish (Feng, 

et al. 2008; Ishida 1992; Tachikawa and Sawamura 1994; Tachikawa, et al. 1991). 

However, diphenhydramine uptake by killifish in the present study was 11-fold higher 

than uptake by fathead minnow as reported by Nichols et al. (2015). A study by Connors 

et al. (2013) demonstrated that neither diltiazem nor diphenhydramine is transformed in 

vitro by rainbow trout. However, there are no data describing the in vitro metabolism of 

these drugs in Fundulus, which limits our understanding of pharmacokinetics in this and 

other estuarine species. Research is needed to better understand the influence of salinity 

on pharmaceutical metabolism and excretion, including kidney function, among fish 

species and exposure conditions, as well as the implications of such interspecies 

variability in ionizable pharmaceutical uptake on prospective risk assessments  
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In our study, measured concentrations of pharmaceuticals were 40-85% of the 

targeted nominal concentrations. There is evidence that salinity can elicit a “salting-out” 

effect on organic contaminants, in which aqueous solubility decreases with increasing salt 

concentration (Chen, et al. 2017; Jonker and Muijs 2010). The “salting-out” of emerging 

contaminants in saline water has been documented recently, and could influence 

bioaccumulation models if the effect on solubility was sufficiently significant (Blewett, et 

al. 2013a,b; Chen, et al. 2017). Bioavailability estimates and bioaccumulation models for 

ionizable organics could be particularly susceptible to complexation at elevated salinities. 

At a higher salinity, more ion–counterion complexes will be present when compared with 

freshwater because of the higher ionic strength (Wezel 1998). Chen et al. (2017) reported 

that high salinity decreased sulfamethoxazole bioaccumulation in zebrafish, and further 

demonstrated that more sulfamethoxazole was found adsorbed on sediment in high 

salinity water, leading to reduced bioavailability and reduced body burdens in zebrafish. 

In the present study, measured concentrations of carbamazepine, diltiazem, and 

diphenhydramine were lower than nominal concentrations of 10, 1, and 10 µg/L, 

respectively. This could have resulted from simple experimental implementation, though 

these lower percentages were similar to those observed by Blewett et al. (2013a,b), where 

despite adding radiolabeled EE2 to achieve a target nominal concentration of 100 ng/L, 

there was a large initial loss of EE2 prior to the initial (0 minute) sample collection 

resulting in mean measured concentrations ranging from 43 to 65 ng/L (or 43% and 65% 

of the nominal). Blewett et al. (2013a,b) further observed that the concentrations of EE2 

declined slightly over time. The results from the present study and the studies by Chen et 

al. and Blewett et al. demonstrate the potential impacts of “salting out” on contaminants 
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of emerging concern bioaccumulation and BCF modeling (Blewett, et al. 2013a,b; Chen, 

et al. 2017). Future studies are needed to better understand the “salting-out” effect on 

ionizable pharmaceuticals and other contaminants across salinity gradients.  

 

Conclusions 

In a common euryhaline estuarine fish, we observed pH, but not salinity, to 

influence bioconcentration of select weak base pharmaceuticals, suggesting that gut 

uptake via drinking, in contrast to inhalational uptake (Nichols, et al. 2015), does not 

appear to be a major exposure route of these pharmaceuticals in Gulf killifish. We also 

observed Gulf killifish to accumulate diphenhydramine in whole-body tissue and blood 

plasma to a greater extent than previous observations with the fathead minnow. Though 

water chemistry did not influence VD for any of the tested pharmaceuticals, VD values 

were lower in killifish than the fathead minnow, which suggests that killifish are 

preferentially distributing diltiazem and diphenhydramine within intravascular fluid and 

plasma compared to whole-body tissue. Clearly, additional research is warranted to better 

understand bioaccumulation of ionizable contaminants in urban estuaries. Future research 

is also needed to elucidate the extent to which protein binding, metabolism, and the 

“salting out” effect influences bioaccumulation of pharmaceuticals across salinity 

gradients.  
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CHAPTER FIVE 

 

Understanding Influences of Reservoir pH Variability on Fish Toxicity from Harmful 

Algal Blooms and Proposed Toxins of Prymnesium parvum 

 

 

Introduction 

 

Harmful algal blooms (HABs) are an ever-increasing threat to inland waters 

(Brooks, et al. 2011; Hallegraeff 1995; Paerl and Paul 2012). A worldwide increase in 

HAB frequency and magnitude threatens both human and environmental health (Brooks, 

et al. 2011; Hallegraeff 1995; Paerl and Paul 2012). HABs are the product of a rapid 

growth phase brought on by favorable environmental factors, and cause damage by 

depleting oxygen and sometimes through the release of toxins (Hallegraeff 1995). The 

mixotrophic haptophyte Prymnesium parvum is responsible for devastating fish kills 

worldwide, resulting in extreme ecological and economic consequences (Southard, et al. 

2010). This algal species has been found across the globe but primarily in warmer 

temperate waters (Roelke, et al. 2011).  Texas’ first reported P. parvum bloom resulting 

in a massive fish kill occurred in 1985 with recurring seasonal HABs since (Roelke, et al. 

2011). Originally a marine algal species, P. parvum blooms in Texas inland waters have 

caused over 34 million fish deaths and many millions of dollars worth of damage 

(Brooks, et al. 2010; Brooks, et al. 2011; Roelke, et al. 2007).  

Texas P. parvum HABs occur primarily between fall and spring months when the 

water temperature is much cooler than summer months. Paradoxically, laboratory studies 

demonstrate that P. parvum grow best in warmer water, with an optimum growth rate at a 

temperature of 27 °C (Baker, et al. 2009; Baker, et al. 2007). P. parvum has an optimum 
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salinity of 22 PSU, but tolerates a wide range of salinities which allows it to invade less 

saline inland waters (Baker, et al. 2007; Brooks, et al. 2011). Inland HABs of P. parvum 

generally occur under periods of low inflow and increased salinities. The potential for 

greater HAB development damage grows as global demand for water intensifies and 

physical and chemical changes to inland water bodies continues.  

Surface water pH has been shown to affect both toxicity and bloom development 

of P. parvum (Prosser, et al. 2012; Shilo 1981; Ulitzur and Shilo 1964; Valenti, et al. 

2010). A study by Valenti et al indicated that P. parvum cultures are more toxic when 

exposure occurred at a higher pH of 8.5 than at lower pH, and suggested that variability 

in pH among and within aquatic systems may be an important factor governing the 

occurrence of fish kills. Prosser et al further demonstrated that pH can influence whether 

a bloom forms (Prosser, et al. 2012; Valenti, et al. 2010). With pH playing such a role in 

P. parvum bloom dynamics, it is important to better understand how pH varies in 

environments where P. parvum blooms. Surface water pH depends on a multitude of 

biological, chemical, geological, and meteorological processes, and can vary across many 

spatial (longitudinally and vertically) and temporal (daily, seasonally, and yearly) scales. 

For instance, over the course of a day, higher rates of photosynthesis can result in higher 

pH variability. Likewise, yearly patterns in pH variability may arise, as evidenced by 

Valenti et al, who demonstrated that increased incidences of drought correlated with 

larger pH swings in 23 wadeable streams in Texas (Valenti, et al. 2011).  While the 

influence of pH on P. parvum toxicity is well-documented, our understanding of the 

mechanistic causes of this relationship is still limited. 
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While many compounds have been thought to contribute to P. parvum toxicity, it 

is still unknown whether toxicity is caused by a primary toxin or class of toxins, or if it is 

a complex mixture of compounds (Edvardsen 2006; Henrikson, et al. 2010; Manning and 

La Claire 2010; Roelke, et al. 2011; Valenti, et al. 2010). A study by Henrikson et al 

reported that a mixture of ichthyotoxic fatty acids consisting primarily of stearidonic acid 

were detected in P. parvum cultures. Henrikson and colleagues also concluded that 

although the concentration of the fatty acids alone was sufficient to account for the rapid-

onset of toxicity observed in P. parvum, they detected a second type of uncharacterized 

ichthyotoxic substances (Henrikson, et al. 2010). Fatty acid amides are newly recognized 

toxic metabolites from P. parvum and are thought to be more toxic than their fatty acid 

complements (Bertin, et al. 2012a; Bertin, et al. 2012b). Fatty acid amides appear to 

cause damage to the gill membrane through cell lysis eventually resulting in asphyxiation 

(Bertin, et al. 2012a). In a study by Bertin and colleagues, two fatty acid amides, 

oleamide and linoleamide, exhibited  hemolytic and cytotoxic effects and displayed 

toxicity dependent upon pH(Bertin, et al. 2012a). These two fatty acid amides also 

exhibited additive toxicity with the potential for other toxicity interactions when 

combined with a mixture of fatty acids across a gradient of ambient abiotic conditions 

(Bertin, et al. 2012a).  

The role that these proposed fatty acid amide toxins play in P. parvum toxicity to 

whole organism is still largely unknown. Because there is no identified primary toxin of 

P. parvum, bioassays using P. parvum cultures were primarily implemted in early testing 

(Brooks, et al. 2010). P. parvum exhibits widely variable biological effects ranging from 

nearly immediate toxicity in juvenile fish to a stimulatory effect in green algae growth 
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(Brooks, et al. 2010). Ionic constituents, light intensity, nutrient content, and pH can all 

significantly affect the toxicity exhibited by P. parvum (Baker, et al. 2009; Baker, et al. 

2007; Edvardsen 2006; Igarashi, et al. 1999; James, et al. 2011; Shilo 1981). For 

example, fatty acid amides are more toxic at higher pH and increased amounts of cations 

Ca+ and Mg+ (Bertin, et al. 2012a; Bertin, et al. 2012b). While the compounds principally 

responsible for P. parvum toxicity are unidentified, we can leverage what is known about 

how proposed toxins behave under different exposure conditions to learn more about the 

chemical behavior of the toxins. The present study aims to better understand the influence 

of reservoir pH variability on fish toxicity from harmful algal blooms of Prymnesium 

parvum, and the influence of pH on proposed P. parvum toxins. Specifically, we studied 

the spatial and temporal variability of pH in Texas reservoir coves and made estimates of 

P. parvum toxicity. Later, we studied the acute toxicity of proposed algal toxins of P. 

parvum to juvenile fish across under two environmentally relevant pH levels. 

 

Methods 

Field Study Region 

Lake Granbury is one reservoir of many along the Brazos River in Texas, USA. 

Lake Granbury’s surface area spans 34 km2 with an average depth of approximately 5 

meters. This study covered three coves within Lake Granbury in Granbury, TX, USA: 

Ranger Slough, Bee Creek, and Thorp Spring (Figure 5.1). Because P. parvum HABs 

were thought to originate in reservoir coves, we selected three coves based on their 

relatively restricted connection to the main stem of the lake (Grover, et al. 2011; 

Lundgren et al. 2013). We began monitoring spatial variability of water chemistry within 

these coves during 2012, and more extensive temporally in 2013. The coves were 
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sampled during February, April, and June of 2012. These months were chosen in order to 

reflect typical times of Prymnesium parvum pre-bloom, bloom development, and bloom 

termination conditions respectively. Sampling was repeated in 2013 to better understand 

temporal variability across smaller scales (hourly).  

 

Figure 5.1: Reservoir cove study sites within Lake Granbury, TX, USA. A) Ranger 

Slough, B) Bee Creek, and C) Thorp Spring. During 2012 sampling, Ranger Slough (A) 

had 34 sampling locations, Bee Creek (B) had 22, and Thorp Spring (C) had 9. During 

the second year of the field study, 2013, each cove had only one centrally-located station 

where water chemistry was measured continuously. 
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Spatial pH Variability, 2012 

During February, April, and June 2012, instantaneous discrete water chemistry 

measurements of pH, salinity, and temperature were collected for each of the three coves 

in Lake Granbury. We measured water chemistry at the surface (0.3 meter depth) and 

each descending 1 meter depth of 34 geographic points within Ranger Slough, 22 points 

in Bee Creek, and 9 points in Thorp Spring. The exception to this sampling scheme was 

February, where an equipment failure led to only 4 points being measured in Ranger 

Slough, 5 in Bee Creek, and 4 points within Thorp Spring.  

 

Temporal pH Variability, 2013 

During February, April, and June of 2013, diel changes in water chemistry were 

measured 0.3 meters from the surface for Ranger Slough, Bee Cree, and Thorp Spring. 

Both the discrete measurements and diel changes in pH, salinity, DO, and temperature 

were determined by deploying YSI 600 XLM and YSI 6920 (YSI Instruments, Yellow 

Springs, OH, USA) multiparameter data sondes at each site for ~24  hours. Data values 

for each water chemistry parameter were collected at 15- minute intervals and data was 

then transferred to a computer using Ecowatch Inc Corp software (Yellow Springs, OH, 

USA). YSI instruments were calibrated with all reagents at room temperature within 24 

hours both prior to and following data collection as previously described (TCEQ 2003; 

TCEQ 2012a). The post-calibration checks following data collection were completed 

using error limits for pH, DO, and temperature of 0.5 standard units, ±5% error at 

saturation, and ±1 °C, respectively. 
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Predicted Prymnesium parvum Toxicity 

Using empirical results from Valenti et al (2010) we constructed a linear model 

that predicts Prymnesium parvum toxicity to juvenile Pimephales promelas based on the 

pH of the exposure water (Valenti, et al. 2010). These data were collected in Baylor 

University’s Ecotoxicology lab and have been reported by Valenti et al (Valenti, et al. 

2010). From this study, samples of f/2 (nutrient-enriched) and f/8 (nutrient limited) 

laboratory whole cultures and cell-free filtrate were consistently more toxic to P. 

promelas when exposure occurred at pH 8.5 compared to pH 7.5 or 6.5. Toxicity was 

markedly higher for filtered and unfiltered cultures grown in f/8 media compared to those 

in f/2 media. A linear curve was fit to both the nutrient-enriched (f/2) and nutrient-limited 

(f/8) unfiltered (with cells present) culture data. This regression equation was used for 

predicting site-specific toxicity of P. parvum within Lake Granbury based on field pH 

collected from 2012 and 2013.  

Equation 1 describes the linear regression fit to empirical data from Valenti et al 

(Valenti, et al. 2010). Equations 2 and 3 define linear regression fit line for pH-dependent 

predicted Prymnesium parvum toxicity to Pimephales promelas under nutrient-limited 

(Eq. 2) and nutrient-enriched conditions (Eq.3).   

 

1) 𝐿𝐶50 (𝑐𝑒𝑙𝑙𝑠 𝑚𝐿−1) = (𝑏 × 𝑝𝐻) + 𝑦0 

2) 𝐿𝐶50 (𝑐𝑒𝑙𝑙𝑠 𝑚𝐿−1) = (−3.2 × 𝑝𝐻) +  26.8 

3) 𝐿𝐶50(𝑐𝑒𝑙𝑙𝑠 𝑚𝐿−1) =  (−41.0 × 𝑝𝐻) + 358.5 
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Linoleamide Toxicity 

For this study, juvenile (< 48 hour old) Pimephales promelas were exposed to 

Linoleamide for 48 hours at pH of 7.5 and 8.7. Linoleamide was purchased from Enzo 

Life Sciences (Enzo Biochem Inc., Farmingdale, NY). Linoleamide was dissolved in 

reconstituted hard water (RHW) and DMSO was used as a solvent at 0.1%. Reconstituted 

hard water was made according to the EPA recipe, and pH was adjusted using H2SO4. 

Linoleamide solutions were diluted to nominal concentrations of 100, 50, 10, 5, 1, and 

0.5 ug/mL or mg/L. Solutions were prepared in the dark to prevent potential photo-

degradation that is consistent with Prymnesium parvum whole-cell exposures. 

Additionally, controls for RHW and DMSO (0.1%) were used. Each experimental 

treatment consisted of 6 replicate 100 mL beakers, containing 5 juvenile fish. 

Linoleamide exposures were conducted in an incubator at 25°C at 16:8 hour light cycle. 

During the 48 hour exposure, acute mortality was measured at time intervals of 0.5, 1, 2, 

4, 8, 16, 24, 36, and 48 hours. Following the 48 hours, routine water chemistry was 

analyzed.  

 

Stearidonic Acid Toxicity 

Juvenile (< 48 hour old) Pimephales promelas were exposed to stearidonic acid 

for 48 hours at pH of 7.5 and 8.7. Stearidonic acid was purchased from Cayman 

Chemical Company (Cayman Chemical Company, Ann Arbor, MI). Stearidonic acid was 

dissolved in ethanol, and total volume of ethanol added to reconstituted hard water 

(RHW) was 0.1%. Reconstituted hard water was made according to the EPA recipe, and 

pH was adjusted using H2SO4. Stearidonic acid was dissolved and diluted to nominal 

concentrations of 12, 6, 3, 1.5, mg/L. Solutions were prepared in the dark to prevent 
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potential photo-degradation consistent with Prymnesium parvum exposures. Additionally, 

controls for RHW and ethanol were tested in the experiment. Each experimental 

treatment consisted of 3 replicate 100 mL beakers, containing 5 juvenile fish. Stearidonic 

acid exposures were conducted in an incubator at 25°C at 16:8 hour light cycle. During 

the 48 hour exposure, acute mortality was measured at time intervals of 0.5, 1, 2, 4, 8, 16, 

24, 36, and 48 hours. Following the 48 hours, routine water chemistry was analyzed.  

 

Statistical analysis 

Reservoir cove pH values were analyzed using Sigma Plot (Systat Software, San 

Jose, CA). When comparing surface vs bottom water pH, we used t-tests, which provided 

similar utility as a one-way analysis of variance (ANOVA) for these data sets. 

Differences in pH among coves or between months were compared using a one-way 

ANOVA. If normality or equal variance assumptions were not met, a Mann-Whitney 

rank sum test or a Kruskal-Wallis ANOVA on ranks was used for comparing 2 groups, or 

more than 2 groups, respectively. A Tukey post hoc test was used to make pairwise 

multiple comparisons (McDonald 2009). Linear regressions were used to determine if pH 

was significantly correlated with the distance that a sampling was positioned from the 

main stem of the reservoir. Linear regressions were run on 9 distributions of distance vs 

pH (3 coves sampled during 3 months). However, 6 of the 9 distributions exhibited r2 of 

≤ 0.01. The other 3 distributions had extremely small coefficients for distance, suggesting 

that distance from the main stem of the reservoir is not an important predictor of pH.  

Point estimates for LC50 and LT50 were analyzed using the EPA’s Toxicity 

Relationship Analysis Program (TRAP version 1.30a, US EPA).  Within the 24- and 48-

hour exposures with linoleamide and stearidonic acid, significant differences in 
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survivorship between the control and dilutions at each of the respective pH treatments 

were determined using Fisher's Exact Test. Significant differences in LC50s were 

determined using t-tests (SigmaPlot 13.0). Figures were created using the SigmaPlot 13.0 

(Systat Software, San Jose, CA, USA). 

 

Results 

Lake Granbury Spatial pH Variability 

During 2012, pH varied significantly between seasons and among the different 

coves (Table 5.1; p<0.05). Spatially speaking, pH within the three coves did not correlate 

with distance from the main stem of the reservoir. Surface water pH significantly 

exceeded bottom water in every cove, during every month of 2012 (p<0.05). Surface 

water pH was highest in June for all three coves (p<0.05). This was also true for bottom 

water with the exception of Thorp Spring (p<0.05). Range of pH within the water column 

(∆pH; surface pH – bottom pH) was not significantly correlated with distance from the 

main stem of the reservoir (Figure 5.2; p=0.05). Ranger Slough exhibited no significant 

differences in ∆pH by month. Bee Creek ∆pH was significantly different in each month: 

highest in April, followed by June, and finally February. In Thorp Spring, April exhibited 

a significantly higher ∆pH compared to February, but not June. Mean pH during 2012 

sampling are depicted in Table 5.1. Because each cove took approximately 2 hours to 

sample in entirety, we studied these coves a second year (2013) to elucidate the influence 

of diel pH variability on our results.  
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Table 5.1: Mean pH from instantaneous discrete measurements for each of the three 

coves in Lake Granbury during February, April, and June 2012. Mean pH were calculated 

for both the surface (0.3 meter from the surface) and the bottom water (0.3 meter from 

water-sediment interface). 

 Month Cove Depth Median n 

 February Ranger Slough Surface 8.09 4 

   Bottom 7.97 4 
  Bee Creek Surface 8.00 5 
   Bottom 7.91 5 

  Thorp Spring Surface 8.04 4 

   Bottom 8.04 4 

 April Ranger Slough Surface 8.01 38 

   Bottom 7.70 38 

  Bee Creek Surface 8.22 22 

   Bottom 7.88 22 

  Thorp Spring Surface 8.52 9 

   Bottom 7.86 9 

 June Ranger Slough Surface 8.46 38 

   Bottom 8.21 38 

  Bee Creek Surface 8.32 22 

   Bottom 8.09 22 

  Thorp Spring Surface 8.24 9 

   Bottom 8.14 9 
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Figure 5.2: Discrete pH measurements made during 2012 sampling. These four sampling locations (spaced by distance) were 

repeatedly measured in February, April, and June. The highest pH was consistently found at the surface water (0.3m), and generally 

declined with depth. 

 

 

 

 



107 

 

Lake Granbury Diel pH Variability 

To further understand variability between months, we measured pH depth profiles 

taken from central sampling locations within each cove to better understand how pH 

varied temporally during February, April, and June 2013. pH was monitored at a depth of 

0.3 meter from the surface (surface) and 0.3 meter from the water/sediment interface 

(bottom) continuously for 24 hours. Diel pH distributions in Lake Granbury followed 

typical diel patterns; the daily minimum pH occurs just before sunrise, rises throughout 

the day, and declines after sunset.  

Median pH differed significantly with depth (surface vs bottom), seasonality 

(February vs April vs June), and by cove in Lake Granbury during 2013 monitoring 

(Table 5.2; p < 0.05). Surface pH was significantly higher than bottom pH in every cove 

and every season (p<0.05). For all three coves, surface pH was lowest during April. 

Additionally, bottom water pH was highest during February for all three coves. Mean pH 

during 2013 sampling are depicted in Table 5.2.  
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Table 5.2: Mean pH from continuously monitored measurements for each of the three 

coves in Lake Granbury during February, April, and June 2013. A pH measurement was 

taken every 15 minutes during a 24-hour period for each cove, depth, and month. Mean 

pH were calculated for both the surface (0.3 meter from the surface) and the bottom water 

(0.3 meter from water-sediment interface).  

  Month Cove Depth Median n Diel Range 

  February Ranger Slough Surface 8.36 94 0.32 

    Bottom 7.95 94 0.33 

   Bee Creek Surface 8.30 91 0.21 

    Bottom 7.97 91 0.26 

   Thorp Spring Surface 8.18 94 0.24 

    Bottom 7.88 94 0.3 

  April Ranger Slough Surface 8.16 98 0.26 

    Bottom 7.67 98 0.24 

   Bee Creek Surface 8.13 95 0.45 

    Bottom 7.89 95 0.12 

   Thorp Spring Surface 8.05 96 0.52 

    Bottom 7.69 96 0.24 

  June Ranger Slough Surface 8.37 97 0.48 

    Bottom 7.86 97 0.65 

   Bee Creek Surface 8.30 94 0.47 

    Bottom 7.58 94 0.71 

   Thorp Spring Surface 8.16 97 0.73 

    Bottom 7.59 97 1.54 

 

Predicted Prymnesium parvum Toxicity 

A linear regression equation using data reported by Valenti, et al. (2010), was 

used for predicting site-specific toxicity of P. parvum within Lake Granbury based on 

field pH collected from 2012 and 2013 (Figure 5.3). During 2012, predicted Prymnesium 

parvum LC50s for surface water were significantly lower than bottom water for each cove 

and every season (Table 5.3; p< 0.05). Predicted LC50s for surface water were 

significantly lowest (most toxic) in June for both Ranger Slough and Bee Creek (p<0.05). 

Bottom water predicted toxicity exhibited the same trends as surface water but with 

higher variability.  
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Figure 5.3: A linear regression was fit to nutrient limited (A) and nutrient-enriched (B) 

empirical toxicity data from Valenti et al, 2010. These data were collected in Baylor 

University’s Ecotoxicology lab and have been reported by Valenti et al 2010. From this 

study, samples of f/2 (nutrient-enriched) and f/8 (nutrient limited) laboratory whole 

cultures were consistently more toxic to P. promelas when exposure occurred at pH 8.5 

compared to pH 7.5 or 6.5. This regression equation was used for predicting site-specific 

toxicity of P. parvum within Lake Granbury based on field pH collected from 2012 and 

2013.  

 

Like 2012, predicted Prymnesium parvum LC50s in 2013 for surface water were 

significantly lower than bottom water for each cove and every season (Table 5.4; p< 

0.05). Within surface waters, predicted toxicity was significantly lowest (predicted LC50s 

were highest) in April, for all three coves (p<0.05). Within bottom water, predicted LC50s 

for February were significantly lower (more toxic) than April and June for each cove (p< 

0.05).  
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Table 5.3: Mean predicted LC50s (using empirical toxicity data collected by Valenti et al, 

2010) and instantaneous discrete pH measurements for each of the three coves in Lake 

Granbury during February, April, and June 2012. These predictions were made using the 

pH ~ P. parvum LC50 (cells/mL) relationship under nutrient-limited conditions. Mean 

predicted LC50s were calculated for both the surface (0.3 meter from the surface) and the 

bottom water (0.3 meter from water-sediment interface).  

 Month Cove Depth 

Mean 

LC50 

(cells/mL) SD n 

 February Ranger Slough Surface 1.28 0.28 4 

   Bottom 1.79 0.49 4 

  Bee Creek Surface 1.60 0.23 5 

   Bottom 1.73 0.26 5 

  Thorp Spring Surface 1.48 0.14 4 

   Bottom 1.50 0.16 4 

 April Ranger Slough Surface 1.54 0.27 38 

   Bottom 2.44 0.33 38 

  Bee Creek Surface 0.78 0.27 22 

   Bottom 1.89 0.63 22 

  Thorp Spring Surface 0.02 0.41 9 

   Bottom 1.60 1.03 9 

 June Ranger Slough Surface 0.11 0.13 38 

   Bottom 1.11 0.79 38 

  Bee Creek Surface 0.59 0.14 22 

   Bottom 1.28 0.59 22 

  Thorp Spring Surface 0.83 0.29 9 

   Bottom 1.25 0.40 9 
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Table 5.4: Mean predicted LC50s (using empirical toxicity data collected by Valenti et al, 

2010) and continuously monitored pH measurements for each of the three coves in Lake 

Granbury during February, April, and June 2013. These predictions were made using the 

pH ~ P. parvum LC50 (cells/mL) relationship under nutrient-limited conditions. Mean 

predicted LC50s were calculated for both the surface (0.3 meter from the surface) and the 

bottom water (0.3 meter from water-sediment interface). 

 Month Cove Depth 

Mean LC50 

(cells/mL) SD n 

 February Ranger Slough Surface 0.54 0.34 94 

   Bottom 1.70 0.20 94 

  Bee Creek Surface 0.62 0.21 91 

   Bottom 1.65 0.24 91 

  Thorp Spring Surface 1.04 0.24 94 

   Bottom 1.93 0.31 94 

 April Ranger Slough Surface 1.03 0.25 98 

   Bottom 2.57 0.23 98 

  Bee Creek Surface 0.97 0.48 95 

   Bottom 1.93 0.09 95 

  Thorp Spring Surface 1.47 0.39 96 

   Bottom 2.54 0.22 96 

 June Ranger Slough Surface 0.56 0.43 97 

   Bottom 1.99 0.61 97 

  Bee Creek Surface 0.61 0.43 94 

   Bottom 2.63 0.77 94 

  Thorp Spring Surface 1.15 0.78 97 

   Bottom 2.87 1.59 97 

 

Linoleamide Toxicity 

Linoleamide displayed pH-dependent toxicity as it was significantly more toxic to 

juvenile P. promelas at pH 8.7 than 7.5 after 24 hours of exposure (Figure 5.4; p<0.05). 

Following 24 hours of exposure, the LC50 for linoleamide was 51.51 ±26.05 mg/L at pH 

7.5, and 22.57 ±0.21 mg/L at pH 8.7. At the conclusion of the 48 hour exposure to 

linoleamide, toxicity was no longer significantly between the two pH levels (p<0.05). 

The 48 hour LC50s for linoleamide at pH 7.5 and 8.7 were 27.09 ±28.04 and 26.31 ±28.83 

mg/L respectively. These values are similar to cell viability LC50s reported by Bertin et 
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al: 28.8 ± 1.0 µg/mL at pH 7.5, and 7.7 ± 3.0 µg/mL at pH 8.5 (Bertin, et al. 2014; 

Bertin, et al. 2012a; Bertin, et al. 2012b).  

The lethal time, LT50, for the highest concentration of linoleamide, 100 mg/L, was 

statistically identical between pH 7.5 and 8.7 (Figure 5.5; p<0.05). The LT50 for the 

second highest treatment, 50 mg/L, was significantly shorter at pH 8.7 (19.63 ±0.05 

hours) than at pH 7.5 (24.41 ±0.79 hours). Time-to-death values for Linoleamide during 

this experiment, at both pHs, was not representative of typical P. parvum toxicity, as 

LT50s were approximately 10x as long (James, et al. 2011; Prosser, et al. 2012). 
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Figure 5.4: After 24 hours, the LC50 for linoleamide was 51.51 ±26.05 ug/mL at pH 7.5 

and 22.57 ±0.21 ug/mL at pH 8.7. For comparison, the 48-hour LC50 of stearidonic acid 

was 4.85 ±0.76 and 8.25 ±0.71 mg/L at pH 6.5 and 8.7 respectively. Closed circle 

symbols (●) refer to the exposures performed at pH 7.5, while open triangle symbols (∆) 

refer to exposures performed at pH 8.7. 
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Figure 5.5: The LT50 for the 50 ug/mL linoleamide treatment (shown in this figure) at pH 

8.7 was 19.63 ±0.05 hours and 24.41 ±0.79 hours at pH 7.5. The LT50 for the highest 

concentration, 100 ug/mL, were statistically identical between pH 7.5 and 8.7. Closed 

circle symbols (●) refer to the exposures performed at pH 7.5, while open triangle 

symbols (∆) refer to exposures performed at pH 8.7.  

 

Steariodonic Acid Toxicity 

Following 24 hours of exposure, stearidonic was significantly more toxic at a pH 

of 6.5 (5.34 ±0.80 mg/L) compared to a pH of 8.7 (8.49 ±0.71 mg/L). This statistically-

significant pH-dependent toxicity was also observed following the full 48-hour exposure, 

as the 48-hour LC50 of stearidonic acid was 4.85 ±0.76 and 8.25 ±0.71 mg/L at pH 6.5 

and 8.7 respectively (Figure 5.6; p<0.05).  
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To determine time-to-death estimates, mortality was also checked at 0.5, 1, 2, 4, 

8, 16, 24, 36, and 48 hours after the experiment was initiated. At a concentration of 12 

mg/L, the LT50 of stearidonic acid was significantly (Figure 5.7; p<0.05) shorter at pH of 

6.5 (1.29 ±0.07 hours) than at pH 8.7 (13.23 ±7.98 hours). While LT50s for stearidonic 

acid were much shorter than those of linoleamide, the increased toxicity and faster onset 

of toxicity at the lower pH treatment is also not representative of P. parvum (Prosser, et 

al. 2012; Valenti, et al. 2010).  
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Figure 5.6: Following 24 hours of exposure, the LC50 of stearidonic acid is 5.34 ±0.80 

and 8.49 ±0.71 mg/L at pH 6.5 and 8.7 respectively. Following 48 hours of exposure, the 

LC50 of stearidonic acid is 4.85 ±0.76 and 8.25 ±0.71 mg/L at pH 6.5 and 8.7 

respectively. Closed circle symbols (●) refer to the exposures performed at pH 6.5, while 

open circle symbols (○) refer to exposures performed at pH 8.7.  
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Figure 5.7: At a concentration of 12 mg/L, the LT50 of stearidonic acid was 1.29 ±0.07 

and 13.23 ±7.98 hours at pH 6.5 and 8.7 respectively. Closed circle symbols (●) refer to 

the exposures performed at pH 6.5, while open circle symbols (○) refer to exposures 

performed at pH 8.7. 

 

Discussion 

In an effort to understand the influence of spatio-temporal pH variability on P. 

parvum toxicity, this study leverages two years of water chemistry data from a reservoir 

historically affected by P. parvum blooms and laboratory toxicity bioassays using 

proposed P. parvum toxins. During 2012 sampling, we observed that surface water pH 

was higher than bottom in every cove and month, and highest in June in all three coves. 

Overall, there were no distinguishable spatial trends in ∆pH (difference between surface 

and bottom water pH). And although during every sampling trip we observed a gradient 
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of pH within the water column, ∆pH did not appear to vary with distance from the main 

reservoir. This suggests that regardless of how disconnected an area of the cove appeared 

to be in relation to the main reservoir, the ∆pH remained constant.   

Field sampling continued in 2013 to better understand diel pH variability on Lake 

Granbury. The daily range of pH in 2013 was highest in June, presumably because as 

temperatures rise, more primary production occurs. As photosynthesis takes place, CO2 is 

consumed by primary producers, and less carbonic acid exists in the water, ultimately 

leading to an increase in pH. We also observed significant differences in mean pH with 

depth, between seasons, and among the three coves during 2013. Having continuously 

monitored water chemistry data helped tremendously in analyzing these sources of 

variability. Surface pH was significantly higher than bottom pH in every cove and every 

season. Additionally, for all three coves, surface pH was lowest during April while 

bottom water pH was highest during February. Surface water pH was significantly 

greater than bottom water pH during the entirety of this study, which translated to higher 

predicted toxicity in surface water. Using the 2012 measurements of pH to make toxicity 

predictions, we generally observed that predicted P. parvum LC50s (cells/mL) would be 

lowest (most toxic) during June. The exception to this was Thorp Spring, which the cove 

with the smallest volume, shallowest mean depth, and the least residentially populated. 

Using the diel distributions of pH in 2013, mean predicted P. parvum toxicity in surface 

water was lowest during April, while February and June were fairly similar for all three 

coves. In the bottom water, however, predicted toxicity was highest during February, a 

time typical of bloom-initiation conditions in the state of Texas. This is interesting 

because winter mixing of the water column, evidenced by the smaller ∆pH (difference 
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between surface and bottom water) during February, compared to April and June, could 

result in greater overall P. parvum toxicity within the water column.  

Prymnesium parvum exhibits variable biological effects ranging from nearly 

immediate toxicity in juvenile fish to a stimulatory effect in green algae growth (Brooks, 

et al. 2010). Ambient toxicity of P. parvum in in vitro and in vivo models are used to 

assess hazard of P. parvum blooms in lieu of reliable characterization and quantification 

of the primary compounds eliciting toxicity (Brooks, et al. 2010). Many compounds are 

thought to contribute to P. parvum toxicity (Bertin, et al. 2014; Bertin, et al. 2012a; 

Bertin, et al. 2012b; Granéli and Johansson 2003; Henrikson, et al. 2010; Igarashi, et al. 

1999; Manning and La Claire 2010; Shilo 1981; Ulitzur and Shilo 1964; Uronen, et al. 

2007). Fatty acid amides are also produced by algal species and have been shown to be 

toxic to aquatic organisms (Dembitsky, et al. 2000; Han, et al. 2003; Sitachitta and 

Gerwick 1998). Recently, fatty acid amides were newly recognized toxic metabolites 

from P. parvum, and are thought to be more toxic than their fatty acid complements, such 

as stearidonic acid (Bertin, et al. 2014; Bertin, et al. 2012a; Bertin, et al. 2012b). Fatty 

acid amides appear to cause damage to the gill membrane through cell lysis eventually 

resulting in asphyxiation. Bertin and colleagues identified two fatty acid amides, 

oleamide and linoleamide, that exhibited hemolytic and cytotoxic effects and displayed 

toxicity dependent upon pH (Bertin, et al. 2014; Bertin, et al. 2012a; Bertin, et al. 2012b). 

Bertin et al demonstrated that linoleamide exhibited increased toxicity at higher pH, 

which is consistent with the pH-dependent characteristics of P. parvum cells and cell-free 

filtrate (Bertin, et al. 2014; Bertin, et al. 2012a; Bertin, et al. 2012b; Valenti, et al. 2010). 

Our findings reflect this same trend of pH-dependent toxicity in linoleamide, as our 
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exposures at a pH of 8.7 were more toxic than those at pH 7.5. However, the time to 

onset of toxicity for fathead minnows exposed to linoleamide is much longer than what 

was reported from previous studies exposing fathead minnows to P. parvum cells and 

cell-free filtrate. The much longer lethal time in our experiments suggests that 

linoleamide is not the primary toxin for P. parvum, and the very high LC50 (> 20 mg/L) 

indicates that linoleamide may not contribute to P. parvum toxicity at all. We also 

exposed fathead minnows to oleamide, another toxin identified by Bertin et al, but 

observed no toxicity at or below 100 mg/L. These results from the oleamide exposure are 

not reported in this study. Further evidence corroborates our suspicion that linoleamide 

(and oleamide) is not a primary toxin of P. parvum. Blossom and colleagues reported that 

they could not detect oleamide in any P. parvum strains above their limit of detection. 

Instead Blossom et al documented that oleamide, and potentially other fatty acid amides 

(including linoleamide), can easily be extracted from plastic laboratory materials, which 

may have been the source of oleamide reported previously by Bertin et al (Blossom, et al. 

2014). 

In addition to fatty acid amides, fatty acids are also produced by harmful algal 

species, and have been implicated as compounds responsible for P. parvum’s deleterious 

effects to aquatic organisms (Henrikson, et al. 2010; Marshall, et al. 2005; Mooney, et al. 

2011). Fatty acids are released in a complex mixture as algal blooms reach senescence 

and cells begin to rupture (Mooney, et al. 2011). Henrikson and colleagues identified an 

assemblage of potently ichthyotoxic fatty acids, consisting primarily of stearidonic acid, 

in P. parvum cultures (Henrikson, et al. 2010).  Although Henrikson et al noted that the 

concentration of the fatty acids alone was sufficient to account for the rapid-onset of 
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toxicity, they suggested a potential second type of substances that remain uncharacterized 

(Henrikson, et al. 2010). These findings by Henrikson and colleagues motivated our pH-

dependent exposure of stearidonic acid, at pHs 6.5 and 8.7. The EPA’s Toxicity 

Identification Evaluation (TIE) methodology aims to identify a chemical or class of 

chemicals responsible for a toxic effect by describing the physical and chemical 

characteristics of the toxicant (US EPA 1993). Stearidonic acid is a weak acid, and 

theoretically would be more bioavailable at lower pHs compared to higher, which is 

contradictory of P. parvum toxicity. Our study demonstrates that stearidonic acid was 

more toxic at a pH of 6.5 compared to a pH of 8.7. Further, the onset of toxicity at pH 6.5 

was 10 times as fast as the pH 8.7 treatments. These results suggest that toxicity caused 

by stearidonic acid is not characteristic of P. parvum, which displays higher and a more 

rapid onset of toxicity an elevated pH (Prosser, et al. 2012; Valenti, et al. 2010). Clearly, 

findings from this research calls for further chemical characterization of P. parvum toxins 

(Henrikson, et al. 2010).  

Because of the importance that pH plays in P. parvum toxicity, surface water 

quality monitoring for algal blooms should include robust water chemistry assessments. It 

is well documented that algal blooms can influence pH dynamics through the depletion of 

carbon dioxide; as algal blooms consume CO2 during daylight, pH will increase 

throughout the day and begin falling after sundown (Paerl 1988; Paerl and Paul 2012). 

Cell density of P. parvum is known as a poor predictor of toxicity, presumably due to 

abiotic or biotic influencers on quantity or bioavailability of the toxin (Baker, et al. 2009; 

Baker, et al. 2007; Grover, et al. 2011). Abiotic factors like salinity, temperature, light 

intensity, and pH, are known to influence toxicity and may be the reason for the cell 
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density-toxicity disconnect (Baker, et al. 2009; Bertin, et al. 2014; Roelke, et al. 2012; 

Roelke, et al. 2011; Valenti, et al. 2010). Therefore, considering spatial and temporal 

variability in pH could be especially important for the risk assessment and management 

of harmful P. parvum blooms. While P. parvum is a native marine algal species, it causes 

fish kills almost exclusively in freshwater habitats (Roelke, et al. 2010; Brooks, et al. 

2010). Compared to well buffered saline systems, there is much more spatial and 

temporal pH variability in inland waters, where anthropogenic activities, land use change, 

agricultural nutrient enrichment, and natural variability all play a role in (Valenti, et al. 

2010). And because pH appears to influence toxicity in P. parvum blooms, it theoretically 

can be used to ultimately discern what toxins are causing the toxicity. The TIE approach 

combines chemical and physical fractionation techniques to elucidate the nature of 

toxicants prior to chemical characterization (Mount and Anderson-Carnahan 1988; US 

EPA 1993d). Characterization of P. parvum toxins is the primary challenge in assessing 

and ultimately managing harmful blooms, so in the interim, risk assessments will benefit 

greatly if algal cell counts are leveraged with comprehensive water chemistry 

measurements and predictive modeling. Based on our understanding of P. parvum’s pH-

dependent toxicity, we were able to identify bottom water as a potential area of future 

research in reservoir coves. Further, by manipulating the pH during laboratory exposures 

to fatty acid amides and fatty acids, we were able to conclude that neither linoleamide nor 

stearidonic acid appear to be the primary compounds responsible for P. parvum toxicity. 

This information will be pertinent for future efforts in characterizing a primary toxin of 

P. parvum.  
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