
 
 
 
 
 
 
 
 
 

ABSTRACT 
 

Nutrient Enrichment Modulates The Structure and Temporal Assembly of Riverine 
Benthic Algal and Macroinvertebrate Assemblages 

 
Stephen C. Cook, Ph.D. 

 
Mentor: Ryan S. King, Ph.D. 

 
 

 Nutrient enrichment has become one of the most widespread anthropogenic forces 

impacting freshwater biodiversity worldwide. Stream communities are frequently limited 

by nutrient availability, and enrichment over natural concentrations can impact both the 

distribution of species and the temporal assembly of natural communities. By studying 

benthic algal and macroinvertebrate assemblages from 35 streams over two years that 

spanned a wide gradient of nutrient enrichment, I found that the temporal assembly 

patterns of both assemblages were heavily influenced by novel nutrient concentrations. 

Eutrophication reduced seasonally driven variation in macroinvertebrate assemblages, 

which resulted in more temporally homogenous communities. Declines in seasonal 

macroinvertebrate variation suggests that enrichment decreases the competitive 

advantage that seasonal specialists gain by occupying particular temporal niches, which 

degrades an important facet of stream biodiversity. In assemblages of periphytic algae, 

temporal niche partitioning has evolved in response to seasonal oscillations in 

environmental conditions. Compensatory dynamics of algae under natural nutrient 



regimes broke down at relatively low levels of total phosphorus (TP) enrichment (~ 25 μg 

L-1). More species were able to coexist at any given time, and the fitness of a subset of 

species was increased by enrichment which led to seasonal variation characterized by 

synchronous swings in species biovolumes. Also, assemblage biovolumes during the 

study were much more unstable with greater enrichment, which indicates that 

anthropogenic alteration of nutrient regimes can affect community stability by changing 

the dominant mode of seasonal succession. I examined how enrichment changed the 

distribution of species among study sites, and found algal assemblage structure displayed 

sharp, non-linear changes in response to TP enrichment. Many algal species (57) 

synchronously increased in frequency and biovolumes with modest increases in TP 

concentrations of ~ 16 μg L-1, and 17 species declined at TP enrichment of ~ 20 μg L-1. 

Macroinvertebrate assemblage responses to TP concentrations were generally weak when 

compared to the algal assemblages, but there was some evidence of synchronous changes 

of taxa in response to periphyton nutrient content. These findings provide insight into 

how nutrient enrichment alters natural communities and leads to serious structural 

alterations to natural patterns in community composition. 
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CHAPTER ONE 
 

Introduction 
 
 

Rise of the Novel Environment 

Natural ecosystems are increasingly moving towards novel states due to 

widespread human activity (Radeloff et al. 2015). Anthropogenic impact is so pervasive, 

and the effects so disrupting to natural communities that in recent years discussion has 

rapidly moved from the proposal that we are in a new geological epoch defined by human 

agency (Steffen et al. 2007, Zalasiewicz et al. 2011), to discussion about how best to 

delineate its beginning (Steffen et al. 2011, Lewis and Maslin 2015). Current abiotic 

conditions in altered ecosystems are highly dissimilar to conditions organisms 

experienced and adapted to throughout their evolution (Hobbs et al. 2009). These novel 

conditions can alter biotic interactions and species distributions and result in communities 

that bear little resemblance to their natural counterparts (Midgley et al. 2002, Bates et al. 

2017).  

Elevated nutrient concentrations, primarily nitrogen (N) and phosphorus (P), are 

the leading cause of novelty in freshwaters ecosystems worldwide (Carpenter et al. 1998, 

Smith et al. 2006, Paulsen et al. 2008, Dodds and Smith 2016). Most inorganic P enters 

aquatic environments naturally from the weathering of phosphate-rich rock (Turner and 

Condron 2013), while inert N2 gas in the atmosphere is converted into bioavailable N by 

aquatic and terrestrial diazotrophs (Galloway et al. 2008). Potential growth of primary 
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producers far outpaces the natural rates of new N and P entering waterways, which 

results in nutrient limitation in many aquatic communities (Elser et al. 2007). 

In streams and rivers, conditions are inexorably governed by features of the 

surrounding catchment (Hynes 1975, Allan 2004), and widespread changes in land use 

contribute large anthropogenic nutrient subsidies to waterways (Carpenter et al. 1998).  

Uptake of fertilizer N and P by crops is dwarfed by the nutrients that remain in the soil or 

are exported to waterways by surface and subsurface runoff (Sharpley et al. 2004).  

Changes in land-use, combined with point-source discharges of wastewater effluent high 

in N and P (Dorioz et al. 1998, Brooks et al. 2006) have significantly altered the 

concentrations of nutrients in lotic ecosystems. The impacts of anthropogenic nutrient 

enrichment on communities can persist long after the proximate causes are removed 

(Harding et al. 1998, Jarvie et al. 2012), therefore understanding how communities 

respond to nutrient enrichment is especially important.  

 
The Impacts of Nutrient Enrichment on Stream Communities 

Nutrient enrichment directly affects the fitness of algal species because algae are 

able to use the dissolved forms of N and P (Stewart 1987, Hillebrand and Sommer 1999). 

Because algae have adapted to conditions largely defined by limited nutrient availability 

(Elser et al. 2007), release from nutrient limitation upsets the competitive balance of 

resource exploitation that has evolved in algal assemblages (Snyder et al. 2002, 

Stevenson et al. 2008). Though extremely high nutrient concentrations may be toxic 

(Zhang et al. 2018), most of the effects of nutrient enrichment on higher trophic levels are 

mediated by the periphyton. Large standing stocks of benthic biomass associated with 

eutrophication may senesce and decompose, which leads to precipitous declines in 
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dissolved oxygen concentrations and mortality of benthic macroinvertebrates and fish 

(Carpenter et al. 1998). Even low levels of enrichment can alter consumer fitness by 

alleviating the stoichiometric mismatch between nutritionally poor periphyton and higher 

trophic levels with greater N and P demands (Singer and Battin 2007, Evans-White et al. 

2009). These mechanisms can cause reorganization of species associations across 

multiple trophic levels (Hobbs et al. 2009, Taylor et al. 2014). 

Nutrient enrichment frequently causes threshold changes in species distributions 

(i.e. a large shift in species presence or abundance in response to a disproportionately 

small change in environmental condition, sensu Groffman et al. 2006). Species’ fitness 

across natural environmental gradients typically approximates a bell-curve in highly 

diverse communities (Gauch and Whittaker 1972), with optimal growth and reproductive 

success occupying a relatively narrow range of environmental conditions. Nutrient 

concentrations in excess of evolutionary norms causes strong, nonlinear changes in 

stream community structure (Wagenhoff et al. 2016). The direct effects of nutrient 

enrichment on primary producers acts through different mechanistic pathways than the 

indirect effects of enrichment on higher trophic levels, and for this reason the structure of 

different assemblages may respond uniquely to the effects of eutrophication (Taylor et al. 

2014). Many species in a community changing synchronously to an environmental 

stressor may be indicative of a community-level threshold, which are often accompanied 

by changes in ecosystem function that are difficult to predict (Dodds et al. 2010).  
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Spatial and Temporal Niche Partitioning 

A simple but powerful observation from studies of natural communities is that 

species are unevenly distributed over the Earth (Whittaker 1960). Different environments 

house different organisms, and species evolve to leverage the numerous dimensions of 

environmental variation to finely partition available space and resources (Whittaker 

1972). In addition to the rich array of possible niches that species may occupy in a 

particular environment, ecologists have long recognized that community structure is 

continuously changing at multiple time-scales (Tansley 1935). Species associations 

reflect a shifting mosaic of biotic and abiotic conditions (Levin 1992), and much of this 

temporal variation is generated by seasonal changes (Korhonen et al. 2010, Tonkin et al. 

2017). Stream ecosystems are especially variable and are characterized by predictable 

swings in hydrology (i.e. scouring and drying events, Resh et al. 1988, Stanford et al. 

2005), irradiance and water temperature (Hillebrand 2009), and variation in resource 

supply (Rosemond et al. 2000). 

Interested researchers and hobbyists alike have historically devoted much 

attention to the natural histories of stream-dwelling organisms, and these studies have 

revealed a rich variety of phenology that has evolved in response to seasonal variations in 

stream habitat (Wolda 1988, Merritt et al. 2008). Both benthic algae and 

macroinvertebrate growth is governed by thermal regimes (Lamberti and Resh 1985), and 

even closely related species can display different thermal optima (Vannote and Sweeney 

1980). Macroinvertebrate life-stages are seasonally timed to coincide with temporal 

variation in food supply (Huryn and Wallace 2000) and hydrologic regime (Bonada and 

Resh 2013, Niu and Knouft 2017). Despite this body of work there remains a 
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conspicuous lack of analyses that attempt to describe how novel conditions influence 

seasonally driven changes in community composition. 

Spatial and temporal heterogeneity in ecosystems provide opportunity for species 

to coexist by promoting finely partitioned niches and thereby offsetting competition 

(Questad and Foster 2008), and this results in higher spatial and temporal dissimilarity in 

community structure and function (Zuppinger-Dingley et al. 2014). Nutrient enrichment 

has been shown to decrease the spatial heterogeneity of aquatic communities (Donohue et 

al. 2009) and alter species distributions (Taylor et al. 2014). Because nutrient subsidies 

alter the way species partition environmental gradients, declines in temporal niche 

partitioning may be an important mechanism causing biodiversity declines in stream 

ecosystems. 

Problem Statement 

Given the high degree of temporal niche partitioning inherent in stream 

assemblages, and the lack of studies assessing intra-annual changes in assemblage 

composition, the impact of nutrient enrichment on seasonal patterns of succession may 

not be fully realized. If anthropogenic nutrient subsidies alter how species partition 

temporal niche space, it is possible that focus on spatial scales masks important declines 

in biodiversity. Further, despite marked differences between how primary producer and 

consumer assemblages respond to eutrophication, there are few studies assessing the 

impacts of nutrient enrichment on multiple assemblages at spatiotemporally relevant 

scales.  
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Study Objectives 

My overarching objective was to assess how anthropogenic nutrient enrichment 

influenced the spatial distribution and temporal assembly of algal and benthic 

macroinvertebrate assemblages in stream ecosystems. Specifically, I aimed to (1) 

determine how nutrient enrichment changed temporal variation in benthic 

macroinvertebrate assemblages, a group of study organisms with rich life-history 

strategies able to exploit seasonal niches, (2) determine how nutrient enrichment alters 

temporal variation in benthic algal assemblages, and (3) quantify and compare both 

individual species and assemblage-level responses to nutrient enrichment between 

benthic algae and macroinvertebrates.  

Study Area 

I studied communities in wadeable streams that transected the border of 

Oklahoma and Arkansas, USA to address these objectives. The streams were located in 

the Illinois River drainage basin and several surrounding watersheds which originate in 

northwest Arkansas and flow southwest into Oklahoma (Fig 1.1) forming Lake Tenkiller 

and eventually joining the Arkansas River. Land use can vary widely between adjacent 

catchments, which can lead to different in-stream conditions among sites despite close 

proximity (Roy et al. 2003, Helms et al. 2009). Study sites were selected so that that 

stream nutrient concentrations spanned the wide gradient of nutrient enrichment present 

in the region. Nutrient enrichment among sites varied due to an uneven distribution of 

land-applied, P-rich poultry litter that serves as an inexpensive fertilizer for the region, 

and wastewater treatment plant discharges that serve a rapidly expanding human 

population in northwest Arkansas (Haggard 2010, Scott et al. 2011, Jarvie et al. 2012). 
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Figure 1.1. Locations of sampling sites (n = 35) in the Illinois River and several surrounding watersheds 
spanning the border of Oklahoma and Arkansas (USA, 1:250000 landsat shaded basemap, USGS). 
Watersheds of study sites are highlighted by a semi-transparent mask placed on the adjacent landscape. 
Lake Tenkiller is shown in the southwestern portion of the map, and is formed by the damming of the 
Illinois River. 

Summary of Chapter Contents 

This dissertation is divided into five chapters, beginning with the current chapter 

which includes introductory information and provides a general outline of proposed 

objectives. Chapter two details the effects of nutrient enrichment on temporal β-diversity 

in benthic macroinvertebrate assemblages across 35 wadeable streams representing a 

wide range of P enrichment. Chapter three describes changes in temporal β-diversity of 

benthic algal assemblages across the same P enrichment gradient, examines temporal 
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patterns of those assemblages within the framework of compensatory changes in seasonal 

composition, and explores how different modes of temporal β-diversity influence 

community stability. Chapter four details a comparative analysis between benthic 

macroinvertebrate and algal responses to nutrient enrichment, and compares how well 

direct (i.e. water column nutrient concentrations) and indirect (i.e. enrichment of 

periphyton nutrient content) measures of nutrient enrichment predict assemblage-level 

thresholds. Chapter Five synthesizes the findings of chapters two - four, and suggests 

future avenues of research that could build upon the work presented in this dissertation. 
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CHAPTER TWO 

Freshwater Eutrophication Drives Sharp Reductions in Temporal Beta Diversity 

This chapter published as: Cook, S. C., L. Housley, J. A. Back, and R. S. King. 2018. 
Freshwater eutrophication drives sharp reductions in temporal beta diversity. Ecology 

99:47–56. 

Introduction 

Cultural eutrophication of lotic systems is leading to widespread declines in water 

quality, biodiversity, and valuable ecosystem services (Carpenter et al. 1998, Smith et al. 

2006, Paulsen et al. 2008). Nutrient concentrations have increased over reference 

conditions in most ecoregions of North America (Dodds and Smith 2016), and have the 

capacity to increase algal biomass and primary production (Elser et al. 2007). Alteration 

of nutrient regimes in ecosystems limited by nitrogen (N) or phosphorus (P) dramatically 

shifts the competitive balance of organisms in basal compartments, which in turn elicits 

changes in higher trophic levels (Carpenter et al. 1998, Nelson et al. 2013). As the 

prevalence of cultural eutrophication continues to expand, so too does the potential for 

eutrophication to result in unforeseen, deleterious alterations to ecosystem structure and 

function (Dodds et al. 2010, Radeloff et al. 2015).  

Freshwater assemblages respond strongly to increases in productivity associated 

with nutrient enrichment (Smith et al. 1999). Beta diversity (β), which is generally 

defined as the compositional dissimilarity in species assemblages across space or time 

(Whittaker 1972), reviewed by (Tuomisto 2010, Anderson et al. 2011), provides a 

conceptual and mathematical link between diversity at a particular locality (alpha 
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diversity, α) and the regional species pool (gamma diversity, γ). Declines in the 

compositional heterogeneity of aquatic communities (or spatial beta diversity; βspat) 

exposed to nutrient enrichment indicate that eutrophication can act as a strong ecological 

filter, and increase the importance of species sorting mechanisms (Passy and Blanchet 

2007, Donohue et al. 2009, McGoff et al. 2013, Goldenberg Vilar et al. 2014). The most 

striking direct effect of eutrophication on animal communities stems from large increases 

in benthic biomass, which in turn can lead to precipitous declines in dissolved oxygen 

concentrations following senescence and decomposition in the basal compartment 

(Carpenter et al. 1998). Even relatively low levels of nutrient enrichment can elicit shifts 

in producer community composition and alter the relative concentrations of nutrients in 

the basal compartments (Rosemond et al. 1993, Cross et al. 2006, Evans-White et al. 

2009, Taylor et al. 2014), which can indirectly affect the ability of some consumers to 

effectively compete. While spatial beta diversity (βspat) has been examined in response to 

eutrophication and a wide range of other ecological questions (Qian and Ricklefs 2007, 

Chase 2010, Bini et al. 2014, Heino et al. 2015a), comparatively little study has been 

devoted to the underlying factors that influence temporal patterns in community 

composition (but see Mykrä et al. 2011, Hatosy et al. 2013, Steiner 2014, Magurran et al. 

2015, Heino et al. 2015b). Specifically, we do not have a clear understanding of how 

eutrophication impacts the temporal variability of community composition.  

Seasonal oscillations in environmental conditions, and in turn the availability and 

quality of food resources, exert a controlling influence on communities (Tonkin et al. 

2017). As a result, organisms have evolved unique life-history strategies to exploit 

seasonally generated niches (Bêche et al. 2006, Bonada and Resh 2013). Benthic 
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macroinvertebrates have evolved to time periods of peak growth and maturation at 

different times of the year to coincide with advantageous conditions (Wolda 1988), which 

can cause streams to harbor higher biodiversity than can be observed at a single point in 

time. Moreover, meta-analysis across a variety of aquatic ecosystems found that intra-

annual variability was much higher than interannual variability (Korhonen et al. 2010), 

which suggests that seasonally driven variation in community composition could generate 

a large portion of biodiversity in aquatic systems.  

Given the high degree of seasonal variation inherent in these assemblages, 

examining the effects of eutrophication at a single time-point across a spatial 

metacommunity (i.e. a watershed) may be insufficient to fully explain the impact of 

nutrient enrichment on aquatic communities (Heino et al. 2015b). If eutrophication 

negatively impacts the competitive ability of species that have evolved to utilize specific 

temporal niches, then this could cause significant declines in the temporal variation in 

community composition (or temporal beta diversity; βt). Thus, spatiotemporally explicit 

studies are needed to examine the effects of nutrient enrichment on the temporal 

assembly process, as focusing on the spatial effects of eutrophication alone may mask 

important declines in biodiversity.  

We examined benthic communities among stream reaches that spanned a wide 

range of P and benthic chlorophyll-a (chl-a) concentrations over two years with the goal 

of determining the relationship between eutrophication and βt. We hypothesized that 

increasing nutrient inputs would decrease the degree to which macroinvertebrate 

assemblages partitioned temporal niche space, resulting in lower βt with increasing 

eutrophication. We also considered other environmental variables that are known to 
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influence macroinvertebrate assemblage composition as potential additional drivers of βt.  

As temporal trends can be driven by forces acting on either inter- or intra-annual time 

scales, we explored the possibility that the trends observed in βt were the result of an 

aseasonal signal by also examining βspat across the two-year study period. 

 
Methods 

 
Study Area and Site Characterization 
 

We studied 35 mid-order (3rd-5th) stream reaches in the Ozark Highlands and 

Boston Mountains Level III ecoregions of Oklahoma and Arkansas, USA within the 

Illinois River drainage basin and surrounding area every-other-month for 2 years 

(Appendix A: Fig. A1, 12 sampling events from June 2014 to April 2016). Study sites 

were selected both to capture the steep P gradient present in the region, as well as to 

minimize among site habitat variability. We targeted reaches of streams and rivers with 

open canopies, riffle-run channel units, and cobble-dominated substrate. We collected a 

suite of in-stream and riparian habitat variables to characterize each site, and focused on 

total phosphorus (TP) and chlorophyll-a (chl-a) as measures of eutrophication. Increases 

in benthic biomass associated with nutrient enrichment in this region is dominated by 

filamentous green algae (Chlorophyta), cyanobacteria (Cyanophycota), and diatoms. Data 

gathered during a concurrent study indicated that periods of peak productivity were 

associated with rapid uptake of P with little change in ambient N concentrations, high 

N:P ratios (20 – 2000, typically >100) in the surface water indicative of P rather than N 

limitation (Dodds and Smith 2016), and proliferation of species known to be associated 

with P enrichment (Cladophora glomerata; Dodds and Gudder 1992).  
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We collected instantaneous water grab samples in triplicate upstream of 

macroinvertebrate and periphyton collection activity to quantify TP (µg L-1) during each 

site visit. Water samples were analyzed pursuant to EPA QA/QC standards and 

APHA/CRASR protocols (APHA 2005, Center for Reservoir and Aquatic Systems 

Research). Water temperature (°C) and turbidity (NTU) were measured using a YSI 

multiprobe (Yellow Springs International) at the grab sample location. We recorded 

wetted width (m) at each transect, as well as current velocity (m/s) and canopy cover (0-

100%) at the midpoints of each transect. Current velocity was measured using a Marsh-

McBirney flowmeter (Loveland, CO) following USGS protocols, and canopy cover was 

estimated using a densiometer. Substrate embeddedness (0-100%) was visually estimated 

at each Hess sample location (transect delineation described below). We calculated a 

measure of physical habitat disturbance (scouring) as the number of times we sampled 

within 10 d of a discharge event exceeding five times median base flow as determined 

from USGS gauges. For sites that were ungauged (15 of 35 sites), we associated flow 

data from neighboring sites that possessed similar hydrology and spatial proximity. While 

we were unable to directly measure bed stability (Schwendel et al. 2011), the proximity 

of sampling to high discharge events was included as a relative measure because physical 

disturbance could lead to higher variation in community composition (Tonkin and Death 

2012). There were no impoundments above nor below any study site save for several 

low-water crossings that did not impede water flow. Elevation (m) and catchment area 

(km2) were estimated using a 30-m digital elevation model (USGS National Elevation 

Dataset; https://nationalmap.gov/elevation.html) and a point shapefile of stream-reach 

locations as outlets. A flow accumulation raster was generated using the flowacc function 
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and, subsequently, catchment boundaries were delineated using the watershed function in 

ArcGIS 10.1 (ESRI, Inc., 2015). Catchment areas were estimated using the cumulative 

areas of the 30-m pixels within each catchment boundary  

 
Periphyton Sampling 
 

We collected composite periphyton samples at each site using three transects that 

spanned the width of the riffle-run habitat because within-reach sampling has shown that 

streams are heterogeneous in terms of biomass and community composition (Heino et al. 

2012). Five equidistant points were selected along each transect, and a cobble nearest to 

each point 0.5 m upstream of the transect line was collected (totaling 15 cobbles site-1 

visit-1). Benthic periphyton was removed from the cobbles by vigorous scrubbing and 

washing, and placed in dark bottles on ice for further processing. Cobble surface area was 

estimated using the aluminum foil mass-to-area conversion method (Lamberti et al. 

1991). To ensure a representative sample all periphyton slurries were thoroughly 

homogenized with a hand-blender until no large particles or filaments remained, after 

which the slurry was suspended at a high rate of stirring. Volumetric pipette tips were 

widened to prevent clogging before 3 aliquots of 2-5 mL were filtered onto 0.8 µm glass 

fiber filters for chl-a (mg m-2) determination following Biggs and Kilroy (2000). 

 
Macroinvertebrate Sampling 
 

We estimated benthic macroinvertebrate assemblage structure by sampling the 

same three transects used for periphyton determination using 0.086 m2 Hess samplers 

(Wildco, Yulee, FL). After periphyton sampling, taking care to choose undisturbed 

streambed 0.5 m upstream of the removed cobbles, we took 15 Hess samples per site visit 
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(totaling 1.29 m2 of sampled benthos). Samples were aggregated and preserved in 

buffered formalin (5% v/v). In the lab, samples were rinsed through a large (4.75 mm) 

sieve and the retained organisms were identified in full. The sample was further rinsed 

through a medium (2 mm) sieve, and the retained organisms subsampled by 

homogenizing the organisms in a flooded, large diameter PVC pipe with a 363 µm screen 

at one end. As the water evacuated the pipe, organisms were evenly distributed on the 

screen, which allowed us to partition the subsample into quarters. Equal divisions of 

subsample were processed until both a fixed-area (at least 25% of the total sample) and a 

fixed-count minimum (at least 300 individuals) were reached for the 2 mm fraction. 

Using a coupled fixed-area/fixed-count approach has been shown to provide a 

representative sample of the entire assemblage (King and Richardson 2002). 

Concentrating on large-bodied taxa (> 2mm) potentially excluded some smaller size-

classes and meiofauna, but allowed us to rigorously sample over a wide temporal and 

spatial extent while still capturing the majority of taxa contributing to local diversity (we 

detected 61 of 69 taxa at overlapping sites as compared to Petersen et al. 2014 - a 

regional survey, with 85 additional taxa observed in our study they did not detect). 

Macroinvertebrate specimens were counted and identified to the lowest operational 

taxonomic unit, typically genus (except for Chironomidae, Hydrachnidia, and 

Oligochaeta; Stewart and Stark 2002, Merritt et al. 2008). During identification 10 

individuals of each taxa were randomly selected and measured using either an ocular 

micrometer or Vernier calipers for total length or head capsule width for biomass 

determination using length-mass regressions (Sample et al. 1993, Benke et al. 1999, 

Baumgärtner and Rothhaupt 2003, Edwards et al. 2009, Méthot et al. 2012). In instances 
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where taxa could not be reliably associated with published regressions, we either dried 

and weighed organisms to create our own, or directly weighed dried organisms (4 taxa – 

see Table A1 in Appendix A for complete listing). We averaged taxa-specific biomass by 

site and event, and multiplied this by their counts standardized to the area sampled (1.29 

m2). All site-specific biomass was summed to calculate mean total biomass (cumulative 

site biomass / no. site visits). 

 
Measures of Temporal β Diversity 
 

Measures of β diversity can broadly be divided between values derived directly 

from classical metrics of α and γ, and multivariate measures which are calculated from 

pairwise dissimilarity values (sensu Anderson et al. 2011). We calculated the 

exponentiated Shannon index (also referred to as Hill numbers, Jost 2007) for both 

cumulative temporal diversity (γt) and mean time-point specific diversity (ᾱ) for each 

sampling site, which yields a metric of βt diversity that incorporates relative abundance 

information (βt [Shannon] = γt/ᾱ). We also calculated βt (Richness) in a similar manner to 

the above, but used cumulative site richness and mean site richness (βt [Richness] = 

cumulative richness/mean site richness). Though βt (Richness) excludes abundance 

information, we included it both to determine if any trends observed in the study were 

driven by a richness gradient across the region, and for comparative purposes between 

our study and others.  

We also calculated the multivariate dispersion (MVD) around site centroids in 

multivariate ordination space as a proxy of βt using the betadisper function in R 

(Anderson et al. 2006). In the MVD method, community abundance data is compressed 

into a pair-wise dissimilarity measure of choice, after which group dispersion is 
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calculated in multivariate space from a principal coordinates ordination (PCO). We used 

a Bray-Curtis dissimilarity matrix due to its proven behavior along ecological gradients 

using abundance data. Also, we log(x+1) transformed macroinvertebrate counts to 

incorporate abundance information without manifold increases in abundant taxa clouding 

the contribution of rare taxa (McCune et al. 2002). As above, groups were considered as 

the aggregate of all sampling events of an individual site, with points in PCO space 

denoting the individual, locality-specific sampling events. The mean distances to group 

centroids were calculated, which we denote as βt (MVD). 

Modeling 

We first determined if any richness trends were present along our main gradient 

of interest by directly regressing mean site richness, cumulative site richness, and βt 

(Richness) on mean TP and chl-a using generalized linear models (GLMs). We then 

utilized GLMs within an iterative information-theoretic framework to examine the effect 

of eutrophication and other contributing or confounding variables on βt (Shannon) and βt 

(MVD) (Zuur 2009). We visually screened variables known to influence 

macroinvertebrate diversity through a series of bi-plots and multivariate bubble plots, 

which included the two measures of eutrophy with measures of habitat variability 

(discussed below), watershed area, frequency of scour, and mean total and snail 

macroinvertebrate biomass. This, coupled with correlation matrices, enabled us to select 

variables for model inclusion as well as assess collinearity and potential interactive 

effects. Although macroinvertebrate biomass was potentially non-independent, we 

viewed its use in the model as logical because the objective of this study was to 

characterize the effect of stream eutrophication on βt, and a large amount of eutrophy-
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driven biomass could be sequestered in the macroinvertebrate compartment. Also, the 

dominant grazers in the region were operculate snails (Pleuroceridae), and due to top-

down suppression of benthic algal biomass, could potentially confound one measure of 

eutrophication (chl-a). For these reasons, mean total macroinvertebrate as well as mean 

snail biomass were each evaluated separately in modeling efforts. Because TP and chl-a 

are highly correlated, each was modeled and reported separately for βt (Shannon) and βt 

(MVD).  

As a measure of physical habitat variability through time, we calculated the MVD 

of temporal centroids based on a Euclidean distance matrix constructed from 5 instream 

and riparian variables; canopy cover, wetted width, midpoint current velocity, substrate 

embeddedness, and turbidity (all variables standardized to mean = 0 and SD = 1, Astorga 

et al. 2014). Composite measures sometimes have failed to yield significant relationships 

with community variation, so we also considered individual predictors (interquartile 

range of the 5 environmental variables, IQR) as potential drivers of βt (Heino et al. 

2015a).  

In summary, the GLMs modeled both βt (Shannon) and βt (MVD) in response to 

TP and chl-a with potential covariates. We specified a gamma distribution with a log-link 

function due to variance behavior, distributions of the residuals from each model, and 

positively-bound continuous response variables. Covariates were sequentially removed 

and AICc values examined in conjunction with deviance explained (%) to select the 

simplest models that explained the most variation in the response. We considered models 

with ΔAICc <2 to be comparable in explanatory power (Bolker 2008). In cases where the 
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most parsimonious model included covariates, we generated response surfaces examining 

the behavior of one predictor while holding the other predictors static.  

As the analysis above is insensitive to the nature of the temporal trend (vectoral 

vs. cyclic sensu Korhonen et al. 2010), we needed to verify our hypothesis that any 

change to βt in response to eutrophication was driven by the collapse of a seasonal signal 

rather than the presence of an interannual one. We revisited the MVD analysis 

framework, and specified sampling time-points as groups, with the distance to 

multivariate centroid interpretable as the degree of assemblage differentiation between 

spatial localities during a given sampling event; βspat (MVD). If present, an interannual 

signal would manifest as the absence of any trend in βspat plotted against the day of year. 

The vegan package was used to implement the betadisper function, and classical measure 

of βt were calculated using functions written in the R language environment (S.C. Cook, 

unpublished scripts; version 3.3; R Project for Statistical Computing, Vienna, Austria). 

All calculations, modeling, and plotting was also conducted in R. 

Results 

Mean TP and chl-a ranged from 7.25 to 107.44 µg L-1, and 43.53 to 638.91 mg 

m-2, respectively (Appendix A: Table A2). One site was exposed to untreated wastewater

discharge during the study, resulting in near complete macroinvertebrate mortality, and 

was excluded from analysis. We catalogued 212 unique taxa (Appendix A: Table A1), 

and mean and median richness per sample was 26.15 and 26, respectively. Cumulatively, 

we identified 331,728 individuals over the course of the study, and mean and median 

counts per sample were 829 and 545, respectively. Cumulative site richness ranged from 

52 to 97, and displayed no trend with either measure of eutrophy, while mean site 
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richness and βt (Richness) exhibited a weak but increasing (p=0.03, 1.2% deviance 

explained) and sharp decreasing trend (p=0.003, 25.1% dev. explained) with TP, 

respectively (Appendix A: Fig. A2). Both βt (Shannon) and βt (MVD) showed sharp 

decreases in response to increasing TP and chl-a, and displayed responses to secondary 

predictors including temperature variability (IQR), temporal habitat heterogeneity, 

disturbance frequency, and both total macroinvertebrate and snail biomass.  

The model selection process resulted in 3 models of similar explanatory power 

using TP, and 4 models of similar explanatory power using chl-a as the measure of 

eutrophy. Below we report the most parsimonious models for both measures of βt (see 

Appendix A: Table A1 for a complete listing). Secondary predictors that remained after 

model selection included temperature variability, and two measures of macroinvertebrate 

biomass (mean total and snail biomass). The most parsimonious GLM of all models 

considered included an interactive effect between mean total macroinvertebrate biomass 

and TP (Fig. 2.1, p  < 0.0001, dev. explained = 71.74%), and showed βt (MVD) declining 

in response to both TP and mean total macroinvertebrate biomass. Macroinvertebrate 

biomass played a particularly large explanatory role at low to moderate levels of P 

enrichment, and showed a wedge-shaped response with increasing P enrichment.  

The most parsimonious model using chl-a as the measure of eutrophy included 

total macroinvertebrate biomass and temperature variability to predict βt (Shannon) (Fig. 

2.2, p < 0.0001, dev. explained = 67.45%). βt (Shannon) declined in response to increased 

macroinvertebrate biomass, and increased in response to temperature variability.  
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Figure 2.1. Temporal β diversity (βt) of macroinvertebrate assemblages declined in response to total 
phosphorus (TP, μg L-1) and mean macroinvertebrate biomass (g m-2), which indicates increased temporal 
homogenization of community composition with increasing nutrient enrichment. βt was quantified as the 
multivariate dispersion (MVD) around site centroids in ordination space. (a) Raw data points are sized by 
mean macroinvertebrate biomass observed at each site over the 2 y study duration. The model describing 
the most variation in βt (MVD, 71.74% deviance explained) included an interactive effect between TP and 
macroinvertebrate biomass. (b) The GLM response surface of βt (MVD) to TP and macroinvertebrate 
biomass shows the modeled response of βt (MVD) to TP at different levels of macroinvertebrate biomass 
(represented by lines ranging from 1-20 g m-2). 
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However, total macroinvertebrate biomass did not provide as large a boost in explanatory 

power over snail biomass when using chl-a as the measure of eutrophy. Instead, mean 

total macroinvertebrate and mean snail biomass provided comparable explanatory power 

for both βt (Shannon) and βt (MVD) when chl- a and temperature variability were 

included as covariates, with ΔAICc scores between models of 1.39 and 1.88, respectively.  

βspat illustrates differences in the macroinvertebrate assemblages across the TP gradient 

during a particular sampling event, and tracked with seasonally-driven changes in water 

 
 

 

Figure 2.2. (a) Temporal β diversity (βt) of macroinvertebrate assemblages declined in response to 
increasing chlorophyll-a (chl-a) and mean macroinvertebrate biomass (1-20 g m-2, points scaled by size), 
and showed a positive relationship with increasing temperature variability (°C, interquartile range [IQR], 
with variability decreasing from red to blue). βt was quantified using the exponentiated Shannon diversity 
index (Shannon). (b) The GLM response surface of βt (Shannon) in response to temperature variability and 
macroinvertebrate biomass shows the modeled response of βt (Shannon) to temperature variability at 
different levels of eutrophication (67.45% deviance explained, chl-a represented by lines ranging from 25-
525 g m-2). Macroinvertebrate biomass was included in the model, and was held constant at the mean 
observed value across all study sites to calculate the temperature response surface. 
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temperature (Fig. 2.3a,b). The cyclic tracking of βspat with water temperature, highlighted 

by the GAM smoother, indicates that declines in βt stem from losses in seasonally 

generated biodiversity. When regressed against mean site water temperature, βspat was 

generally higher in the cooler months, and lower in the summer (Fig. 2.3c, p = 0.0318, 

dev. explained = 38.87%). 

Discussion 

Our study shows that eutrophication stemming from anthropogenic nutrient inputs 

leads to more temporally homogenous communities. Species comprising benthic 

communities are intimately linked to seasonal cues that govern the timing of reproductive 

cycles and peak resource assimilation (Wolda 1988, Bêche et al. 2006, Johnson et al. 

2012, Bonada and Resh 2013). The cyclic trend of βspat (Fig. 2.3) strongly suggests that 

the decline in βt with increasing eutrophication was generated by the collapse of naturally 

occurring seasonal oscillations in community composition.  

High values of βt at the low end of the eutrophication gradient argue for a larger 

role of temporal niche partitioning (Fig. 2.1), whereas the decreasing and narrowing 

range of βt as eutrophication increases suggests an expansion of temporal niche space 

dominated by exploitative taxa. Finely partitioned temporal niches are occupied by taxa 

with life-history strategies that maximize resource utilization by temporally offsetting 

interspecific competition, or timing periods of peak cohort growth to co-occur with the 

availability of basal resources or ideal hydrology (Merritt et al. 2008). Freshwater 

systems are increasingly experiencing novel nutrient concentrations uncharacteristic of 
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Figure 2.3. (a) Spatial β diversity (βspat) displayed 
seasonal oscillations over the 2 year study duration, 
and tracked with (b) site water temperatures (°C), 
which suggests that the declines in temporal β 
diversity with increasing eutrophication stem from 
losses in seasonally driven biodiversity. βspat was 
quantified as the multivariate dispersion (MVD) 
around sampling event centroids in ordination space, 
and represents the degree of assemblage 
differentiation between spatial localities during a 
given sampling event. βspat was overlaid with a GAM 
smoother (a, dotted line) to highlight the oscillations. 
(c) βspat was generally higher in the cooler months 
than in the summer, and displayed a negative 
relationship with mean site water temperature (GLM 
regression, p = 0.032, 38.87% deviance explained). 
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their evolutionary past (King et al. 2011, Radeloff et al. 2015), which release 

communities from nutrient limitation (Carpenter et al. 1998). Novel increases in nutrient 

inputs alter the competitive balance of temporal resource exploitation, effectively 

reducing the benefit that specialist taxa gain by occupying a particular temporal niche. 

Both experimental evidence (Cross et al. 2006) and observational field studies (Singer 

and Battin 2007, Evans-White et al. 2009) show that taxa with faster growth rates and 

higher P demand respond strongly to nutrient enrichment. As nutrient inputs increase, 

taxa normally constrained by evolutionary P-limitation are released to rapidly complete 

their life-cycles (Elser et al. 2000, Brown et al. 2004), which would shift assemblage 

composition by altering the dominant form of voltinism present in the assemblage.  

There were likely additional environmental filters concomitant with high levels of 

eutrophication that caused direct stress to sensitive taxa; such as diel fluctuations in 

dissolved oxygen (Carpenter et al. 1998), increased rates of sedimentation (Paulsen et al. 

2008), and homogenization of the physical structure of the basal resource compartment 

(Dodds and Gudder 1992, Goldenberg Vilar et al. 2014). Declines in assemblage 

variation in response to anthropogenic stressors have primarily been attributed to large 

reductions in the number of taxa at impacted sites (Helms et al. 2009, Johnson et al. 

2012). While we did not observe any reductions in cumulative site richness with 

increasing eutrophication, anthropogenic stressors have been shown to have a 

disproportionate effect on specialist taxa (Gutiérrez-Cánovas et al. 2013). Likely a 

combination of both direct taxa responses to the eutrophication gradient and indirect 

effects on interspecific interactions lead to declines in βt.  
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Seasonal cues manifest primarily as changes in irradiance and precipitation 

(Newbold et al. 1994), which can vary widely by latitude and region. The magnitude of 

seasonality and the predictability of seasonal events govern the degree to which 

communities have evolved to utilize distinct temporal niches (Tonkin et al. 2017). 

Though we found a strong relationship between eutrophication and βt, the degree to 

which βt is reduced is likely dependent upon the degree of seasonality present in a given 

region (Bêche et al. 2006, Bonada and Resh 2013). The spatial extent of the study 

contains numerous ground-water seeps and several wastewater treatment plant 

discharges; both which buffer stream water temperature. Thermal regime is one of the 

primary controls of macroinvertebrate growth and life-history event synchronization, and 

even closely related taxa can display different optimal thermal conditions (Vannote and 

Sweeney 1980). Though we did not explicitly test the mechanism of action, it is likely 

that decreased variability in temperature selects against taxa that utilize fast-seasonal life 

cycle adaptations (Hawkins et al. 1997, Wood et al. 2005), thereby decreasing βt. 

Both the strength and weakness of community analysis lies in its ability to 

integrate abiotic conditions and biotic interactions across time, and difficulty arises when 

the antecedent conditions that led to the sampled community are no longer observable. 

These findings strongly suggest that treating temporally dynamic communities as 

relatively static assemblages is a simplification that may fail to detect temporally explicit 

assemblage-environment relationships (Heino et al. 2015c). Rather, sampling that occurs 

only annually may generally prove to be inadequate for the study of metacommunity 

structure at the regional level for a variety of aquatic assemblages with active dispersal 

capabilities (Johnson et al. 2012, Erős et al. 2012, Fernandes et al. 2014, Hewitt et al. 
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2016). Incorporating appropriate temporal extent into study design is vital to address 

ecological questions that may be influenced by temporal factors, and the majority of 

studies to date have either focused on a temporal scale too fine to detect seasonality (~ 1 

mo. duration, Brown 2003), or on a temporal extent aimed at assessing long-term 

community stability (repeated sampling of the same time point over multiple years, 

Mykrä et al. 2011). The wide range of βt observed in this study examined in light of the 

wide variation in temporal extents of other studies indicate that comparative 

examinations of β diversity between systems may be exceedingly difficult (see Heino et 

al. 2015b), and further study of the factors influencing seasonally driven community 

variation are needed. However, integrating biological data over sufficient time periods 

has been shown to reveal underlying environment-community relationships that are not 

readily apparent with single event sampling (e.g., King et al. 2016).  

The increased explanatory power of snail biomass in models where chl-a was the 

measure of eutrophy highlights the importance of quantifying forces that remove benthic 

algae. Though chl-a provides a measure of algal productivity that directly influences 

macroinvertebrate taxa, it has the drawback of being influenced by both top-down 

suppression from grazing as well as by physical disturbance. Astorga and others (2014) 

reported a lack of significance between chl-a and βspat when aggregating multiregional 

data, and attributed this to the confounding influence of physical disturbance (i.e. 

scouring events removing periphyton biomass). Our findings support their conclusion, as 

the temporal homogenization of communities may manifest spatially when comparing 

regions with different levels of productivity. TP, while being causally removed from 

direct effects on macroinvertebrate taxa, has the benefit of being robust to both physical 
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and biological disturbance (though rapid uptake by periphyton during bloom conditions 

may influence nutrient concentrations in the water column). 

Measuring biodiversity loss and its impact on ecosystem structure and function is 

an imperative task that is complicated by the variety of spatial and temporal extents of 

observational data (Cardinale et al. 2012, Socolar et al. 2016). Our study demonstrates 

that eutrophication reduces seasonally driven variation in community composition, and 

adds to a growing body of literature exploring controls on intra-annual succession (Bêche 

et al. 2006, Bonada and Resh 2013, Steiner 2014, Tonkin et al. 2017). Benthic consumers 

occupy a key linkage in stream food-webs by remineralizing nutrients and aiding in the 

breakdown of allochthonous resources (Cross et al. 2005, 2006). Reduced temporal 

specialization of consumer assemblages could exert a top-down feedback that contributes 

to decreased ecosystem efficiency caused by increased dominance by generalist 

consumers. The current prevalence and projected increase in nutrient enrichment (Smith 

et al. 2006, Paulsen et al. 2008) may therefore have profound and unanticipated effects on 

the whole aquatic ecosystem that is significantly underestimated by examining the spatial 

component of biodiversity alone. More studies examining both the spatial and temporal 

dimensions of β diversity are needed for a robust understanding of community variation 

and its effects on aquatic ecosystems. 
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CHAPTER THREE 

Compensatory Dynamics of Stream Algae Nonlinearly Break Down with Increasing 
Nutrient Enrichment 

Introduction 

Seasonal variation in environmental conditions is a key mechanism structuring 

biological diversity worldwide (Korhonen et al. 2010, Tonkin et al. 2017). Just as greater 

spatial heterogeneity provides opportunity for a larger number of species to coexist 

(Questad and Foster 2008), seasonal changes in abiotic conditions generate a variety of 

niches throughout the year, causing ecosystems to harbor greater biodiversity than can be 

observed at a single point in time (Korhonen et al. 2010, Cook et al. 2018). Lotic 

ecosystems are particularly variable and characterized by seasonally predictable and 

sometimes extreme swings in hydrology (i.e. scouring and drying events, Resh et al. 

1988, Stanford et al. 2005), irradiance and water temperature (Hillebrand 2009), and 

variation in resource supply (Rosemond et al. 2000). These factors and others combine to 

form an abiotic template with extraordinarily high seasonal variability, which results in 

growth optima for different species throughout the year. 

Niche partitioning, or evolved partitioning of resources in a heterogeneous 

environment, has been proposed as a way ecosystems maintain stability despite 

perturbations (Cardinale 2011, Loreau and de Mazancourt 2013). There is some evidence 

that the stabilizing effects of diversity on ecosystem properties should be strongest when 

communities consist of species that respond differently to environmental conditions 

(Descamps-Julien and Gonzalez 2005, Loreau and de Mazancourt 2013, Gross et al. 
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2014); that is, when one species declines in abundance another rises to take its place 

generating asynchrony in species fluctuations (i.e. compensatory dynamics, as reviewed 

by Gonzalez and Loreau 2009). While compensatory dynamics have been reported in a 

variety of ecosystems (Bai et al. 2004, Vasseur et al. 2005, Doležal et al. 2019), we do 

not yet have a clear understanding of how community stability is influenced by seasonal 

niche segregation.  

Benthic algal species, typically the dominant component of stream periphyton 

biomass, are particularly sensitive to seasonal environmental variation (Fisher et al. 1982, 

Francoeur et al. 1999, Lange et al. 2011). Examinations of temporal phenomena in stream 

algae have largely been confined to emergent ecosystem properties such as changes in 

biomass or autotrophic activity (Dodds & Smith 2016), or to bloom-dynamics of 

nuisance algae that have negative ecosystem-wide impacts (but see Peterson and Grimm 

1992, Rosemond 1994, and Beck et al. 2018). This focus is unsurprising; eutrophication 

is one of the most pervasive anthropogenic impacts to aquatic ecosystems worldwide 

(Carpenter et al. 1998, Smith et al. 2006), and can cause dramatic increases in autotrophic 

production that subsequently impacts higher trophic levels. Algae differentially respond 

to release from nutrient limitation, and even relatively low levels of enrichment can alter 

interspecific competition, influencing community composition at both spatial (Passy and 

Blanchet 2007, Donohue et al. 2009, Taylor et al. 2014) and temporal scales (Larson et 

al. 2016). Increased resource availability also has decreased the stabilizing effect of 

biodiversity in microcosms of algae exposed to thermal fluctuations (Zhang and Zhang 

2006), which may indicate that nutrient subsidies alter seasonally driven fluctuations in 
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assemblage composition (i.e. temporal β-diversity) that normally stabilize community 

biomass.  

Under oligotrophic conditions, resource availability places a ceiling on potential 

biomass (Korhonen et al. 2013, Larson et al. 2016), and temporal β-diversity may largely 

be driven by species turnover as local environmental conditions alter which species are 

able to effectively compete for limited resources (Tilman and Pacala 1993, Cardinale 

2011). This type of compensatory stabilization, where decreases in some species are 

balanced by increases in others, while documented in terrestrial plant communities 

(Tilman 1996, Tilman et al. 1997, Gonzalez and Loreau 2009, Gross et al. 2014), is 

unexplored in stream ecosystems. Further, abrupt shifts in ecosystem response as are 

frequently observed under enriched conditions, such as dominance of nuisance algae at 

certain times of the year, may indicate a breakdown in seasonally driven compensatory 

dynamics (Jochimsen et al. 2013). 

We conducted a natural experiment by selecting 35 large, wadeable streams that 

spanned a wide nutrient enrichment gradient but were otherwise environmentally similar. 

Among these streams, we estimated biovolumes of riffle-dwelling, benthic algae species 

over two years to test the hypotheses that (1) seasonal assembly of stream algae under 

oligotrophic conditions is characterized by compensatory dynamics, and (2) increased 

nutrient enrichment alter those dynamics by decreasing the importance of seasonal 

fluctuations in environmental condition. We also expected decreased stability in algal 

biovolumes as the mode of temporal dynamics changed with increased enrichment. 
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Methods 

Study Area 

We conducted our study in 35 mid-order streams (3rd to 5th) in the Illinois River 

drainage basin and several surrounding watersheds transecting the border of Oklahoma 

and Arkansas, USA (Fig. 1.1). The sites were selected to span a wide gradient of 

phosphorus (P) enrichment that stemmed both from an uneven distribution of land-

applied P-rich poultry litter and wastewater treatment plant discharges (Haggard 2010, 

Scott et al. 2011, Jarvie et al. 2012). We targeted cobble-dominated riffle-run habitat with 

moderately fast, unobstructed flow (site means ranging from 0.31 – 0.77 m s-1) and open 

canopies (typically <10% cover during peak growth in summer) to minimize among-site 

habitat variability so that the only substantive difference among study sties was the 

degree of nutrient enrichment. Total P (TP) concentrations among study streams ranged 

from a 2-year mean of ~ 7 to ~ 140 μg L-1. To ensure we could observe seasonally driven 

variation in community composition, we began sampling in June 2014, and revisited sites 

every other month for 2 years ending in April 2016. 

Data Collection 

We sampled benthic algal species assemblages (including cyanobacteria) by 

collecting five cobbles (10-20 cm wide) at five equidistant points along each of three 

transects that were marked perpendicular to flow and did not exceed 0.5 m in depth.  

Benthic algae were removed from the upper surface of each cobble with a stainless-steel 

brush immediately after collection, and material from each cobble was rinsed into a 

collection basin. This process was repeated until all cobbles were processed, resulting in 
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a large composite sample representing the algal assemblage from all 15 cobbles. Total 

cobble surface area was estimated using the aluminum foil mass-to-area conversion 

method (Lamberti et al. 1991), which was later used to estimate algal species biovolume 

per unit area.  

At the midpoint of each transect we estimated current velocity using a Marsh-

McBirney flowmeter (Loveland, Colorado, USA), as well as canopy cover (0-100%) 

using a densiometer, and used the mean of these values for analysis. Upstream of 

sampling activity, we determined TP and total nitrogen (TN) concentrations from 

triplicate instantaneous water grab samples pursuant to EPA QA/QC standards and 

APHA protocols (APHA 2005). We also determined water temperature (°C) using a YSI 

multiprobe, and measured stream discharge (m3 s-1) using USGS protocols. 

The composite periphyton sample was thoroughly homogenized using a hand-

blender until no large aggregates remained, then placed on a stir plate to suspend the 

sample at a high rate of stirring to ensure the sample remained homogenized. We 

widened volumetric pipettes to prevent clogging in particularly dense samples, and pulled 

10 mL aliquots from the suspended sample until a final volume of 100 mL was reached. 

We then preserved the sample in buffered formalin (4% v/v) for soft-algae taxonomy, and 

then repeated the process to obtain a separate sample for diatom taxonomy. Species 

identity and biovolume by species of non-diatom and diatom species were identified and 

estimated by expert taxonomists (see acknowledgements). Total biovolume (mm3 m-2) by 

species per sample was estimated based on the fraction of the total sample identified and 

the total area of the substrate sampled (Hillebrand et al. 1999). An additional 50 mL of 
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slurry was dried at 60°C and pulverized using a BioSpec bead beater to colorimetrically 

determine tissue P content using a Lachat Quik-Chem FIA (as g P m-2).  

Data Analysis 

We first assessed how species coexistence changed with increasing nutrient 

enrichment (as TP) at each site visit by determining species richness at each site visit (α-

diversity) and for all species observed at a site (temporal γ-diversity) using generalized 

linear models (GLMs). We then quantified temporal variation in algae assemblage 

composition using the Baselga partitioning framework (Baselga 2017). This framework 

incorporates the relative abundance of species, and partitions total variation in 

community composition (temporal βTOT) into two components that capture different 

temporal phenomena. Temporal βBAL was used to quantify compensatory dynamics in the 

algal assemblage, and measures variation at a site that occurs when individuals of some 

species are replaced by the same number of individuals from another (i.e. balanced 

variation in abundances) Temporal βGRA measures variation that occurs from abundance 

losses or gains without a corresponding balancing change (i.e. an abundance gradient 

where one community is a subset of another). We directly regressed temporal βTOT on 

mean TP using a GLM. 

Due to the strong non-linear response of both βBAL and βGRA to TP, we estimated 

the location where the relationship between temporal β-diversity and mean TP shifts 

using a bootstrapped deviance reduction technique (King and Richardson 2003). We 

iteratively partitioned the response variable of interest along the TP gradient, and 

identified the point that maximizes between-group variance relative to within-group 

variance. To quantify uncertainty around the locations of TP changepoints, we 
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bootstrapped (resampled with replacement) the original dataset and reran the deviance 

reduction 999 times. The results are presented as histograms which display the 

distribution of changepoint locations identified by the bootstrap simulations. 

We also used segmented regression both to provide an additional estimate of 

changepoint locations, and to describe the response of temporal βBAL and βGRA to mean 

TP before and after the breakpoints. Both βBAL and βGRA are positively bound metrics, so 

we constructed generalized linear models (GLMs) using a gamma distribution and log-

link function due to variance behavior and distributions of the residuals from each model, 

and the `segmented` package for segmented regression.  

To visualize spatiotemporal dissimilarity in community structure, we used 

nonmetric multidimensional scaling (NMDS) ordinations. We ordinated three distance 

matrices of periphyton communities from each site visit using the pair-wise versions of 

βTOT, βBAL, and βGRA and the `metaMDS` function in the vegan package. We excluded 

taxa observed at a single site and event (60 of 296 taxa) to reduce stress in the ordinations 

and specified 500 random starts to ensure global solutions (McCune and Grace 2002). A 

3-dimensional solution was specified because higher dimensionality only marginally

reduced stress in the final solutions. To explore environmental drivers of community 

structure, we fit vectors of linear correlations between periphyton structure and a suite of 

environmental variables known to influence algae using the `envfit` function. We 

assessed the significance of 6-month mean log TP and log TN (μg L-1), log periphyton 

tissue P content (g m-2), water temperature (°C), discharge (m3 s-1), and canopy cover (%) 

with 999 random permutations, and retained significant variables for plotting.  
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We included periphyton tissue P because large amounts of anthropogenic P may 

be sequestered in periphyton. Because TP was our primary gradient of interest, we 

rotated the solutions so that the greatest variation in TP concentrations were aligned 

along the first NMDS axis. To aid in visualization, we found the spatial mean of each 

sampling event in ordination space for locations above and below the TP breakpoints 

identified above, and connected the spatial means with vectors to display successional 

trajectories through time.  

To estimate how temporal assembly defined by different levels of βBAL and βGRA 

might influence algal community stability (CS), we calculated a common metric to assess 

stability of algal biovolumes; CS  = µbiovolume/σbiovolume (Tilman et al. 2006), where µ and σ 

are the mean and standard deviation of summed biovolumes observed at a site over the 

study period, respectively. We then tested whether CS was influenced by temporal 

assembly patterns by regressing CS on temporal βBAL and βGRA using GLMs. We 

specified a Gamma distribution with a log-link after visual assessment of variance 

behavior and distribution of the residuals. All analyses and plotting were conducted in the 

R language environment (R Core Team, 2017). 

 
Results 

Over the 2-year study, we observed 296 total taxa from 382 unique site visits. 

Mean and median richness per sample was 36.35 and 36, and mean and median 

biovolumes per sample were 25071.6 and 9139.13 mm3 m-2, respectively. Mean TP 

ranged from 7.02 to 137.77 μg L-1, and increased roughly log-linearly when sites were 

ranked by increasing P enrichment (Appendix B, Fig. B1). α-diversity increased 

positively with TP (Fig. 3.1a, p < 0.001), indicating that more species were able to  



37 

Figure 3.1. Richness based measures of biodiversity at both local (α-diversity, a) and temporally integrated 
(temporal γ-diversity) scales across a phosphorus enrichment gradient (as total phosphorus, TP). α-diversity 
increased with TP enrichment (p < 0.001), while TP was not predictive of temporal γ-diversity. (c) 
Temporal βTOT also displayed no relationship with TP enrichment. 

coexist at any given time with increased enrichment, but TP provided little explanatory 

power (7.89% deviance explained). Temporal γ-diversity ranged from 86 to 152, and 

displayed no relationship with TP (Figure 3.1b, p = 0.143). Likewise, temporal βTOT 

showed no response to TP enrichment (Fig. 3.1c, p = 0.813), and ranged from 0.863 to 

0.948. 

Compensatory Dynamics in Freshwater Algae 

Though unpartitioned temporal βTOT showed no relationship with increasing 

nutrient enrichment, partitioning temporal βTOT into βBAL and βGRA components 

uncovered markedly different temporal patterns in the periphyton as P enrichment 

increased (Fig. 3.2). βBAL showed sharp, non-linear declines with increasing TP (p < 

0.001, 49.5% deviance explained), while βGRA displayed the opposite relationship (p < 

0.001, 47.7% deviance explained). The segmented regressions placed the breakpoints at 

24.6 ± 2.01 (SE) μg L-1 TP and 24.7 ± 4.23 μg L-1 TP for βBAL and βGRA, respectively. 

nCPA placed the breakpoints at slightly higher TP concentrations, and detected sharp 
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changes in the distributions of βBAL at 37.0 μg L-1 TP (95% bootstrap quantiles 32.7 – 

38.3), and βGRA at 39.0 μg L-1 TP (95% bootstrap quantiles 33.9 – 47.4). Below these 

critical TP concentrations, temporal β-diversity in the periphyton was relatively stable 

among sites and characterized by compensatory fluctuations in species abundances (βBAL 

~ 0.8), with βGRA contributing less to community variation (~0.1). Above the identified 

TP thresholds, the relative contribution of βBAL and βGRA to βTOT began to switch, with 

βGRA characterizing much more of temporal β-diversity at high levels of P enrichment (as 

much as 0.37).  

 

 

Figure 3.2. Two different modes of temporal β-diversity displayed markedly different relationships with 
total phosphorus (TP) enrichment. (a, blue graphics) Temporal βBAL declined sharply with increasing TP 
(segmented regression, p < 0.001), while (b, green graphics) temporal βGRA increased with increasing TP 
(seg. regression, p < 0.001). Histograms shown are the distribution of computed changepoints in the 
relationships between temporal βBAL and βGRA with TP, and vertical red lines are the means of those 
distributions. 
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Spatiotemporal Variation in Community Structure 

NMDS ordinations of pair-wise temporal βTOT (stress = 0.13) partitioned into βBAL 

(stress = 0.18) and βGRA (stress = 0.22) components identified several important 

environmental drivers of spatiotemporal community variation (Fig. 3.3, all presented  

Figure 3.3. Spatiotemporal dissimilarity in community structure across 35 streams and 2 years constructed 
from pair-wise dissimilarity measures of βTOT (total β-diversity, left column, stress = 0.13), βBAL 
(measuring compensatory dynamics, center column, stress = 0.18), and βGRA (measuring abundance-
gradients, right column, stress = 0.22). Points are colored by low total phosphorus (TP, green triangles) and 
high TP (orange circles) sites as determined by changepoint analysis. Top panel arrows display significant 
(p < 0.001) environmental vectors predictive of spatiotemporal structure in community composition. 
Bottom panel displays the 2D spatial mean of each sampling event split by high and low TP sites, and are 
connected by successional vectors. Numbers are sampling events (1 – Jun ’14, 2 – Aug ’14, 3 – Oct ’14, 4 – 
Dec ’14, 5 – Feb ’15, 6 - April ’15, 7 – Jun ’15, 8 – Aug ’15, 9 – Oct ’15, 11 – Feb ’16, 12 – April ’16). 

environmental vectors p < 0.001). The first NMDS axis was strongly correlated with 

6-month mean TP (log) for βTOT and βBAL (r = 0.63 and r = 0.63, respectively), while TP

explained less community variation in βGRA (r = 0.22). Overall, water temperature was 
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the second most important driver of periphyton structure, and aligned strongly with axis 2 

in the βTOT (r = 0.68) and βBAL (r = 0.52) ordinations, and axis 1 in the βGRA ordination (r 

= 0.41). For βBAL (Fig. 3.3, upper middle plot), sampling units were widely dispersed at 

low levels of nutrient enrichment along a seasonally driven gradient of water 

temperature. As TP increased, separation along the temperature gradient decreased and 

created a wedge-shaped distribution. Variation in periphyton community structure also 

correlated with stream discharge, tissue P, TN, and pH for βTOT and βBAL, and for tissue 

P, TN, and pH for βGRA (see Appendix B, Table B1 for full details). The first and second 

dimensions of the NMDS ordination captured most of the dissimilarity in community 

structure (see Appendix B, Fig. B2 for third NMDS axis). 

Successional vectors (Fig. 3.3, lower panel) highlight broad differences in 

periphyton seasonal patterns above and below the identified TP breakpoint. The largest 

community differences as measured by βGRA occurred at both low temperatures (sampling 

events 4, 5, 11, and 12 occurring in December 2014, February 2015, February 2016, and 

April 2016, respectively) and at high total- and tissue-P concentrations, which indicates 

the largest changes in species abundances occurred under these joint conditions. An 

outlier from the general trends mentioned above was the periphyton structure observed in 

February of the second year of sampling (sampling event 11) that followed several storms 

that caused historic flooding and subsequent streambed scouring. 

Community Stability 

Community stability displayed a positive relationship with temporal βBAL (Fig. 

3.4a, p < 0.0001, 37.1% dev. explained), which indicates increased stability with 

increased prevalence of compensatory dynamics. In turn, temporal βGRA was associated 



41 

with increasing instability in community biovolumes, and displayed a negative 

relationship with community stability (Fig. 3.4b, p < 0.0001 62.8% dev. explained). 

Figure 3.4. Community stability (CS) as measured by the ratio of mean biovolume to the biovolume 
standard deviation for algae from each site against two modes of temporal β-diversity, (a, top) βBAL and (b, 
bottom) βGRA. CS increased with increasing levels of temporal βBAL (p < 0.001, deviance explained = 37.1 
%) and declined with increasing levels of temporal βGRA (p < 0.001, dev. explained = 62.8 %). 
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Discussion 

Our study shows that algal assemblages under natural nutrient regimes display 

seasonally driven compensatory dynamics which nonlinearly break down with increasing 

eutrophication. Though we were unable to detect differences in community assembly 

with a composite measure of temporal β-diversity (βTOT), partitioning temporal variation 

in community composition into components that measured compensatory dynamics 

(βBAL) as well as variation due to gradients in abundance (βGRA) revealed that community 

seasonality was governed by markedly different modes of assembly based on nutrient 

availability. Our results also support theoretical (Tilman 1985, Lehman et al. 2000) and 

empirical studies (Bai et al. 2004, Descamps-Julien and Gonzalez 2005) that indicate 

ecosystems with prevalent compensatory dynamics are more stable (Loreau and de 

Mazancourt 2013), as we observed increasingly stable algal biovolumes with increased 

βBAL over the 2-year study. 

The search for compensatory dynamics has yielded conflicting findings (as 

reviewed by Gonzalez & Loreau 2009), and there is some evidence that synchronous 

responses to environmental factors may dominate natural communities (Houlahan et al. 

2007). However, under oligotrophic conditions we found algae community composition 

was driven primarily by seasonal factors extrinsic to the stream ecosystem, namely 

variation in water temperature and flow (Fig. 3.3, top panel). The ability to detect 

compensatory dynamics in natural communities may largely be a matter of scale, as 

examining community variation at interannual time scales overlooks assembly patterns 

that have evolved in response to seasonal variation in environmental conditions (Tonkin 

et al. 2017). Stream ecosystems are highly heterogeneous, and periphytic algae display a 
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rich variety of morphology, growth dynamics, and strategies for resource acquisition that 

enable them to avoid competitive exclusion by exploiting finely partitioned niches (Passy 

2009, Cardinale 2011, Wehr et al. 2015). Our results indicate that seasonal drivers of 

biodiversity promote the coexistence of species by adding a temporal dimension to each 

spatial niche dimension that exists at any given time.  

The rareness of readily observable compensatory dynamics in natural ecosystems 

may also be due in part to the increased prevalence of novel environments (Radeloff 

2015), as we observed sharp declines in temporal βBAL under relatively low levels of 

nutrient enrichment (~25 µg L-1 TP), a common anthropogenic stressor (Carpenter et al. 

1998, Smith et al. 2006). Nonlinear responses of stream periphyton biomass and 

composition to anthropogenic changes are common (Taylor et al. 2014), and nutrient 

enrichment has spurred dramatic reorganization of interannual assembly patterns in lake 

phytoplankton following a regime shift (Jochimsen et al. 2013). Suppression of seasonal 

niche separation between organisms with increased fertilization also has been 

documented in a grassland community (Doležal et al. 2019), which indicates that nutrient 

enrichment is a threat common to the temporal maintenance of biodiversity in both 

terrestrial and aquatic ecosystems. 

We observed increased community stability when temporal β-diversity was 

characterized by compensatory dynamics (temporal βBAL, Fig. 3.4a), which adds to a 

growing body of literature noting strong relationships between biodiversity and 

ecosystem stability (Tilman et al. 2006, Ives and Carpenter 2007, Morin et al. 2014, 

Pennekamp et al. 2018). Increased stability, considering water temperature and flow were 

two primary drivers of community structure (Fig 3.3, lower panel), indicates that 
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asynchrony in species responses to abiotic conditions had a stabilizing effect on total 

biovolumes (i.e. increase in the portfolio effect, sensu Schindler et al. 2015). Further, had 

we only considered a composite measure of temporal β-diversity (βTOT), or examined 

stability in response to either cumulative richness (temporal γ-diversity) or spot-

measurements of biodiversity (α-diversity), we would have spuriously concluded either 

(1) no relationship between algal diversity and stability, or (2) decreased stability as 

richness increased. The seemingly disparate findings produced by studies of diversity-

stability relationships (as reviewed by Ives and Carpenter 2007) therefore may not only 

be due to the multitude of definitions that attempt to quantify the concept of stability, but 

also because richness measures alone poorly account for community changes in 

seasonally dynamic ecosystems.  

The increased instability we observed in enriched communities highlights the 

need to consider biotic interactions when examining temporal phenomena. The largest 

differences in βGRA were jointly driven by increased TP and low temperatures (Fig. 3.3), 

which corresponded to times of the year when large blooms of nuisance algae carpeted 

eutrophic streams (dominated by the nuisance green alga Cladophora glomerata, Dodds 

1991). Swings in algal biovolumes were likely due to seasonally variable top-down 

control by large numbers of stonerollers (Campostoma anomalum, the dominant 

vertebrate grazer) and pleurocerid snails (the dominant invertebrate grazer as documented 

in a concurrent study, Cook et al. 2018), as grazing rates are heavily dependent upon 

metabolic activity and thus thermally controlled (Hillebrand 2009). Numerous studies 

have noted the importance of top-down controls on producer biomass (Power et al. 1988, 

Hillebrand 2009, Beck et al. 2018), which can be sometimes be stronger than the bottom-
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up effects of resource supply (Rosemond et al. 2000). It is likely that during the cooler 

months that the bottom-up effects of nutrient supply exceeded the ability of thermally 

suppressed grazers to control algal biomass.  

Periphytic algae occupy a central role in stream ecosystem functioning (Battin et 

al. 2016), are the dominant contributors to autochthonous production (Vannote et al. 

1980), mediate nutrient and organic matter cycling (Mulholland and Rosemond 1992), 

and provide food for many invertebrate and vertebrate grazers (Power and Matthews 

1983). High degrees of seasonal variation in community composition could indicate a 

large amount of complementarity in stream algae, especially considering niche 

partitioning has been linked to increased uptake and storage of nutrients (Cardinale 

2011). Diverse communities of producers use resources more efficiently than depauperate 

ones (Tilman 1996, Bracken and Stachowicz 2006, Zuppinger-Dingley et al. 2014), and 

the breakdown in seasonal patterns we observed may have especially important 

implications for the ability of periphyton to efficiently sequester anthropogenic nutrients 

and thereby inhibit a key ecosystem service of stream algae. Our results show nutrient 

enrichment strongly influences the structural aspect of seasonal biodiversity, which likely 

has widespread impact on the seasonally driven functioning of stream ecosystems. 
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CHAPTER FOUR 
 

Riverine Benthic Algae Exhibit Much Stronger and More Synchronous Responses to 
Nutrient Enrichment Than Do Macroinvertebrate Assemblages 

 
 

Introduction 

Natural ecosystems are increasingly threatened by anthropogenic impacts that 

cause abiotic conditions to deviate from historical norms (Fox 2007, Radeloff et al. 

2015). Novel environmental conditions can alter biotic interactions (Bates et al. 2017), 

cause physiological stress and the direct extirpation of some species (King et al. 2011), 

and convey an adaptive advantage to others (Anderson et al. 2002). Combined, 

individualistic responses to novel environments cause new species associations to form, 

which in turn leads to novel communities that may bear little resemblance to their natural 

counterparts (Hobbs et al. 2009). Coincident changes in ecosystem function frequently 

accompany structural reorganization and losses in biodiversity (Cardinale 2011, 

Cardinale et al. 2012, Nelson et al. 2013), therefore establishing how and at what degree 

of anthropogenic impact communities respond remains especially important. 

Species frequently display threshold responses to novel gradients (King and Baker 

2010). Here, thresholds are defined as disproportionately large changes in distribution or 

abundance of species in response to an incrementally small change in environmental 

condition (Groffman et al. 2006, see Dodds et al. 2010 for review). Phylogenetically 

related species in a community have coevolved to exploit ecologically similar but unique 

niches, and their fitness can be indiscriminately reduced by conditions that deviate 

strongly from their evolutionary past (King et al. 2011, Bernhardt et al. 2012). Tolerant 
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species can increase in abundance to fill niche-space left by declines in these sensitive 

taxa (Wallace and Biastoch 2016) or increase because they are better able to exploit a 

novel resource subsidy (Smucker et al. 2013). Many species changing synchronously 

under similar magnitudes of stressor may be indicative of a threshold response that 

impacts the entire community, though catastrophic shifts in ecosystem state may be 

foreshadowed by the loss of even a few species (Power et al. 1996, Pace et al. 1999). 

Therefore, characterizing species-specific responses to changing environments is 

necessary to assess anthropogenic impact and mitigate potential changes to ecosystems. 

Elevated nitrogen (N) and phosphorus (P) concentrations are the leading cause of 

biological degradation in freshwaters worldwide (Carpenter et al. 1998, Smith et al. 2006, 

Paulsen et al. 2008, Dodds and Smith 2016). In lotic ecosystems, periphytic algae and 

benthic macroinvertebrates are the two assemblages most commonly used to quantify the 

degree of degradation (Bonada et al. 2006, Resh 2008), and despite their global 

distribution and near ubiquitous use as bioindicators, each assemblage is influenced by 

enrichment through markedly different pathways.  

Algae can directly access the increased dissolved pools of inorganic and organic 

nutrients associated with eutrophication, which differentially affects the fitness of algal 

species (Tilman 1977, Hillebrand and Sommer 1999). While nutrient concentrations may 

be toxic to macroinvertebrates under highly eutrophic conditions (Zhang et al. 2018), 

most of the effects of enrichment on higher trophic levels are indirect and primarily 

mediated by the periphyton community. Oxygen concentrations decline to levels harmful 

to macroinvertebrates by the senescence and decomposition of large standing stocks of 

algae as a result of nutrient enrichment (Carpenter et al. 1998). Even low levels of 
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enrichment can alter the relative fitness of macroinvertebrate species by alleviating the 

mismatch between nutritionally poor basal food resources (high C:N and C:P) and 

macroinvertebrates with higher tissue N and P (Singer and Battin 2007), and there is 

evidence that changes to resource quality may drive threshold responses to eutrophication 

in macroinvertebrate assemblages (Evans-White et al. 2009).  

Despite recommendations that biotic assessment consider multiple groups of 

organisms (Barbour et al. 1999), very few studies have comparatively assessed species 

and assemblage-level threshold responses to eutrophication in multiple assemblages (but 

see Taylor et al. 2014, Kovalenko et al. 2014, and Wagenhoff et al. 2016). Further, most 

assemblage-level comparisons available use univariate metrics or region-specific indices 

to compare biotic response to eutrophication (Mazor et al. 2006, Newall et al. 2006, 

Justus et al. 2010, Wagenhoff et al. 2017), which are often unable to detect the presence 

of ecological thresholds because they compress information about species-specific 

responses into a single value (Baker and King 2010). Both algal and macroinvertebrate 

assemblages are clearly altered by eutrophication, but because of the unique mechanisms 

that influence each assemblage there may be differences in the type and magnitude of 

response. 

We examined algal and macroinvertebrate assemblages across 35 streams 

spanning a steep P gradient to (1) identify levels of nutrient enrichment that resulted in 

non-linear shifts in stream assemblage structure, and (2) assess whether algae and 

macroinvertebrates were impacted at similar levels of enrichment. We also contrasted 

assemblage responses to water column nutrient concentrations and periphyton nutrient 

content as measures of enrichment, since resource quality may be a better predictor of 
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changes in assemblage structure at higher trophic levels (Singer and Battin 2007, Evans-

White et al. 2009). We hypothesized algal assemblage structure would display strong 

non-linear shifts in response to nutrient concentrations, but that macroinvertebrate 

assemblage response would be less synchronous because higher trophic levels are largely 

removed from the direct effects of nutrient enrichment. For the same reason, we also 

hypothesized periphyton nutrient content would better predict shifts in macroinvertebrate 

assemblage structure.  

Methods 

Study Area 

The 35 study sties were mid-order streams (3rd to 5th order) located in the Ozark 

Highlands and Boston Mountains Level III ecoregions of Oklahoma and Arkansas, USA 

(Omernik and Griffith 2014). The streams were selected to span a wide gradient of 

nutrient enrichment due to an uneven distribution of land-applied P-rich poultry litter and 

wastewater treatment plant discharges (Haggard 2010, Scott et al. 2011, Jarvie et al. 

2012). We targeted cobble-dominated riffle-run habitat with moderately fast, 

unobstructed flow (site means ranging from 0.31 – 0.77 m s-1) and open canopies 

(typically <10% cover during peak growth in summer) to minimize among-site habitat 

variability so that the only substantive difference among study sites was the degree of 

nutrient enrichment. Sampling began in June 2014, and we revisited sites every other 

month for 2 years which resulted in 12 sampling events through April 2016. 
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Data Collection 
 

We measured in-stream nutrient concentrations from collected instantaneous 

water grab samples in triplicate upstream of all other sampling activity. We also 

determined water temperature (°C) at this location using a YSI EXO1 multiprobe (YSI, 

Inc., Yellow Springs, OH, USA), and stream discharge (c.f.s) using a Marsh-McBirney 

flowmeter (Loveland, Colorado, USA). Water samples were analyzed on a Lachat 8500 

QuikChem Series 2 (Hach Corporation, Loveland Colorado, USA) for total P (TP) and 

total N (TN) pursuant to EPA QA/QC standards and APHA protocols (APHA 2005).  

We estimated algal (including cyanobacteria) and macroinvertebrate assemblage 

structure by collecting a composite sample of each assemblage during every site visit. We 

ran three transects that spanned the width of the target habitat and placed 5 equidistant 

points along each transect. One cobble 0.5 m upstream of each point was collected 

(totaling 15 cobbles site-1 visit-1), and we removed the periphyton by vigorously 

scrubbing the upper surface of the cobble with a stainless-steel brush immediately after 

collection. Material from all cobbles was washed from the surface to form a composite 

sample that was placed in a dark bottle on ice for further processing. Total cobble surface 

area was estimated using the aluminum foil mass-to-area conversion method (Lamberti et 

al. 1991), which allowed us to estimate algal species biovolumes per unit area. The 

benthic macroinvertebrate assemblage was sampled 0.5 m upstream of the collected 

cobbles in an undisturbed area using 0.086-m2 Hess samplers, which resulted in 1.29 m2 

of sampled benthos from 15 Hess samples. We also recorded depth (m) at each point 

along the transects, and current velocity (m s-1) and canopy cover (0-100%) at the 
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midpoint of each transect because these abiotic factors may influence algal (Jyrkänkallio-

Mikkola et al. 2016) and macroinvertebrate community composition (Heino et al. 2012). 

Benthic algae and macroinvertebrate assemblage composition was determined 

following EPA Rapid Bioassessment Protocols (1999). The composite periphyton sample 

was thoroughly homogenized using a hand-blender until no large aggregates remained, 

then placed on a stir plate to suspend the sample at a high rate of stirring to ensure the 

sample remained homogenized. We widened volumetric pipettes to prevent clogging in 

particularly dense samples, and pulled 10 mL aliquots from the suspended sample until a 

final volume of 50 mL was reached. We then preserved the sample in buffered formalin 

(4% v/v) for soft-algae taxonomy, and then repeated the process to obtain a separate 

sample for diatom taxonomy. Species identity and biovolume by species of non-diatom 

and diatom species were identified and estimated by expert taxonomists (see 

acknowledgements). Total biovolume (mm3 m-2) by species per sample was estimated 

based on the fraction of the total sample identified and the total area of the substrate 

sampled. 

The composite macroinvertebrate sample was preserved in buffered formalin (5% 

v/v) for later identification and enumeration (sorting and identification procedures 

detailed in Cook et al. 2018). Macroinvertebrate specimens were typically identified to 

genus (except for Chironomidae, Hydrachnidia, and Oligochaeta), and taxa abundances 

standardized to the area sampled. 

We also determined periphyton carbon (C), N, and P content of periphyton. At 

least 50 mL of periphyton slurry was evaporated and dried at 60 °C, and then 

homogenized using a bead-beater (Biospec Products, Virginia USA). Inorganic 
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carbonates were removed from the dried sample by acid fumigation (HCl), and then 

periphyton C and N were estimated using a ThermoQuest FlashTM elemental analyzer. 

Periphyton P was estimated using the alkaline persulfate digestion method and 

colorimetric analysis on a Lachat 8500 QuikChem Series 2. 

 
Data Analysis 
 

We used multiple distinct but complementary analyses to model algal and 

macroinvertebrate assemblage responses to measures of nutrient enrichment. We first 

examined the effect of water column nutrient enrichment on periphyton nutrient content 

to determine how enrichment was influencing the primary basal food resource among 

study streams. Then, to assess drivers of assemblage structure, we ordinated 2-year mean 

algal biovolumes and macroinvertebrate densities, and correlated assemblage 

dissimilarity to 2-year site means of predictor variables expected to be the most 

influential to stream algae and macroinvertebrates. Finally, we examined thresholds of 

both individual taxa, and assemblage-level thresholds in response to nutrient enrichment. 

 
GAM modeling of periphyton nutritional quality.  We used GAMs to model the 

strong non-linear response of periphyton nutrient content to nutrient enrichment. We 

modeled the ratios of mean periphyton C:P, C:N, and N:P to TP and TN enrichment, and 

specified a Gamma distribution and log-link due to variance behavior and visual 

distribution of the residuals (Zuur 2009). Response variables in each model were 

weighted by the inverse of their standard deviation to increase the influence of highly 

stable variables in the final models (Gurevitch and Hedges 1999). We used the mgcv 
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package in R, which uses cross-validation penalization to specify the optimal amount of 

smoothing to avoid overfitting (Wood 2017). 

NMDS ordination of algal and macroinvertebrate assemblages.  We visualized 

dissimilarities in assemblage structure among streams using two NMDS ordinations of 2-

year mean algal biovolumes and macroinvertebrate densities. We used a Bray-Curtis 

dissimilarity metric and log(x+1) transformed taxa biovolumes and densities prior to 

analysis to down weight the contribution of taxa that frequently dominant eutrophic sites 

(McCune and Grace 2002). Singletons were excluded (60 of 296 algal taxa, and 52 of 

213 macroinvertebrate taxa) to reduce stress in the final solutions. We used the vegan 

package in R to ordinate taxa data, specified 500 random starts to ensure a global 

solution, and specified a 2D solution after noting minimal reductions in stress upon 

adding additional dimensions. 

We used environmental vector fitting in NMDS ordination space to identify 

significant correlations between potential environmental drivers (2-year means of TP, 

TN, water temperature, discharge, water depth, canopy cover, and periphyton nutrient 

content) and assemblage structure. Environmental drivers that showed strong non-

linearity with assemblage structure were log-transformed prior to fitting (TP, TN, and 

periphyton C:P and N:P), and significance was assessed using 1000 random permutation. 

Significant (p < 0.001) variables were retained for plotting, and the final NMDS solutions 

were rotated so that the first axis aligned with log TP enrichment. 

Threshold Indicator Taxa ANalysis (TITAN).  The prior analyses informed which 

environmental gradients were used to analyze assemblage thresholds with Threshold 
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Indicator Taxa ANalysis (TITAN, Baker and King 2010, 2013). TP concentration 

provided more explanatory power than TN concentrations when modeling periphyton 

nutrient content, and periphyton C:P also was more highly correlated to 

macroinvertebrate assemblage structure than C:N in ordination space. These analyses, 

along with data gathered during a concurrent study that displayed rapid uptake of water 

column P with little change in N concentrations during periods of peak productivity, are 

more indicative of P than N limitation. Thus, we used water column TP and periphyton 

C:P to test our hypotheses concerning differences in threshold responses between 

assemblages. 

TITAN iteratively partitions a gradient of interest into two groups and uses 

standardized IndVal scores (or IndVal z-scores, Dufrêne and Legendre 1997) to identify 

which side of the gradient a taxa is more associated with at each partition. The location 

along the gradient that maximizes a taxon association with one side of the gradient is 

identified as a candidate change point, and bootstrapping is used to identify pure (the 

change occurs in the same direction) and reliable (the change is distinguishable from a 

random distribution) taxa. Taxa both increasing (z+) and decreasing (z-) along an 

environmental gradient may be identified this way.  

We used 2-year mean TP and periphyton C:P as gradients using TITAN to 

examine threshold responses of algal and macroinvertebrate assemblages. We specified 

the minimum number of observations needed on either side of a partition as >=3, and 

only retained taxa for analysis that occurred at more than 3 sites (192 of 296 algal taxa, 

and 124 of 213 macroinvertebrate taxa). We also left the biovolumes and abundances 

untransformed for this analysis (King and Baker 2014), and specified 1000 bootstrap 
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replicates. We considered the evidence of a taxon threshold to be strong if at least 95% (p 

< 0.05) of the bootstrap runs resulted in taxon change in the same direction, and at least 

95% (p < 0.05) of the bootstrap runs were significantly different from a random 

distribution. We plotted the location of taxon-specific changepoints that met these 

criteria, and the distribution of changepoints generated from the bootstrapped replicates.   

The sum of IndVal z-scores [sum(z+) for increasers and sum(z-) for decreasers] 

derived from individual taxa is used to identify regions of assemblage-level change, and 

was plotted against both TP and periphyton C:P. Peaks in the sum(z) distribution indicate 

regions along an environmental gradient where many taxa are synchronously changing 

and may be used as evidence for an assemblage-level threshold. Wide plateaus in sum(z) 

distributions result when taxa thresholds occur across a wider range of the environmental 

gradient, and provide less evidence for an assemblage-level threshold (Baker and King 

2013). We also displayed probability densities of sum(z) maxima generated during the 

bootstrapping procedure, because if maxima across many replicates form a narrow peak, 

this provides additional statistical evidence for an assemblage-level threshold. 

Results 

Mean TP ranged from 7.15 to 127.15 μg L-1, mean TN ranged from 122.38 to 

5136.58 μg L-1. Periphyton nutrient content increased significantly at relatively low levels 

of TP enrichment (Fig. 4.1). Water column TP concentrations were strongly predictive 

periphyton C:P (p < 0.001, deviance explained = 88.2%), C:N (p < 0.001, dev. exp. = 

69.9%), and N:P (p < 0.001, dev. exp. = 84.1%), while TN explained less variation in  
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Figure 4.1. Periphyton tissue C:P, C:N, and N:P all declined in response to total phosphorus (TP, log-scale) 
concentrations. GAM smoothers (all p < 0.001) indicated that TP explained more variation in C:P 
(deviance explained = 88.2%) and N:P (dev. exp. = 84.1%) than C:N (dev. exp. = 69.9%). 
 
 
 



57 

periphyton C:P (p < 0.001, dev. exp. = 73.4%), C:N (p < 0.001, dev. exp. = 48%), and 

N:P (p < 0.001, dev. exp. = 68.5%, Appendix C, Fig. C.1). Periphyton C:P decreased 

rapidly from 700 to 300 where TP increased from < 10 to 20-30 μg L-1 (Fig. 4.1, top 

pane).  

NMDS ordination of both algal (2D stress = 0.07) and macroinvertebrate (2D 

stress = 0.16) assemblages were strongly structured by gradients that were correlated with 

nutrient enrichment (Fig. 4.2, all displayed environmental vectors p < 0.001). For algal 

assemblages, NMDS axis 1 aligned strongly with log TP (r = 0.91), log TN (r = 0.88), log 

C:P (r = 0.90), and log N:P (r = 0.89), while axis 2 was primarily ordered by stream 

Figure 4.2. Nonmetric multidimensional scaling (NMDS) ordination of algal (left pane, green, 2D stress = 
0.07) and macroinvertebrate (right pane, orange, 2D stress = 0.16) assemblages based on 2-year mean 
biovolumes (mm3 m-2) and abundances (m-2), respectively. Point size indicates the degree of nutrient 
enrichment as measured by TP and periphyton tissue C:P. Arrow indicate correlations of environmental 
gradients associated with assemblage structure among sites. The direction of the arrow signifies the 
direction of correlation, and the length of the arrow the magnitude of correlation (all shown vectors p < 
0.001). 
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discharge (r = 0.43), periphyton C:N (r = 0.75), and water velocity (r = 0.62). For 

macroinvertebrate assemblages, the first NMDS axis represented a strong gradient in log 

TP (r = 0.75) and log TN (r = 0.79) concentrations, as well as gradients in periphyton log 

C:P (r = 0.72), C:N (r =0.64),and log N:P (r = 0.70). Less separation occurred along the 

second NMDS axis, which correlated with gradients in discharge (r = 0.71), stream depth 

(r = 0.49), and water temperature (r = 0.43). Full details of environmental vectors can be 

found in Appendix C, Table C.1. 

Algae showed evidence of strong, synchronous changes at relatively low levels of 

TP enrichment (Fig. 4.3) for 57 increasing (15.58 μg L-1, 95 % CI of 15.57-32.16) and 17 

decreasing (20.1 μg L-1, 95% CI of 11.05-24.09) taxa. Benthic macroinvertebrates 

showed a much wider distribution of observed changepoints for 20 increasing (37.68 μg 

L-1, 95 % CI of 9.12 – 48.92) and 9 decreasing taxa (37.68 μg L-1, 95 % CI of 9.86 – 

48.92), which provided much less support for an assemblage-level threshold in response 

to TP enrichment. Rather, the bimodal distribution in sum-z maxima indicates that 

different subsets of the assemblage are altered at different levels of TP enrichment, with 

some macroinvertebrates changing in presence and abundance at TP concentrations as 

low as ~ 10 μg L-1. 

Though water column nutrient enrichment was not indicative of synchronous 

threshold responses in macroinvertebrate taxa, enrichment of periphyton nutrient content 

was predictive of synchronous change of multiple taxa (Fig 4.4b, note that the x-axes are 

inverted so that increasing nutrient enrichment, or lower C:P content, increases left to 

right). Eleven macroinvertebrate taxa declined with increasing resource quality around  
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Figure 4.3. Changes in algal (a, top pane) and 
macroinvertebrate (b, bottom pane) assemblages across 
a total phosphorus (TP, μg L-1) gradient as identified by 
Threshold Indicator Taxa ANalysis (TITAN). 
Responses are split between taxa increasing (red, open 
point) and decreasing (blue, closed points) to TP 
enrichment. The bottom-most plot (continued) in each 
panel shows the filtered sum-z scores of significant 
indicator taxa, while the middle panes show the 
distribution of sum-z maxima as identified from 999 
bootstrap replicates. Peaks in each distribution may be 
interpreted as evidence for a synchronous shift in 
assemblage composition. Candidate changepoint 
locations are displayed in the top panel, along with 95% 
confidence intervals around the changepoints. 
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the same levels of C:P enrichment (235.65, 95% CI of 215 – 253), while 11 taxa 

increased at slightly lower levels of C:P enrichment (263.05, 95% CI of 237 – 321). 

Multiple macroinvertebrate taxa synchronously declining with increase periphyton C:P 

was consistent with an assemblage-level threshold, while taxa positively responding to 

increased nutrient availability did so at a broader range of periphyton C:P. For algae, 

periphyton C:P enrichment provided little additional explanatory power over TP 

enrichment (Fig. 4.4a), and TITAN identified wider thresholds in 16 declining taxa 

(301.8 C:P, 95% CI of 264 - 433) and 61 increasing taxa (301.82, 95% CI of 254 - 359).  

Overall, algal assemblage-level responses were much stronger than responses of 

macroinvertebrate assemblages to measures of enrichment (Fig. 4.3, 4.4). The filtered 

sum-z maxima are indicative of the strength of predictors, which were much lower for 

macroinvertebrate assemblages using both TP (sum-z maxima = 26 for decreasers, 55 for 

increasers) and C:P (sum-z maxima = 33 for decreasers, 36 for increasers) when 

compared to algal assemblages using TP (sum-z maxima = 72 for decreasers, 209 for 

increasers) and C:P (sum-z maxima = 74 for decreasers, 219 for increasers).  

We displayed individual taxa responses of algae to TP enrichment (Fig. 4.5a, 

4.5b), and benthic macroinvertebrates to periphyton C:P (Fig. 4.5c, 4.5d) because taxa in 

the two assemblages displayed evidence of synchronous responses to different measures 

of enrichment (algae taxa responses to C:P shown in Appendix C Fig. C.2, and 

macroinvertebrate taxa responses to TP shown in Appendix C, Fig C.3).  
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Figure 4.4. Changes in algal (a, top pane) and 
macroinvertebrate (b, bottom pane) assemblages across 
a periphyton tissue C:P gradient as identified by 
Threshold Indicator Taxa ANalysis (TITAN). Responses 
are split between taxa increasing (red, open point) and 
decreasing (blue, closed points) to periphyton resource 
quality. The bottom-most plot (continued) in each panel 
shows the filtered sum-z scores of significant indicator 
taxa, while the middle panes show the distribution of 
sum-z maxima as identified from 999 bootstrap 
replicates. Peaks in each distribution may be interpreted 
as evidence for a synchronous shift in assemblage 
composition. Candidate changepoint locations are 
displayed in the top panel, along with 95% confidence 
intervals around the changepoints. 
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Discussion 

We found large differences in the assemblage-level threshold responses of algae 

and macroinvertebrates to P enrichment that highlight the importance of quantifying the 

direct and indirect effects of enrichment. Algal taxa displayed synchronous changes to 

low increases in TP concentrations, while threshold changes of macroinvertebrate 

assemblages were best predicted by increased nutrient content of periphyton; the  

primary basal food resource in our study streams. The changes in periphyton nutrient 

content with enrichment was indicative of P rather than N limitation (Fig. 4.1, Fig C.1 

Appendix C) even though N and P generally covaried across study sites. Though 

macroinvertebrate assemblage responses were generally weaker than shifts in algal 

assemblage structure, our results indicate macroinvertebrate responses corresponded to 

non-linear changes in periphyton nutrient content at low levels (10-30 μg L-1) of TP 

enrichment. 

Algal assemblage-level thresholds occurred with modest increases over natural P 

concentrations (~10 μg L-1 TP as estimated by Stevenson et al. 2008), and were driven 

both by taxa sensitive to P enrichment (shifts occurring c. 20 μg L-1), and taxa able to  

exploit anthropogenic P subsidies (shifts occurring c. 16 μg L-1). TITAN effectively 

parsed species-specific responses to enrichment and detected threshold responses of taxa 

that are prominently featured in regionally tested biotic metrics (Justus et al. 2010), such 

as 5 species of Cymbella, a diatom intolerant of low to moderate nutrient enrichment 

(Fig. 4.5a). Diatom taxa both increasing and decreasing in response to P enrichment 

generally aligned with analysis by Potapova and Charles 2007 of National Water-Quality 

Assessment data (Appendix C, Table C.2), but identified numerous taxa that they did not 
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because TITAN is robust to floristic differences between regions (12 taxa decreasing and 

16 taxa increasing in response to P enrichment).  

Our results also highlight the need to consider non-diatom taxa in water-quality 

assessments using algae (Stancheva and Sheath 2016), as Cladophora glomerata was 

identified as a pure and reliable indicator taxon (IndVal score of 93.8) and formed large 

blooms that carpeted the benthos in many P enriched streams (site mean biovolumes 

ranged from 0 – 53,881 mm3 m-2). Cladophora is a nuisance green-alga present in the 

majority of streams and rivers around the world (Dodds 1991, Dodds and Gudder 1992), 

and can act as an ecosystem engineer under enriched conditions by dramatically altering 

habitat complexity and increasing the amount and type of substrate available for other 

algae (Zulkifly et al. 2013). Many of the taxa TITAN identified as increasing with P 

enrichment were eutraphentic species and known Cladophora epiphytes such as 

Cocconeis (4 species), Gomphonema (4 species), Rhoicosphenia (1 species), and 

Pseudulvella (1 species). The wide range in observed changepoints for increasing taxa 

(Fig. 4.5) are likely due to a combination of some taxa being released from nutrient 

limitation at different levels of P enrichment, and tolerant epiphytes expanding into new 

niches that accompany Cladophora blooms physically restructuring available substrate in 

the benthos.  

Though benthic macroinvertebrates provide a longer integrative proxy of in-

stream conditions that can cover weeks to years (Merritt et al. 2008), our results show 

that at low to moderate levels of enrichment (site TP ranged from c. 7 - 130 μg L-1), in- 

stream nutrient concentrations are poor at predicting assemblage-level shifts. 
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Figure 4.5. Significant indicator taxa as identified by Threshold Indicator Taxa ANalysis (TITAN) on 2-
year mean algal biovolumes across a gradient of total phosphorus (TP, μg L-1) enrichment. The 
distributions of individual taxa decreasing (a, blue) and increasing (b, red) with increasing TP represent the 
location and certainty of taxon changepoints generated from 1000 bootstrap replicates. Vertical black lines 
within the distribution represent the bootstrap median, with tighter density curves illustrating more 
certainty about taxon threshold responses to TP. The color gradients illustrate the magnitude of the 
response (z-score). Genus names are displayed, with species and variety names abbreviated for clarity 
(taxon codes and full species names in Appendix C). 
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There was some evidence of synchronous changes in macroinvertebrate response to 

periphyton nutrient content; most macroinvertebrates that became more effective 

competitors as a result of enriched periphyton C:P were primary consumers (> 90%, Fig. 

4.5d), while declining taxa were spread among functional groups representing a wider 

range of trophic status (1 shredder, 4 scrapers, and 6 predators). Evans-White and others 

(2009) found that threshold declines in macroinvertebrate biodiversity were dependent on 

feeding mode, with the strongest impacts occurring in primary consumers. Benthic 

periphyton is the dominant basal food resource in many wadeable, open-canopied 

streams, and enrichment of periphyton nutritional quality can alleviate the stoichiometric 

mis-match between nutrient-poor producers and consumers with higher N and P demands 

(Frost et al. 2002, 2005, Singer and Battin 2007). P subsidies likely played a large role in 

altering competition to favor small-bodied, rapidly-growing taxa that are normally 

constrained by their relatively P poor food (Sterner and Elser 2002, Cross et al. 2005, 

Back and King 2013). Our results indicate that small shifts in food quality can correspond 

to large, non-linear shifts in macroinvertebrate assemblage structure.  

Interestingly, we observed evidence that many macroinvertebrate taxa were 

released from P limitation at periphyton C:P that corresponded to TP concentrations of  

~ 25 μg L-1 (Fig. 4.1a, modeled relationship, Fig. 4.5d, taxa responses) even though 

macroinvertebrate response as predicted by TP alone occurred across a much wider range 

of enrichment. Therefore, multiple assemblages and mechanistic pathways should be 

assessed when developing nutrient criteria (Sundermann et al. 2015), as the bimodal 

response of the macroinvertebrate assemblages in response to TP would have spuriously 

suggested a P criterion at different concentrations than are supported by clear,  
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Figure 4.6. Significant indicator taxa as identified by Threshold Indicator Taxa ANalysis (TITAN) on 2-
year mean macroinvertebrate densities in response to periphyton nutrient content (tissue C:P). Note that the 
x-axis has been inverted so that enrichment is still represented by a left to right gradient. The distributions
of individual taxa decreasing (a, blue) and increasing (b, red) with increasing nutrient content represent the
location and certainty of taxon changepoints generated from 1000 bootstrap replicates. Vertical black lines
within the distribution represent the bootstrap median, with tighter density curves illustrating more
certainty about taxon threshold responses to TP. The color gradients illustrate the magnitude of the
response (z-score).
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assemblage-level shifts in periphytic algae. Further, higher TP criterion sometimes 

suggested as protective of higher trophic levels (i.e. > 30 μg L-1, Stevenson et al. 2008) 

may fail to prevent changes in assemblage structure that accompany changes in food 

nutrient content. The critical concentrations of P enrichment that corresponded to 

thresholds in algal assemblage structure support protective recommendations developed 

using similar methods in other regions (Smucker et al. 2013 in Connecticut streams, and 

Taylor et al. 2014 in Texas streams), which may indicate that maintaining P enrichment 

levels below c. 20 μg L-1 P may prevent precipitous changes in the structure of stream 

communities across ecosystems.  

Establishing where ecological thresholds exist should be prioritized in a variety of 

ecosystems because it is difficult to predict the deleterious shifts in ecosystem function 

that oftentimes accompany structural changes to the community (Dodds et al. 2010, King 

and Richardson 2003). Novel communities may represent an alternative ecosystem state 

and resist restoration efforts (i.e. alternative stable-state sensu May 1977, Scheffer and 

Carpenter 2003), so identifying community stressors and protecting ecosystems before 

thresholds are crossed is equally important. 
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CHAPTER FIVE 

Summary and Conclusions 

Summary of Chapter Contents 

Findings outlined in this dissertation demonstrate how eutrophication alters 

stream assemblages at both spatial and temporal scales. Benthic algal and 

macroinvertebrate seasonal patterns of succession were significantly altered by nutrient 

enrichment. Though species in both assemblages displayed threshold responses to 

enrichment, algae exhibited much stronger and more synchronous responses to 

enrichment at the assemblage-level than did macroinvertebrates.  

The findings from Chapter Two indicate that nutrient enrichment leads to more 

temporally homogenous assemblages at intra-annual time scales. Seasonal 

macroinvertebrate species lose the competitive advantage they receive by occupying 

particular temporal niches, which results in assemblages dominated by generalist taxa 

that exhibit little seasonal turnover. These results indicate that eutrophication alters 

temporal assembly patterns in species with highly advanced phenology.  

In Chapter Three I explored the mechanisms that govern the temporal 

maintenance of biodiversity in periphytic stream algae. Algal assemblages were 

characterized by seasonally-driven compensatory dynamics under natural nutrient 

regimes. Compensatory dynamics broke down at relatively low levels of total phosphorus 

enrichment (~ 25 μg L-1). More species were able to coexist at any given time, and the 

fitness of a subset of species was increased by enrichment which led to seasonal variation 
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characterized by synchronous swings in species biovolumes. I also observed much higher 

instability in assemblage biovolumes with declines in compensatory dynamics, which 

indicates that anthropogenic alteration of nutrient regimes can affect community stability 

by changing the dominant mode of seasonal succession. These findings provide insight 

about how nutrient enrichment impacts evolved drivers of species coexistence. 

Nutrient enrichment impacts different aquatic assemblages through unique 

mechanistic pathways. Assemblage-level threshold responses to nutrient enrichment, 

described in Chapter Four, were best predicted by measures of eutrophication that 

captures how nutrient enrichment acts on different assemblages. Periphytic algae can 

directly access the dissolved inorganic and organic nutrient pools, and algae displayed 

threshold responses to water column P concentrations. There was no evidence of a 

macroinvertebrate assemblage-level threshold when TP was the measure of enrichment 

used, but periphyton C:P was predictive of abrupt, non-linear shifts in macroinvertebrate 

assemblage structure. Algae and macroinvertebrates are the two most commonly used 

groups of organisms to assess biotic integrity, and the results presented in this chapter 

underscore the need to use multiple assemblages to garner a full understanding of nutrient 

enrichment on stream communities.   

Future Directions 

Chapter Two and Chapter Three add to a growing body of literature that indicates 

seasonal changes in abiotic condition are an important mechanism that maintains 

biodiversity in a variety of ecosystems (Steiner 2014, Tonkin et al. 2017). Most studies to 

date, including the studies in this dissertation, are concerned with structural patterns in 

community composition. The hope of many scientists is that maintaining biodiversity will 
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buffer ecosystems against current and coming environmental change (Cardinale et al. 

2012), and by extension preserve many of the valuable ecosystem services that humans 

hold dear. Spatial homogenization of biotic assemblages leads to declines in productivity 

and inefficient resource use (Loreau and Hector 2001, Zhang and Zhang 2006, Cardinale 

2011), and it is reasonable to assume that temporal homogenization has similar impacts. 

Considering the results of this Dissertation, and the fact that most assessments of 

biodiversity downplay intra-annual fluctuations in community composition, it is highly 

unlikely that simply maintaining typical measures of biodiversity (i.e. snap-shot 

measures) will provide the hoped-for buffer against environmental change. Much more 

research is needed to assess the seasonally dependent alterations to ecosystem function 

that accompany structural changes noted in this Dissertation. 

The assemblage-level thresholds covered in Chapter Four indicate that 

eutrophication has the potential to act uniquely on different assemblages based on trophic 

position and mechanism of action, and the second and third chapters indicate that nutrient 

enrichment disproportionately impacts seasonal specialists. A natural next step would be 

to examine how threshold responses in each assemblage change seasonally, as it is highly 

likely that there are important differences in the seasonality of tolerant and sensitive 

species to a variety of novel environmental gradients. For instance, if declining taxa are 

normally constrained to a narrow seasonal window, researchers are likely to 

underestimate the number of species sensitive to novel environments with typical 

sampling designs. 

Since Hubbell’s unified neutral theory of biodiversity (Hubbell 2001), there has 

been much discussion about the relative importance of niche and neutral mechanisms 
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governing the maintenance of biodiversity (Thompson and Townsend 2006, Adler et al. 

2007, Chase 2007). This Dissertation focused on niche-based rationale to explain the 

structural changes of algal and macroinvertebrate assemblages, but it is likely that neutral 

mechanisms play a role in temporal assembly patterns in stream communities. For 

instance, Chapter Three presents evidence that the compensatory dynamics at low levels 

of P enrichment are driven by seasonal fluctuations in temperature (a niche-based 

process), but temporal change in the community could also be due to stochastic 

colonization following small disturbance events. The tools available to parse the relative 

contribution of these two mechanisms are in their infancy (Tucker et al. 2016), and more 

research on which mechanisms are governing temporal β diversity are needed.  
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Chapter Two Supplementary Material 

Figure A.1. Locations of sampling sites in the Illinois R. drainage basin and surrounding areas spanning 
the border of Oklahoma and Arkansas (USA, 1:750,000 Landsat shaded basemap, USGS), with points 
continuously scaled to 2 y mean total phosphorus concentration (μg L-1). 

Figure A.2. Site richness (left pane), cumulative site richness (middle pane), and βt calculated as 
cumulative site richness/mean site richness (right pane) displayed across mean total phosphorus (TP) 
concentrations. Each black point (left pane) represents the number of taxa recorded at each site visit, 
whereas the red overlays denote the mean richness and TP for each site across all 12 sampling events. 
Dotted lines represent significant relationships from GLM regressions, with mean site richness displaying a 
weak but positive relationships with TP (p = 0.03), and βt(Richness) declining as TP increases (p = 0.003). 
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Table A.1. Summary of results from generalized linear models (GLMs) relating both βt (Shannon) and βt 
(MVD) measures of temporal beta diversity (βt) to two measures of eutrophication (Chlorophyll-a; Chl-a 

and total phosphorus; TP) with covariates. Models are grouped first between response variable (i.e. 
measure of βt), then by measure of eutrophy (TP and Chl-a were correlated, and for this reason evaluated in 

separate models). Models were selected using AICc and deviance explained (%), and are ordered by 
increasing AICc values within groups, so that the model with the lowest AICc score is at the top of each 

grouping. Covariates that remained after model selection included temperature variability (°C IQR, 
interquartile range), mean total macroinvertebrate biomass (g m-2), and mean snail biomass (g m-2). 
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Table A.2. Summary environmental and biotic data collected at 34 study sites in the Illinois River drainage basin and surrounding area every-
other-month from June 2014 to April 2016 (12 sampling events). One site was exposed to untreated wastewater during the study and was 

excluded from analysis. All means are presented with standard deviation in parentheses. Temporal habitat heterogeneity is a unitless measure. 
Scouring was the number of times we sampled within 10 d of a discharge event exceeding five times median base flow. Temperature 

variability (IQR) is the interquartile range of water temperature observed at each site over all sampling events. βt (Richness) was calculated as 
mean site richness/cumulative site richness. βt (Shannon) and βt (MVD) incorporate abundance information, and are the exponentiated 

Shannon diversity index (Shannon), and multivariate dispersion (MVD) around group centroids, respectively. 
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Table A.2. Continued. 
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Additional Supporting Information 

A list of macroinvertebrate taxa, as well as the sources used to construct length-

mass regression for biomass estimates can be found in the online version of this article at 

http://onlinelibrary.wiley.com/doi/10.1002/ecy.2069/suppinfo. 

Data Accessibility 

Macroinvertebrate data associated with this study are available from the Dryad 

Digital Repository: https://doi.org/10.5061/dryad.3r44n 

http://onlinelibrary.wiley.com/doi/10.1002/ecy.2069/suppinfo
https://doi.org/10.5061/dryad.3r44n
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Chapter Three Supplementary Material 

Figure B.1. Total phosphorus (TP, μg L-1) concentrations of study sites ranked by increasing mean TP over 
the 2 year study, which increased roughly log-linearly. Points denote site means, while the darker inner bars 
and lighter outer bars signify the 95% confidence interval and the range of TP concentrations observed 
during the study, respectively. 
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Table B.1. Summary results from environmental vector fitting to NMDS ordinations (NMDS 
axis 1 and 2) of stream algae using three measures of spatiotemporal dissimilarity. 
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Figure B.2. Third NMDS axis displayed against NMDS axis 1 showing spatiotemporal dissimilarity in 
community structure across 35 streams and 2 years constructed from pair-wise dissimilarity measures of 
βTOT (total β-diversity, left column, stress = 0.13), βBAL (measuring compensatory dynamics, center column, 
stress = 0.18), and βGRA (measuring abundance-gradients, right column, stress = 0.22). Points are colored by 
low total phosphorus (TP, green triangles) and high TP (orange circles) sites as determined by changepoint 
analysis. Top panel arrows display significant (p < 0.001) environmental vectors predictive of 
spatiotemporal structure in community composition. 
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Chapter Four Supplementary Materials 

Figure C.1. Periphyton tissue C:P, C:N, and N:P all declined in response to total nitrogen (TN, log-scale) 
concentrations. GAM smoothers indicated that TN was predictive of C:P (p < 0.001, deviance explained = 
73.4%) and N:P (p < 0.001, dev. exp.  = 68.5%) content of periphyton, but explained less deviation in the 
response of periphyton C:N (p < 0.001, deviance explained = 48.0%). 



86 
 

 
Table C.1. Summary results from environmental vector fitting to NMDS 

ordinations of periphytic algae and benthic macroinvertebrates using Bray-Curtis 
dissimilarity as the distance measure. 
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Figure C.2. Significant indicator taxa as identified by Threshold Indicator Taxa ANalysis (TITAN) on 2-
year mean algal biovolumes across a gradient periphyton nutrient content as measured by the ratio of tissue 
carbon to phosphorus (C:P) The distributions of individual taxa decreasing (a, blue) and increasing (b, red) 
with increasing enrichment represent the location and certainty of taxon changepoints generated from 1000 
bootstrap replicates. Vertical black lines within the distribution represent the bootstrap median, with tighter 
density curves illustrating more certainty about taxon threshold responses to C:P. The color gradients 
illustrate the magnitude of the response (z-score). Taxon codes are displayed (taxon codes and full species 
names in Appendix C, Table C.2). 
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Figure C.3. Significant indicator taxa as identified by Threshold Indicator Taxa ANalysis (TITAN) on 2-
year mean macroinvertebrate abundances across a gradient of total phosphorus (TP, μg L-1) enrichment. 
The distributions of individual taxa decreasing (a, blue) and increasing (b, red) with increasing TP represent 
the location and certainty of taxon changepoints generated from 1000 bootstrap replicates. Vertical black 
lines within the distribution represent the bootstrap median, with tighter density curves illustrating more 
certainty about taxon threshold responses to TP. The color gradients illustrate the magnitude of the 
response (z-score). 
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Table C.2. Summary of pure and reliable algal taxa as identified by Threshold Indicator Taxa ANalysis (TITAN) 
responding to total phosphorus enrichment, and comparison of these taxa to analysis by Potapova and Charles (2007). 
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Table C.2. (continued) 
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Table C.2. (continued) 
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